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ABSTRACT 

Aerobic granular sludge (AGS) technology is a next-generation technology for the 

biological treatment of wastewater. The advantages of AGS in terms of small footprint, low 

operation and capital cost and high effluent quality makes it a strong candidate for replacing 

conventional biological wastewater treatment based on activated sludge (CAS) process, and 

potentially become the standard for biological wastewater treatment in the future.  

Saline wastewater is generated from many industrial processes as well as from the use of 

sea water as a secondary quality water for non-potable use such as toilet flushing to mitigate 

shortage of fresh water in some coastal cities. Salt is known to inhibit biological wastewater 

treatment processes in terms of organic and nutrient removal. In the first part of my dissertation, 

I conducted three lab-scale experiments to 1) evaluate the effect of salt on granulation and 

nutrient removal in AGS (330 days); 2) develop engineering strategies to mitigate the adverse 

effect of salt on nutrient removal of AGS (164 days); and 3) compare the effect of salt on the 

stoichiometry and kinetics of different phosphate accumulating organisms (PAO) clades (PAOI 

and PAOII) and to determine the effect of potassium and sodium ions on the activities of 

different PAO clades (225 days).  

Like other artificial microbial ecosystems (e.g. CAS plant and anaerobic digester), a firm 

understanding of the microbial ecology of AGS system is essential for process design and 

optimization. The second part of my dissertation reported the first microbial ecology study of a 

full-scale AGS plant with the aim of addressing the role of regional (i.e. immigration) versus 

local factors in shaping the microbial community assembly of different-sized microbial 

aggregates in AGS. The microbial communities in a full-scale AGS plant in Garmerwolde, The 
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Netherlands, was characterized periodically over 180 days using Illumina sequencing of 16S 

ribosomal RNA amplicons of the V3-V4 regions.  

Overall, the discovery of this PhD study sheds light on the application of AGS for the 

treatment of saline wastewater and deepens our understanding on the microbial ecology of AGS 

systems, which is essential for process design and optimization. 
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1.1 Conventional activated sludge (CAS) process 

1.1.1 Wastewater treatment by CAS process 

In the past century, the natural water cycle has been affected drastically by human 

intervention. Due to population growth, there is an increasing demand on freshwater for different 

types of activities including industrial, agricultural and residential. Almost all these activities 

lead to the generation of wastewater. To avoid the contamination of surface waters and potential 

spreading of diseases, pollutants in wastewater should be removed before being discharged into 

the environment. Activated sludge was first described by Adern and Locket (1914). They were 

the first to use the term ‘activated sludge’ to describe the treatment of wastewater by 

microorganisms growing in flocs that are eventually separated from the liquid by settling. With 

development during the past century, activated sludge process has been the most important 

component of modern sanitation systems used in wastewater treatment (Metcalf et al., 2003). 

Nowadays, more than 90% of domestic sewage and 50% of industrial wastewater are treated by 

activated sludge process (Seviour and Nielsen, 2010).  

In conventional activated sludge (CAS) process, removal of pollutants such as organic 

matter and inorganic nutrients in wastewater is catalyzed by different microorganisms present 

in flocs. Suitable environmental conditions need to be created for promoting the growth of 

specific bacterial species. For example, in the Anaerobic-Anoxic-Aerobic (A2O) configuration 

(Figure 1.1), the original wastewater or effluent from primary clarifiers and the returned sludge 

from secondary clarifiers are mixed together in the anaerobic compartments where readily 

biodegradable chemical oxygen demand (COD) (mainly volatile fatty acids (VFA)) are up-

taken by polyphosphate and glycogen accumulating organisms (PAO, GAO) and converted into 
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intracellularly stored polymers (such as poly-β-hydroxyalkanoates (PHA) and glycogen). 

Besides this, the COD present in the form of suspended and colloidal solids should be 

hydrolyzed first before it becomes available for the bacteria. Since hydrolysis is a relatively 

slow process, not all the solids are converted in the anaerobic compartment and are thus passed 

on to the anoxic and/or aerobic compartment. The anoxic compartment is designed for 

denitrification. The mixed liquor containing high nitrate concentrations is recycled from the 

aerobic compartment via pumps. Storage polymers in PAOs and GAOs as well as COD from 

the anaerobic compartment serve as the electron donor for denitrification in the anoxic 

compartment. In the aerobic compartment, ammonium is oxidized by ammonium oxidizing 

bacteria (AOB) to nitrite, which is further oxidized by nitrite oxidizing bacteria (NOB) to 

nitrate. PAO use their internal storage polymers to generate energy for the uptake of 

phosphorus, which is intracellularly stored as poly-phosphate. The remaining biodegradable 

COD is further degraded in the aerobic compartment. Finally, the treated wastewater is 

separated from the flocculent biomass in secondary clarifiers, which occupy a large surface 

area. Flocs settle to the bottom of clarifiers and clear effluent is discharged into receiving water 

bodies. Most of the settled sludge is recycled back to the anaerobic compartment to maintain a 

correct biomass concentration (usually 3-4 g/L) in the system, and some of the settled sludge is 

intentionally wasted (referred to as surplus sludge).  
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Fig. 1.1. Configuration of CAS process (A2O) (ANA, anaerobic; ANX, anoxic; AER, aerobic; 

1, influent wastewater; 2, pump; 3, mechanical mixer; 4, anaerobic compartment; 5, anoxic 

compartment; 6, aerobic compartment; 7, air compressor; 8, air diffuser; 9, nitrate recycle; 10 

returned sludge; 11, secondary clarifier; 12, effluent; 13 surplus sludge; 14, on-line parameter 

detector; 15, controller).  

1.1.2 Bottlenecks of CAS process 

Although CAS process has been widely used for the treatment of sewage for decades, there 

are several bottlenecks. The CAS process usually acquires large footprint since the biomass 

concentration is relatively low (typically 3-4 g/L). Although the biomass concentration can vary 

greatly between installations (de Kreuk and van Loosdrecht, 2004), for most CAS plants, 

enforcing higher biomass concentrations demands an increase in the area of the secondary 

clarifiers, which are designed according to the sludge volume index (SVI) in relation to the 

expected hydraulic load under rain weather conditions (peak flow). In addition, an increase in 
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biomass concentration would lead to a decrease in the oxygen transfer efficiency (Krampe and 

Krauth, 2003). Therefore, achieving higher biomass concentrations is not feasible.  

With the population increasing in metropolitan areas, more wastewater is being generated in 

these relatively dense areas. Moreover, effluent discharge limits have become more stringent in 

the last decades. Thus, existing wastewater treatment plants (WWTPs) based on CAS process 

have to extend significantly or new WWTPs have to be built to accommodate both the increase 

in wastewater flow and the stricter discharge limits. However, available space within the 

metropolitan areas are limited. Also, the construction of large pressure mains through a 

metropolitan area to a new WWTP is very expensive. Besides the drawback of large surface area 

requirement, CAS process often suffers from solid-liquid separation problems such as 

filamentous bulking leading to a decrease in effluent quality and even complete failure of the 

process (Guo et al., 2012). Filamentous bulking can be induced by numerous environmental and 

operational conditions such as low dissolved oxygen (DO), low or high organic loading rates, 

low temperature, low pH and imbalance of nutrients (Jenkins et al., 2004), which makes it an 

everlasting challenge for environmental engineers. Obviously, there is a need to develop 

alternative ways to achieve higher biomass concentrations and thus compact WWTPs.  

Most compact technologies try to prevent the usage of settlling tanks (e.g. membrane 

bioreactors (MBR)) or take advantage of biofilms (e.g. moving bed biofilm reactors (MBBR)) to 

avoid the interference of filamentous bulking. In MBR, activated sludge is separated from the 

treated wastewater using micro- or ultra- filtration membranes. Therefore, high biomass 

concentration (up to 30 g/L) can be maintained in the MBRs. Besides, MBRs offer several 

advantages over CAS processes such as better effluent quality, small footprint and less sludge 

production. However, membrane fouling leads to increase in operational (frequent 
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chemical/physical cleaning of the membranes) and capital costs (replacement of membrane 

modules in case of irreversible fouling), thus limiting its application in the treatment of sewage. 

MBBR is another example of a compact technology that occupies less surface area and makes 

use of biofilm kinetics (Odegaard et al., 1994). A carrier material is required for biofilm 

attachment and growth. To keep the carriers in the reactor a sieve of some sort is needed to 

separate the carriers from the effluent. Aeration is used to provide oxygen and to keep the 

carriers moving throughout the reactor. A mechanical stirrer is generally used to obtain anoxic 

and anaerobic conditions. Although biofilms develop on the carriers, a significant fraction of the 

biomass is present in suspension. Thus, an external settler is required to separate suspended 

biomass from the effluent to obtain the required effluent quality. Although this technology makes 

use of biofilms, this necessity of large settlers is a severe drawback. 

1.2 Aerobic granular sludge (AGS) process 

1.2.1 Origin of AGS and its stability 

Instead of increasing the biomass concentration by means of MBR (more energy input) or 

MBBR by adding carrier materials, another possible option is to form bio-granules from 

flocculant sludge so that the settling velocity as well as the biomass concentration are increased. 

This allows for the integration of the settler into the treatment reactor, thus leading to a compact 

reactor design.  

In the 70s of last century, anaerobic biogranulation was initiated by Professor Lettinga in 

upflow anaerobic sludge blanket (UASB) reactors (Lettinga and Pol, 1986), where organic 

matter first undergoes hydrolysis followed by acidogenesis, acetogenesis, and methanogenesis. 

The complex process in anaerobic granules requires the coordinated interactions between four 
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microbial groups (hydrolyzing organisms, acidogens, acetogens and methanogens) for 

converting organic material to CO2 and CH4. It was thought that the complex microbial 

community structure required to convert substrates anaerobically drove the formation of the 

granules. The feasibility and efficiency of UASB reactors and their various modifications (e.g., 

the internal circulation (IC) reactor and extended granular sludge bed (EGSB) reactor) for 

removing biodegradable organic matter from municipal and industrial wastewater have been 

successfully demonstrated (Pereboom and Vereijken, 1994; Seghezzo et al., 1998). 

While anaerobic wastewater treatment has benefited from the densely packed granules 

offering maximal microorganisms-to-space ratio and excellent settling properties for decades, the 

implementation of this technology to achieve stable granules under aerobic conditions for the 

treatment of domestic and industrial wastewater was still lacking in the early 1990s since 

researchers believed that aerobic conversion of organic matter is much easier than anaerobic 

conversion since syntrophic interactions between species is not required and would thus not lead 

to granulation. In the mid-1990s. Prof. Mark van Loosdrecht pointed out that increased surface 

loading rate, decreased shear force and increased potential growth rate of the microbial 

population all lead to thicker, less dense and more porous biofilms/granules based on 

experiments in existing biofilm systems such as EGSB reactors, IC reactors and biofilm airlift 

systems (van Loosdrecht et al., 1995). Based on this concept, aerobic granules without carrier 

materials were successfully developed in aerobically fed sequencing batch reactors (SBR) by 

applying a very short settling time of 1-3 min in combination with a high shear force (Beun et al., 

1999; Beun et al., 2002; Heijnen and van Loosdrecht, 1998; Tay et al., 2001). In 1998, an 

international patent on aerobic granulation method was submitted and granted (Heijnen and van 

Loosdrecht, 1998). Fast settling granules could remain in the system while slow settling flocs 
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were washed out. The high shear force was crucial in maintaining stable granules. It is often 

achieved by high aeration intensity, thus increasing the energy cost. Mosquera-Corral and his 

colleagues (Mosquera-Corral et al., 2005) demonstrated that the aerobic feeding strategy used in 

combination with a low dissolved oxygen concentration (≤ 40 %) led to filamentous growth and 

loss of granule stability. The stability of aerobic granular sludge under low oxygen 

concentrations is vital for the success of this technology in practice. A low DO concentration 

does not only lead to a more efficient nitrogen removal, but also results in improvement in 

process economy for full-scale utilization. To achieve stable granules under low DO 

concentration, influent wastewater should be fed to the reactor anaerobically instead of 

aerobically followed by aeration phase (de Kreuk and van Loosdrecht, 2004). During the 

anaerobic feeding phase, readily biodegradable COD is converted into storage polymers yielding 

an overall lower aerobic growth rate of the heterotrophic bacteria, and which results in dense 

biofilm growth (van Loosdrecht et al., 1995; van Loosdrecht et al., 2005). In this case, fast 

heterotrophic growth that might lead to filamentous outgrowth and granule instability in 

aerobically pulse fed SBR systems is avoided. In addition to maintaining granule stability under 

low DO concentration, the anaerobic/aerobic cycle provides an ideal condition for simultaneous 

COD, nitrogen and phosphorus removal (de Kreuk et al., 2005). The aforementioned patent 

submitted/granted in 1998 (Heijnen and Van Loosdrecht, 1998) was modified in 2004 to include 

the description of anaerobic feeding (de Kreuk et al., 2007). 

1.2.2 Comparison of AGS process and CAS process  

It is worth noting that AGS and CAS process have comparable functionalities in terms of 

COD, nitrogen and phosphorus removal and the conversions processes (e.g. nitrification, 
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denitrification, phosphate uptake) are quite similar. Nevertheless, aerobic granules and activated 

sludge have clear differences in settling velocity, structure, shape, and substrate availability, 

which are summarized in Table 1.1.  

Table 1.1. Different sludge characteristics between AGS and CAS 

Characteristics CAS AGS Reference 

Settling velocity 0.8-1.4 m/h 10-70 m/h (Winkler et al., 2012) 

Biomass concentration 3-4 g/L 8-15 g/L (de Kreuk and van 

Loosdrecht, 2004) 

Shape Flocculant (equivalent 

diameter < 0.2 mm) 

Granular (equivalent 

diameter ≥ 0.2 mm) 

(de Kreuk et al., 

2007) 

Structure Uniform Layered (Nitrifiers are 

located in the oxygen 

penetrated outer layer, 

denitrifiers and PAOs are 

located in the inner anoxic 

layers) 

(Winkler et al., 2013) 

Substrate availability All bacteria are 

equally subjected to 

substrate 

concentrations 

Higher substrate 

concentrations during 

anaerobic feeding in the 

bottom of the reactor where 

the granules containing 

relatively high abundance 

of PAOs are located 

(Winkler et al., 2011; 

Winkler et al., 2013) 

Content of alginate-like 

exopolysaccharides 

72 ± 6 mg/g (VSS 

ratio) 

160 ± 4 mg/g (VSS ratio) (Lin et al., 2013) 

 

As mentioned earlier, the higher settling velocity and biomass concentration enables the 

design of compact WWTPs, which reduce the footprint and the direct plant costs (i.e. CAPEX). 

The large-sized granule shape provides some typical advantages of biofilm such as resistant to 

toxic compounds and harsh environments (i.e. temperature, salinity etc.) (Pronk, 2016). The 

aerobic outer layer and anoxic/anaerobic core structure induced by oxygen diffusion limitation 

creates micro-niches for different functional groups such AOB, NOB, PAO and GAO (Fig. 1.2). 

Therefore, simultaneous nitrification, denitrification and phosphorus removal can be achieved in 
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one tank by adjusting the DO concentration. Thus, mechanical stirring and recycling are not 

needed resulting in reduction of operation & maintenance costs (i.e. OPEX). Taken together, 

AGS process can save up to three quarters of footprints and 60% of total expenditure (TOTEX) 

compared with CAS process (Pronk et al., 2015c). In addition, there is a potential to extract 

alginate-like exopolysaccharides (ALE) from the excess sludge of AGS process. ALE is a high 

commercial value product which could be used in the chemical sector, textile and paper 

industries, as well as a soil enhancer to improve water retention in semi-arid areas or as a brick 

additive (van Loosdrecht and Brdjanovic, 2014).   

 

Fig. 1.2. Structural and functional difference of A) a conventional sludge floc and B) aerobic 

granular sludge (Source: Winkler (2012)) 

1.2.3 Practical Application  

The AGS process has been scaled up and engineered by the Royal HaskoningDHV and has 

been commercially branded as the Nereda® technology. In 2009, the first full-scale AGS plant 
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with the average capacity of 5000 m
3
/day was started up in Gansbaai, South Africa. In 2010, the 

first Dutch full-scale AGS reactor treating domestic (65%) and industrial (35%) (slaughterhouses) 

wastewater was constructed in Epe, The Netherlands. In 2013, the first AGS plant serving more 

than 100,000 p.e. was built in Garmerwolde, The Netherlands alongside an existing two-stage 

activated sludge system for upgrading the WWTP to meet the growing needs of the region. It 

was demonstrated that this technology could save three quarters of footprint and up to 60% of 

capital and operation costs, with effluent quality comparable or even better than conventional 

activated sludge process (Pronk et al., 2015c). The start-up and long-term operational 

performance, granulation, energy usage and special design considerations of this plant can be 

found in Pronk et al. (2015c). In the 2016 Olympic Games, Deodoro WWTP, the largest 

Nereda® plant so far in the world, (1st phase: 64,800 m
3
/day; 2nd phase: 86,400 m

3
/day) was 

built in the Olympic Games hosted by Rio de Janeiro, Brazil. Till now, more than 30 full-scale 

Nereda® WWTPs are currently in operation, under construction or in design worldwide (Fig. 

1.3). Most of them were used/designed for the treatment of municipal wastewater while only 4 

were designed for the treatment of industrial wastewater (all generated from food industry).  
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Figure.1.3. Nereda® wastewater treatment plants in the world (1 in Australia, 7 in Brazil, 1 in 

Hong Kong, 5 in Ireland, 1 in Poland, 2 in Portugal, 3 in South Africa, 1 in Sweden, 2 in 

Switzerland, 11 in The Netherlands, 2 in United Kingdom (source: 

https://www.royalhaskoningdhv.com/en-gb/nereda/nereda-wastewater-treatment-plants) 

 

The operational mode (cycle arrangement) in full-scale plants differs from those applied in 

lab-scale systems. Nonetheless, they are based on the same principle. The cycle in lab-scale 

reactors consists of 4 phases: anaerobic feeding, aeration, settling and decanting in sequence. A 

very short settling time is usually applied to select for faster settling biomass. The slower settling 

biomass is simultaneously drawn from the reactor with the effluent. The high settling pressure 

together with the anaerobic feeding, drive the aerobic granulation process. In full-scale plants, 

wastewater is fed from the bottom of the reactor while simultaneously the effluent being pushed 

out of the top of the reactor via a network of drainage gutters. The simultaneous feeding and 

effluent discharging saves valuable time that is needed for biological conversions. Unlike the 

washout of slower settling biomass with the effluent in lab-scale reactors, it is intentionally 

wasted through the excess sludge discharging pipes in full-scale plants to meet the limit of 

effluent suspend solids.   

1.3 Treatment of saline wastewater by AGS  

1.3.1 Generation of saline wastewater 

Numerous industrial wastewaters, like those generated from food processing, pickling, 

pharmaceuticals and petrochemical industries can contain significant amounts of inorganic 

dissolved salts (Lefebvre and Moletta, 2006). The use of saline (sea and brackish) water as 

https://www.royalhaskoningdhv.com/en-gb/nereda/nereda-wastewater-treatment-plants
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secondary quality water for flushing toilets or cooling in urban areas located at coastal zones (up 

to 30% of the fresh water used by households can be replaced by saline water for toilet flushing) 

(Mayer et al., 1999) contributes to high salt concentration in municipal wastewater treatment 

plants. Furthermore, sprinkling of salt on the roads to prevent ice formation and thereby 

mitigating slip hazards during winter time, will lead to an increase of salinity in storm water, 

which is often collected in combined sewerage systems (Welles, 2015). Finally, the intrusion of 

saline water, such as brackish ground water or seawater during high tides, into the sewerage 

systems leads to increased salinity levels in wastewater (Pronk et al., 2014).  

1.3.2 Fundamentals of halophilism 

Treatment of saline wastewaters relies on the activities of salt-tolerant microorganisms 

which can tolerate salt induced stress such as osmotic pressure, ionic strength (Galinski and 

Trüper, 1994; Roeßler and Müller, 2001; Sleator and Hill, 2002) and large concentration 

gradients of different types of ions (Castle et al., 1986). Two fundamentally different osmo-

adaptation strategies exit in the microbial world that enable microorganisms to cope with 

osmotic stress: the 'salt in' strategy and the 'compatible solute' strategy (Oren, 1999). Both 

mechanisms require energy, thus other activities such as biomass growth, nitrification, and 

phosphate uptake may decrease due to energy limitation. With the 'salt in' strategy, cells maintain 

osmotic equilibrium at high salinity by importing large amounts of potassium chloride (KCl) into 

the cytoplasm. In order to survive the high intracellular salt concentration, all intracellular 

systems (e.g. enzymes) should then be adapted to the ionic strength. Organisms employing the 

'salt in' strategy can only adapt to changes in the salinity concentrations within a narrow range of 

salinity levels (Galinski and Trüper, 1994). Microbial groups that use the 'salt in cytoplasm' 
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strategy are the halobacteria (Archaea), eubacterial fermenting and/or acetogenic anaerobes 

(Oren, 1991; Zhilina and Zavarzin, 1990) and sulfate reducers (Ollivier et al., 1991). With the 

'compatible solute' strategy, cells maintain osmotic equilibrium by producing or importing small 

organic molecules called 'compatible solutes' or 'osmolytes' and their subsequent accumulation. 

Microorganisms that use the 'compatible solute' strategy only have their exterior exposed to the 

high ionic strength and need to adapt their membrane lipids (Galinski and Trüper, 1994). 

Extensive structural adaptations of the cell’s interior are not needed to survive under saline 

conditions. Thus the 'compatible solute' strategy is a more efficient way which allows 

microorganisms to survive at a wide range of salinities simply by adjusting the intracellular 

solute concentration. This adjustment is ensured by constant sensing and response. Potassium 

(K
+
) is an important signaling ion that triggers the production/accumulation of ‘compatible 

solutes’ (Roeßler and Müller, 2001). The 'compatible solute' type for osmo-adaptation is widely 

spread and observed in all three domains of life (Bohnert et al., 1995; Kempf and Bremer, 1995; 

Roberts, 2000). High concentration gradients of different ions may lead to leakage of ions over 

the membrane of the cells. Once ions enter the cell, they will need to be expelled from the 

intracellular environment as they may interfere with metabolic processes in different ways. 

Therefore, cells will have to export ions against their concentration gradient at the expense of 

energy (Castle et al., 1986).  

1.3.3 Effect of salt on AGS  

A wide range of salt concentrations (2-80 g/L NaCl) has been tested in AGS (Table 1.2.). In 

general, high salinity tends to stimulate extracellular polymeric substances (EPS) secretion 

(Corsino et al., 2016; Wan et al., 2014; Wang et al., 2015). Also, in most of the cases where 
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reactors were seeded with flocculent sludge, granules were irregularly shaped and not smooth 

compared to reactors seeded with mature granules (Figueroa et al., 2008; Taheri et al., 2012; van 

den Akker et al., 2015). Organic carbon and ammonium removal efficiencies were kept high, but 

nitrite accumulation was observed in many studies (Bassin et al., 2011; Corsino et al., 2016; 

Figueroa et al., 2008; Pronk et al., 2014; Taheri et al., 2012; van den Akker et al., 2015; Wan et 

al., 2014,; Wang et al., 2015). The effect of salt on phosphorus removal was less studied. Bassin 

et al. (2011) showed that PAOs gradually disappeared from the sludge at high salt concentrations 

(22 and 33 NaCl g/L). Pronk et al. (2014) reported that in the absence of nitrite, bio-P removal 

was not much affected at salt concentrations up to 22 g/L NaCl, but was significantly inhibited at 

salt concentrations of 33 g/L NaCl.  

All the aforementioned studies were conducted at high dissolved oxygen (DO) conditions 

(almost saturation level). However, exploring the effect of salt on AGS at moderate DO level is 

more realistic from a practical point of view. In addition, studies on the effect of salt on nutrient 

removal in AGS were often conducted in systems seeded with mature granules (Bassin et al., 

2011; Pronk et al., 2014; Wan et al., 2014; Wang et al., 2015; Corsino et al., 2016). Therefore, it 

is tempting to see if comparable effect of salt on AGS in terms of aerobic granulation and 

nutrient removal can be achieved at moderate DO level and in systems seeded with flocculent 

sludge.  

In addition, as mentioned in 1.3.2, when the salt concentration increases, microorganisms 

need to balance the osmotic pressure, change the enzymes and membrane lipids and maintain 

concentration gradient. These processes will likely require adaptation and possibly select for 

specific salt-tolerant species/clades. Gradually increasing the salt concentration has been proven 

as an effective way for the adaptation of nitrifiers in flocculent sludge system (Bassin et al., 
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2012). However, the effectiveness of this strategy on the nitrifiers activities in AGS systems has 

not been addressed. Both AOB and NOB contain halophilic or halotolerant species/sublineages 

(Koops and Pommerening-Röser, 2001; Moussa et al., 2006) while the salnity tolerance of 

different PAO clades have not been comparatively studied. 

Moreover, most saline wastewater will probably have an ionic composition that is similar to 

that of seawater (see 1.3.1, (Welles, 2015)). The main constituents of seawater are sodium and 

chloride ions, but seawater also contains other ions such as sulphate, magnesium, calcium, 

potassium and others. The composition of ions may also affect tolerance to salinity. In particular, 

the potassium/sodium ratio may affect the salinity tolerance of bacteria as K
+
 serves as a 

signalling ion to trigger osmo-adaptation processes (Roesler et al., 2001). Potassium also serves 

as a counterion of poly-P in PAO activities. It is transported along with phosphate over the 

membrane during the anaerobic and aerobic phase. Unfortunately, in most previous studies, 

salinity is simply presented as NaCl (g/L or w/v %) without considering the composition of ions. 

Therefore, studies on the salt-tolerance of microorganisms especially PAOs at different 

concentrations of K
+
 are highly needed.  
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Table 1.2  Reported results in literature on the impact of salt on AGS process  

Salinity 

(g/L NaCl) 

DO 

(mg/L) 

Seed Feeda Granulation 

speed 

Granule characteristics Removal Ref.b 

Form Adapted 
Size 

(mm) 

Other main features (morphology, 

compactness, EPS, etc.) 
C N P 

10, 25, 50 n.c.c Floc 

 

No SW  Grow faster 

under higher 
salinity 

0.4-0.6  Larger, smoother, more regular and 

more compact, at higher salinity; 
filaments dominated at salinity of 50 g/L 

NaCl. 

n.m.c n.m. n.m. 1 

11-15 

 

6.5-8.0 Floc No IW Mature granules 

formed after 75 d 

2.2 (75 d) 

3.4 (200 d) 

Irregular morphology; high abundance 

of filaments 

90-95% 

(TOC) 

Nitrite accumulated; TN 

removal: 20-45% 

n.m. 2 

2-10 

 

2-5 Floc No SW Early granules 

shown in 20 d 

n.m. Light brown granules with regular and 

smooth surface shift to irregular black 
granules at salinity of 5-10 g/L NaCl 

> 90% 

(COD) 

n.m. n.m. 3 

11, 22, 33 

 

7.5-8.5 Granule Nod SW n.a.c decreased from 

1.7mm to 1.1mm 
at 33 g/L NaCl 

Acidic polysaccharides were 

surrounding the individual celles, which 
indicate a weaker gel structure, at higher 

salinity 

100% 

(acetate) 

Complete NH4
+-N removal at 

33 g/L NaCl; NOB were 
severely inhibited at increasing 

salt concentrations. 

P removal was inhibited 

by both nitrite and salt; in 
absence of nitrite, 

inhibition was only 

occurred at 33 g/L NaCl 

4,5 

15, 30, 50 7 Granule No SW n.a. decreased from 

4.5-3.5mm to 2.5-
3.5mm with the 

increase of salinity 

Higher strength and more compact at  

high salinity; total EPS increased from  
190 mg/gVSS in seed biomass to 210 

mg/gVSS at 50 g/L NaCl 

> 85% 

(COD) 

NH4+-N removal: 90%; nearly 

100% nitrite accumulation 

n.m. 6 

5.5-6.0 

 

1-5 Floc Yes DW Complete 

granulation 

took 100 d 

2-3 Irregular shape and unsmooth surface 98% 

(BOD5) 

NH4+-N removal: 98%; 

TN removal: 86%; 

nitrite accumulated 

P removal: 50% (due to 

nitrite inhibition) 

7 

10-80 g/L n.c. Granule No SW n.a. n.m. Filaments became dominant on granular 
surface at salinity of 80 g/L NaCl; the 

amount of EPS (both protein and 

polysaccharide) increased at increasing 
salinity 

25%e 

(COD) 
NH4+-N removal: 21%e; nitrite 
and nitrate were removed via 

simultaneous denitrification 

 

n.m. 8 

30, 38, 50, 75 

 

n.c. Granule Yes IW n.a. 1.9-2.2 The amount of protein in EPS increased 

at increasing salinity; granule became 
irregular and dark; dense enough at the 

high salinity  

> 90% 

(BOD or 
COD) 

Complete nitrification and 

denitrification via nitrite was 
achieved at 50 g/L NaCl; 

ammonium oxidation was 

inhibited at 75 g/L NaCl 

n.m. 9 

a
 SW = Synthetic wastewater ; IW = Industrial wastewater (fish canning effluent); DW = Domestic wastewater. 

b
 1 = Li and Wang, 2008; 2 = Figueroa et al., 2008; 3 = Taheri et al., 2012; 4 = Bassin et al., 2011; 5 = Pronk et al., 2014; 6 = Wan et al., 2014; 

7 = van den Akker et al., 2015; 8 = Wang et al., 2015; 9 = Corsino et al., 2016. 
c
 n.c. = not controlled; n.m. = not mentioned; n.a. = not applicable. 

d
 The reactor was operated at 11 g/L NaCl for more than 300 d before increasing the salinity to 22 g/L NaCl. 

e
 Removal efficiency at salinity of 80 g/L NaCl. 
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1.4 Microbial ecology of AGS  

1.4.1 Community structure 

Like other artificial microbial ecosystems such as the CAS process and anaerobic digester, a 

firm understanding of the microbial ecology of AGS system is essential for optimal reactor 

design and operation to improve bioprocess efficiency and stability (Rittmann et al., 2006). 

Although more than 10 full-scale AGS plants have been operating for several years, microbial 

ecology studies in AGS systems were mostly limited to lab-scale reactors (Ebrahimi et al., 2010; 

Gonzalez-Gil and Holliger, 2011; Li et al., 2008; Weissbrodt et al., 2014; Zhang et al., 2011) 

with one study in a pilot-scale reactor (Winkler et al., 2013). All laboratory-scale studies showed 

significant microbial community shift during the granulation period. The α-diversity of mature 

granules was usually less than that of flocs. In mature granules, the most abundant genera were 

Candidatus Accumulibacter, Candidatus Competibacter, Dechloromonas, Zoogloea and 

Thauera. Winkler and her colleagues compared the microbial communities between a pilot-scale 

AGS plant and a full-scale activated sludge plant (Winkler et al., 2013). The two plants were 

operated in parallel receiving the same wastewater and were subjected to the same seasonal 

variations. The results showed that the general bacterial population in both systems had on 

average comparable species richness, entropy, and evenness.   

In addition to the lack of microbial ecology studies in full-scale AGS plants, information on 

the rare community in AGS is still unknown since all the aforementioned studies used 16S 

ribosomal RNA (rRNA)-based molecular fingerprinting techniques such as denaturing gradient 

gel electrophoresis and terminal restriction fragment length polymorphism that could only 

capture the core abundant community (Kim et al., 2013). Rare community could be vital because 
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some of these organisms could cause process problem and some could be selected by 

characteristic properties of the system (Saunders et al., 2016). In contrast, high-throughput 16S 

rRNA gene sequencing, can provide enough sequencing depth, thus allowing identification of 

both the dominant and rare taxa in a community, and has been widely applied in recent years for 

studying the microbial ecology of full-scale CAS system (Ju and Zhang, 2015, Meerburg et al., 

2016, Saunders et al., 2016, Vuono et al., 2015, Vuono et al., 2016, Zhang et al., 2012). 

1.4.2 Addressing fundamental questions of microbial biogeography 

Microbial ecology studies of full-scale AGS plants are also suitable to address some 

fundamental questions related to microbial biogeography. Biogeography is the study of the 

spatial distribution of biological diversity and aims to identify the underlying mechanisms 

causing differences in community composition (Lindström and Langenheder, 2012). Generally, 

community assembly can be shaped by local habitat conditions (so-called species sorting) 

including interspecies interactions and environmental conditions as well as regional factors (i.e. 

immigration from receiving species pool) (Leibold et al., 2004). Immigration can be defined as 

colonization of bacteria from the regional species pool (e.g. influent wastewater) to the receiving 

ecosystem (e.g. microbial aggregates in AGS plant).  

In an AGS system, different-sized microbial aggregates, receiving the same regional 

bacterial species pool (i.e. influent wastewater), co-exist in the same reactor and yet have 

different solids retention time (SRT). In practice, small-sized microbial aggregates (i.e. flocs) 

have shorter SRT compared to large-sized microbial aggregates (i.e. large granules) because they 

are wasted more during the excess sludge removal phase. The SRT represents the average time 

that microorganisms reside in a bioreactor, and can be regarded as a local factor to manipulate 
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microbial diversity and composition. For a particular organism to be maintained in the bioreactor, 

its net growth rate should be ≥ 1/SRT; otherwise, they will be washed out from the bioreactor 

(Bagchi et al., 2015). A previous study highlighted the potential effect of SRT on immigration 

(regional factor) from the influent wastewater (Vuono et al., 2016). Vuono and colleagues (2016) 

showed that colonization by the immigrant community was higher when the system was 

disturbed by lowering the SRT to 3 days because disturbance opens recruitment sites for 

immigrant communities. Saikaly and Oerther (2004) showed theoretically stronger oscillations in 

species abundances caused by shorter SRTs. Meerburg et al. (2016) reported that high-rate (i.e. 

low SRT) activated sludge communities had a different structure than low-rate (i.e. high SRT) 

activated sludge communities, and were less subjected to local factors. Taken together, these 

results suggest that communities with different SRTs respond differently to local and regional 

factors. Thus, the AGS process is an excellent platform for testing the effect of local (i.e. SRT) 

and regional factors in shaping microbial community assembly. 

1.5 Motivation of the dissertation 

The advantages of AGS in terms of small footprint, low operation and capital cost and high 

effluent quality makes it a strong candidate for replacing CAS process, and potentially become 

the standard for biological wastewater treatment in the future (Pronk et al., 2014). Bassin et al. 

(2011) showed that at high salt concentrations, PAO and NOB gradually disappeared from AGS. 

However, the cause-effect relationship for their observation was not clear. To unveil it, Pronk et 

al. (2014) conducted complementary experiments at almost saturation DO level. Their work 

demonstrated that elevated salinity concentration (22g/L NaCl) led to a cascade of inhibition 

effect, where the deterioration of nitrite oxidation resulted in nitrite accumulation which in turn 



33 

 

 

inhibited PAO activity. By preventing the occurrence of nitrification by dosing allylthiourea 

(ATU) and therefore avoiding nitrite accumulation, the effect of salt concentration on bio-P 

removal was shown to be negligible up to 22 g/L NaCl. From a practical point of view, it is more 

realistic to explore the effect of salt on AGS at moderate DO level. In addition, operating at 

moderate DO could enhance denitrification inside the AGS (de Kreuk et al., 2005; Mosquera-

Corral et al., 2005), and hence avoid nitrite accumulation and the subsequent deterioration in P 

removal. In addition, studies on the effect of salt on nutrient removal in AGS were often 

conducted in systems seeded with mature granules (Bassin et al., 2011; Pronk et al., 2014; Wan 

et al., 2014; Wang et al., 2015; Corsino et al., 2016). Therefore, it is tempting to see if 

comparable effect of salt on AGS in terms of aerobic granulation and nutrient removal can be 

achieved at moderate DO level and in systems seeded with flocculent sludge. To address this 

objective, I operated lab-scale AGS reactors with 15 g/L NaCl and at moderate DO level (2.5 

mg/L) and seeded with flocculent sludge (Chapter 2, Phase I). Neither nitrification nor 

phosphorus removal occurred during the 330 days of operation of the AGS reactor. Thus, I 

proposed and tested two strategies to minimize the adverse effect of salinity on AGS: 1) by 

gradually increasing the salt concentration (this strategy was shown to minimize the effect of salt 

on nutrient removal in flocculent sludge systems (Bassin et al., 2012)); and 2) increasing the DO 

level to almost saturation level. In AGS systems, the oxygen concentration in the bulk liquid 

controls the oxygen penetration depth and the aerobic/anaerobic zone ratio, which are associated 

with the capacity for nitrification and denitrification (de Kreuk et al., 2005; Mosquera-Corral et 

al., 2005)) (Chapter 2, Phase II).  Phase II lasted for 164 days.  Both strategies successfully 

minimized the adverse effect of salt on nitrification, but they were not successful in mitigating 

the effect of salt on biological phosphorus removal. With the aid of microbial community 
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analysis, I found ‘Candidatus Accumulibater phosphatis’ Clade II (PAO II) was the dominant 

PAO clade in my study while all PAO belonged to ‘Candidatus Accumulibater phosphatis’ Clade 

I (PAO I) in the study of Pronk et al. (2014). Since no nitrite accumulation occurred in my 

reactors during the whole experiment, the difference of PAO clades was suggested to be the main 

reason for the different P removal performance between the study of Pronk et al. (2014) and ours 

(Wang et al., 2017). Physiological differences between PAO I and PAO II have been reported in 

many aspects such as denitrification capability (Flowers et al., 2009; Skennerton et al., 2015), 

substrate affinities (Slater et al., 2010), temperature preference (Flower et al., 2013; Tian et al., 

2013) and anaerobic metabolic pathway (Welles et al., 2015a). These observations suggest that 

different PAO clades might have different tolerance or response to salinity. Seawater contains 

not only sodium (Na
+
) and chloride (Cl

-
) ions, but also sulphate (SO4

2-
), magnesium (Mg

2+
), 

calcium (Ca
2+

), potassium (K
+
) and others. Most previous studies only reported the concentration 

of salt, expressed in units of g/L NaCl, g/L Cl
-
 or w/v %. Thus, a large knowledge gap exists 

regarding the composition of the salt. K
+
 is one of the abundant cations in seawater (typically 

0.38g/L) (Antonov et al., 2006). More importantly, K
+
 is an important signalling ion to trigger 

osmo-adaptation processes (Roesler et al. 2001). In enhanced biological phosphorus removal 

process, K
+
 also serves as a counterion of poly-P in PAO activity. It is transported along with 

phosphate through the membrane during the anaerobic and aerobic phase (Brdjanovic et al., 

1998). Thus, the effect of K
+
 on PAO activities in comparison to Na

+
 was also studied in 

Chapter 3. Finally, I conducted for the first time an extensive microbial ecology study of a full-

scale Nereda® AGS plant in Garmerwolde, The Netherlands with the aim of addressing the role 

of regional versus local factors in shaping the microbial community assembly of different-sized 

microbial aggregates (Chapter 4). 
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1.6 Outline 

Chapter 1 provides background information about the AGS process and the motivation 

behind the different topics addressed in this study. 

Chapter 2 contains two phases and consists of three objectives: i) (phase I) examine the 

effect of salt on aerobic granulation and nutrient removal in AGS operated at moderate DO 

concentration (2.5 mg/L) and seeded with flocculent sludge; ii) (phase II) compare the effect of 

salt on nutrient removal in AGS seeded with mature granules and operated at moderate (2.5 

mg/L) and high DO (8 mg/L) concentration; and iii) (phase II) examine the effect of salt 

adaptation as a strategy to minimize the effect of salt on nutrient removal in AGS seeded with 

mature granules and operated at moderate DO concentration (2.5 mg/L). The microbial 

community was analyzed using quantitative polymerase chain reaction (qPCR) and fluorescent 

in situ hybridization (FISH) during the whole experimental period and the results were linked to 

the reactor performance.  

Chapter 3 consists of two objectives: i) compare the effect of salt on the metabolism 

(stoichiometry and kinetics) of enriched PAO I and PAO II cultures; and ii) evaluate if potassium 

exerts a different impact on P removal compared to sodium at the same molar concentration. 

This study contributed new knowledge on the physiology and biochemistry of different PAO 

clades in response to salt and consequently can help in the design and operation of bioreactors 

for the treatment of saline wastewater. 

Chapter 4 is led by the hypothesis that different-sized microbial aggregates in AGS 

respond differently to local and regional factors. To test this hypothesis, we characterized the 

bacterial community structure of different-sized microbial aggregates in a full-scale AGS 

wastewater treatment plant in The Netherlands using high-throughput amplicon sequencing. The 
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solids retention time and the net growth rates of the dominant operational taxonomic units 

(OTUs) in the AGS plant was estimated using amplicon sequencing data and a simple mass 

balance approach. The calculated net growth rates of the different OTUs was used to evaluate the 

effect of incoming microbes from the source species pool (i.e. influent wastewater) to the 

receiving microbial aggregates to determine if their presence in the AGS plant was mainly due to 

active growth or immigration.  

Chapter 5 summarizes the main findings and their implications as well as provides future 

directions for research on AGS. 
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Strategies to Minimize Adverse Effect of Salinity on Aerobic 
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Abstract 

Salinity can affect the performance of biological wastewater treatment in terms of nutrient 

removal. The effect of salt on aerobic granular sludge (AGS) process in terms of granulation and 

nutrient removal was examined in this study. Experiments were conducted to evaluate the effect 

of salt (15 g/L NaCl) on granule formation and nutrient removal in AGS system started with 

flocculent sludge and operated at DO of 2.5 mg/L (phase I). In addition, experiments were 

conducted to evaluate the effect of gradually increasing the salt concentration (2.5 g/L to 15 g/L 

NaCl) or increasing the DO level (2.5 mg/L to 8 mg/L) on nutrient removal in AGS system 

started with granular sludge (phase II) taken from an AGS reactor performing well in terms of N 

and P removal. Although the addition of salt in phase I did not affect the granulation process, it 

significantly affected nutrient removal due to inhibition of ammonia oxidizing bacteria (AOB) 

and phosphate accumulating organisms (PAOs). Increasing the DO to 8 mg/L or adapting 

granules by gradually increasing the salt concentration minimized the adverse effect of salt on 

nitrification (phase II). However, these strategies were not successful for mitigating the effect of 

salt on biological phosphorus removal. No nitrite accumulation occurred in all the reactors 

suggesting that inhibition of biological phosphorus removal was not due to the accumulation of 

nitrite as previously reported. Also, glycogen accumulating organisms were shown to be more 

tolerant to salt than PAO II, which was the dominant PAO clade detected in this study. Future 

studies comparing the salinity tolerance of different PAO clades are needed to further elucidate 

the effect of salt on PAOs.  
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2.1 Introduction 

Saline wastewaters are generated from a variety of industrial processes like seafood 

processing, vegetable pickling, leather tanning and petroleum refining (Lefebvre and Moletta, 

2006). In some coastal cities, due to shortage of fresh water, seawater is used for toilet flushing, 

which also contributes to high salt concentration in municipal wastewater treatment plants (Wu 

et al., 2016). High salt can exert an adverse effect on biological wastewater treatment systems, 

since freshwater-based microorganisms are unable to survive at high osmotic pressures and their 

activities are inhibited by salt (Madigan et al., 2002). Under high salinity, a decrease of chemical 

oxygen demand (COD) and nutrient removal were often observed (Moon et al., 2003).  

Aerobic granular sludge (AGS) process is a promising biotechnology for wastewater 

treatment (de Kreuk and van Loosdrecht, 2006). Compared with conventional activated sludge 

(CAS) process, AGS has a variety of merits including excellent settling properties, small 

footprint, ability to withstand shock and toxic loadings, and capability of simultaneous COD, 

nitrogen and phosphorus removal. (Liu and Tay, 2004; de Kreuk et al., 2005; Gao et al., 2011; 

Maszenan et al., 2011). Currently, there is an increasing interest in the use of AGS for saline 

wastewater treatment. A wide range of salt concentrations (2-80 g/L NaCl) has been tested in 

AGS. In general, high salinity tends to stimulate extracellular polymeric substances (EPS) 

secretion (Wan et al., 2014; Wang et al., 2015; Corsino et al., 2016). Also, in most of the cases 

where reactors were seeded with flocculent sludge, granules were irregularly shaped and not 

smooth compared to reactors seeded with mature granules (Figueroa et al., 2008; Taheri et al., 

2012; van den Akker et al., 2015). Organic carbon and ammonium removal efficiencies were 

kept high, but nitrite accumulation was observed in many studies (Figueroa et al., 2008; Bassin et 
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al., 2011; Pronk et al., 2014; Wan et al., 2014; van den Akker et al., 2015; Wang et al., 2015; 

Corsino et al., 2016). The effect of salt on phosphorus removal was less studied. Bassin et al. 

(2011) showed that PAOs gradually disappeared from the sludge at high salt concentrations (22 

and 33 NaCl g/L). Pronk et al. (2014) reported that in the absence of nitrite, bio-P removal was 

not much affected at salt concentrations up to 22 g/L NaCl, but was significantly inhibited at salt 

concentrations of 33 g/L NaCl. 

All the aforementioned studies were conducted at high dissolved oxygen (DO) conditions 

(almost saturation level). However, exploring the effect of salt on AGS at moderate DO level is 

more realistic from a practical point of view. In addition, studies on the effect of salt on nutrient 

removal in AGS were often conducted in systems seeded with mature granules (Bassin et al., 

2011; Pronk et al., 2014; Wan et al., 2014; Wang et al., 2015; Corsino et al., 2016). Therefore, it 

is tempting to see if comparable effect of salt on AGS in terms of aerobic granulation and 

nutrient removal can be achieved at moderate DO level and in systems seeded with flocculent 

sludge.  

DO is an important operational parameter in AGS process. The oxygen concentration in the 

bulk liquid controls the oxygen penetration depth and the aerobic/anaerobic zone ratio, which are 

associated with the capacity for nitrification and denitrification (de Kreuk et al., 2005; 

Mosquera-Corral et al., 2005). DO also affects the granule stability (Mosquera-Corral et al., 2005) 

and the competition between PAOs and glycogen accumulating organisms (GAOs) (Carvalheira 

et al., 2014). Therefore, it is possible to minimize the adverse effect of salt on AGS systems by 

regulating the DO level.  

Another important operational strategy that can be applied to minimize the effect of salt on 

nutrient removal in AGS is by allowing microorganisms to adapt to salt by gradually increasing 
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the salt concentration. This strategy was successfully applied in a flocculent sludge system to 

minimize the adverse effect of salt on nitrification (Bassin et al., 2012).  

Therefore, the objectives of this study were i) phase I: examine the effect of salt on aerobic 

granulation and nutrient removal in AGS operated at moderate DO concentration (2.5 mg/L) and 

seeded with flocculent sludge; ii) phase II: compare the effect of salt on nutrient removal in AGS 

seeded with mature granules and operated at moderate (2.5 mg/L) and high DO (8 mg/L) 

concentration; and iii) phase II: examine the effect of salt adaptation as a strategy to minimize 

the effect of salt on nutrient removal in AGS seeded with mature granules and operated at 

moderate DO concentration (2.5 mg/L).  

2.2 Materials and methods 

2.2.1 Experimental setup and operating conditions 

Three identical sequencing batch reactors (SBRs) each with a working volume of 2.75 L, 

internal diameter of 5.6 cm and a total height of 150 cm were used in the study. The experiment 

was divided into two phases (Table 2.1). In phase I, SBR1a and SBR2 were inoculated with 

flocculent activated sludge collected from a local wastewater treatment plant (Al Ruwais district, 

Jeddah, KSA). Synthetic wastewater containing 0 and 15 g/L NaCl was fed to SBR1a and SBR2, 

respectively. In phase II, half of the biomass (mature granules) in SBR1a (0 g/L NaCl) was 

transferred into SBR3, and NaCl concentration was gradually increased from 2.5 g/L to 15 g/L 

with an increment of 2.5 g/L NaCl. The remaining half of the biomass in SBR1a (SBR1a was 

named SBR1b in phase II) was fed with a synthetic wastewater containing 15 g/L NaCl. The 

synthetic wastewater was prepared as described by de Kreuk et al. (2005) with a final 

composition of NaAc 6.3 mM, MgSO4∙7H2O 0.36mM, KCl 0.47 mM, NH4Cl 3.54 mM, K2HPO4 
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0.42 mM, KH2PO4 0.21 mM and 1 mL/L trace element solution according to Vishniac and 

Santer (1957). 

Table 2.1  Reactors and their operational phases according to salt concentration 

Phase I  Phase II 

Reactor Day NaCl (g/L)  Reactor Day NaCl (g/L) 

SBR1a 1-330 0  SBR1b 331-493 15 

SBR2 1-312 15  SBR3 331-493 2.5-15 

 

All SBRs were operated in successive cycles of 3 h comprising four phases: 60 min 

anaerobic feeding from the bottom of the reactors in a plug-flow regimen through the settled bed, 

112 min aeration, 3 min settling, and 5 min effluent withdrawal. During the first 42 days, the 

settling time was gradually reduced from 15 to 3 min; the aeration duration was correspondingly 

increased from 100 min to 112 min. The air flow was maintained at 4 L/min, pH at 7.0 ±0.2, 

temperature at 22±2
o
C, hydraulic retention time (HRT) at 5.6 h. DO concentration was kept at 

2.5±0.2 mg/L unless specified. The DO concentration was regulated by adding different 

proportions of compressed air and nitrogen gas, which were controlled by two mass flow 

controllers (Bronkhorst High-Tech, The Netherlands). The gas flow-rate was maintained at 4 

L/min during the whole experiment. The exchange ratio of all SBRs was 0.545, corresponding to 

a HRT of 5.5 h. Sludge retention time (SRT) was not controlled in the first 135 days, but then 

was maintained at approximately 30 days by periodically removing sludge from the reactors.  

2.2.2 Batch experiments 

Batch experiments were conducted to evaluate the short-term effect of salt on 

nitrification/denitrification and P removal potential of mature granules at different salt 

concentrations (5, 10, 15, 20, 30 g/L NaCl). Mature granules taken from SBR1a at the end of 
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phase I were used for this set of experiments. Granules collected from SBR1a were placed in a 

sieve and washed with tap water. Equal volume (50 mL) of washed granules was introduced into 

different 250 mL flasks filled with the corresponding medium solution (Table 2.2) and 0.1 M 

Tris-HCl buffer (pH 7.0). A concentration of 20 mg/L NO2
-
-N was selected to conduct the batch 

experiments on the effect of salt on nitrite oxidation.  This concentration is significantly lower 

than the lowest reported concentration (76 mg/L NO2
-
-N) leading to 50% inhibition on the 

activity of NOB (Zhou et al., 2011). To determine nitrification rate, granules were collected from 

SBR1a at the end of a cycle (180 min) and incubated for 2 h in the flasks under aerobic condition 

by sparging air; to determine P uptake and denitrification rate, granules were collected 

immediately after anaerobic feeding (60 min) and incubated for 2 h under anaerobic condition by 

sparging nitrogen gas (Table 2.2). DO was almost at saturation level during air bubbling. 

Samples for chemical analysis were collected every 10 to 20 min. All calculations are the same 

as in Bassin et al. (2011). 

 

Table 2.2  Method of granule incubation and the composition of cultivation medium used in 

the batch experiments 

Conversion Granule 

collection 

time 

Incubation Cultivation medium and redox 

condition 

Ammonium 

oxidation 

180 min Aerobic
a 

NH4Cl (50 mg/L NH4
+
-N); aerobic  

Nitrite oxidation 180 min Aerobic
a 

NaNO2 (20 mg/L NO2
-
-N); aerobic   

Aerobic P uptake 60 min Anaerobic with acetate as the 

carbon source
b 

K2HPO4 (60 mg/L PO4
3-

-P); aerobic 

Nitrate reduction / 

Anoxic P uptake  

60 min Anaerobic with acetate as the 

carbon source
b 

K2HPO4 (60 mg/L PO4
3-

-P) & NaNO3 

(30 mg/L NO3
-
-N); anoxic 

a 
The aerobic incubation was to oxidize the ammonium and nitrite residue in the granules.  

b 
The anaerobic incubation was to release the residual phosphate in the cells and to store poly-β -

hydroxyalkanoates (PHA) and glycogen in cells. 
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2.2.3 Physical and chemical analysis 

All liquid samples were filtered with 0.45 µm PVDF (polyvinylidine fluoride) filters prior 

to analysis. Ammonium nitrogen (NH4
+
-N), nitrite nitrogen (NO2

-
-N), nitrate nitrogen (NO3

-
-N) 

were measured by a flow injection analyzer (AutoAnalyzer 3, Germany). The TN was calculated 

by adding NH4
+
-N, NO2

-
-N and NO3

-
-N. Orthophosphate (PO4

3-
-P) and COD were quantified by 

HACH LANGE cuvette kits (Hach company, USA). The total phosphate in the granules was 

measured according to the method described by Uhlmann et al. (1990). Acetate concentration 

was analyzed by a high-performance liquid chromatograph (HPLC) (Thermo Scientific, Accela, 

USA) equipped with a photo-diode array (210 nm) and an ultraviolet detector. Sludge volume 

index (SVI), mixed liquor volatile suspended solids (MLVSS), ash content and effluent 

suspended solid were determined according to a modified Standard Methods for the Examination 

of Water and Wastewater specifically for AGS (APHA 2005; Pronk et al., 2014). The 

morphology and size distribution of granules were determined using optical microscopy 

(Morphologi G3, Malvern Instrument, UK). Granule settling velocity was measured according to 

Winkler et al. (2012). Briefly, a spoon of wet granules (approximately 20 granules) was released 

at once into a column filled with tap water and the time of the first and last granule passing a 

mark (herein 1.0 m distance) was recorded. The settling velocity was calculated from the average 

time recorded in five repetitions. Alginate-like exopolysaccharides (ALE) were extracted 

according to the methods described by Lin et al. (2010). Dried biomass (0.5 g) was homogenized 

and extracted in 80 ml 0.2 M Na2CO3 at 80
o
 C for 1 h. The supernatant was collected after 

centrifugation (15,000 rpm, 20 min) and the pH was adjusted to 2 by adding 0.1 M HCl. The 

supernatant was centrifuged again (15,000 rpm, 30 min) and the pellet was washed with 
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deionized water until the pH is 7. The pellet was then dissolved in 0.1 M NaOH. The ALE in the 

supernatant was precipitated by the addition of absolute ethanol to a final concentration of 80% 

(vol/vol). The precipitate was collected by centrifugation at 15,000 rpm for 30 min and then 

washed in absolute ethanol and lyophilized. 

2.2.4 Microbial analysis 

2.2.4.1 qPCR 

Total genomic DNA was extracted from the samples using the Power soil DNA isolation 

Kit (MoBio Laboratories, Inc., Carlsbad, CA) according to the manufacturer’s instructions. The 

quality (A260/A280) and quantity (A260) of extracted genomic DNA was determined with a 

Nanodrop® 1000 spectrophotometer (Thermo Fisher Scientific, Waltham, MA). The proportions 

of key functional groups, including AOB, NOB and PAOs, in the whole microbial community 

were determined by qPCR. Amplification was performed on a CFX96 Touch™ Real-Time PCR 

Detection System (Bio Rad Laboratories Inc., Hercules, CA). All amplifications were performed 

in triplicate with a reaction volume of 25 µL containing 12.5 µL of iQ SYBR Green Supermix 

(Bio-Rad, Hercules, CA), 200 nmol/L of each primer and 5 ng of the template DNA. Primers, 

thermal cycling conditions and DNA used as the standard for qPCR calibration are listed in 

Table 2.3. For standard clone preparation, the PCR amplicons were first cloned into a TOPO 

cloning vector (pCR 2.1-Topo vector, Invitrogen, Carlsbad, CA) according to the manufacturer’s 

protocol. Plasmids from transformed cells were extracted by the PureYield
TM

 Plasmid Miniprep 

System (Promega, Madison, WI). Copy numbers per microliter were calculated from the 

concentration of extracted plasmid DNA using the known sequences of the vector and inserts. 

The accuracy of insert DNA was verified by amplification with gene-specific primers as 
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described in Table 2.3. Standard template DNA was diluted in series and the Ct values for each 

dilution were plotted against the concentration of each dilution to construct the standard curve. 

All qPCR assays were performed in triplicate. No-template controls were included in all qPCR 

runs. 

 

Table 2.3  Primers, qPCR conditions and standards used in this study 

Primer qPCR conditions Standard Reference 

CTO 189f A/B & 

CTO 189f C 

CTO 654r 

 ׳1/61° ׳0.30/94°] ׳2/94°

  ׳10/52° 30×[׳0.45/72°

Nitrosomonas 

europaea 

(Kowalchuk et al., 1997) 

Nspra 675f 

746r 

 ׳1/58° ׳0.20/95°] ׳10/95°

 40×[׳0.40/72°

Nitrospira defluvii (Graham et al., 2007) 

Nxrb 706f  

Nxrb 1431r 

 ׳0.30/56° ׳0.40/95°] ׳5/95°

 ׳10/72° 35×[׳0.30/72°

Nitrobacter sp.
a
 (Bagchi et al., 2016) 

Univ 518f 

PAO 846r 

 ׳0.45/65° ׳0.30/94°] ׳3/95°

 45×[׳0.30/72°

EBPR sludge
b 

(He et al., 2007) 

APAO 184f 

A445r 

 ׳0.15/60° ׳0.10/95°] ׳2/95°

 50×[׳0.20/72°

Tetrasphaera elongata (Okunuki et al., 2007) 

Bac 338f 

Univ 518r 

 ׳0.20/55° ׳0.20/94°] ׳5/95°

 40×[׳0.30/72°

EBPR sludge
b 

(Park and Crowley, 2005) 

a 
Nitrobacter sp. enrichment culture provided by Dr. Eva Spieck at the University of Hamburg. 

b 
Sludge was taken from SBR1a on Day 92. 

 

2.2.4.2 FISH 

FISH was performed in this study to obtain the following information: 1) the spatial 

distribution of nitrifiers, PAOs and GAOs in a single granule; 2) the ratio of PAOs and GAOs in 

the whole community; and 3) the sub-lineages of PAOs. Fresh granule samples were fixed 

overnight with 4% (wt/vol) paraformaldehyde and then washed three times in 1× PBS and re-

suspended in ethanol-PBS solution (1:1) for storage at -20
o
 C. For examining the spatial 

distribution of the different microbial groups, fixed granules were embedded in a tissue freezing 

medium (Leica Microsystems, Germany), hardened by freezing (-20
o
 C) and cut in the frozen 
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state with a microtome-cryostat (Leica CM1900-Cryostat, Germany) into 25 µm thin slices. The 

granule sections were collected on SuperFrost Plus microscope slides (Menzel-Glaser, 

Braunschweig, Germany). For the purpose of quantification, fixed granules were crushed and 

spread on gelatin-coated microscope slides. Both types of slides were dehydrated by sequential 

immersion for 3 min in 50%, 80% and 98% ethanol and air-dried. The hybridization and washing 

steps were according to the oligonucleotide probes used (Table 2.4). Detailed protocol can be 

found in Nielsen et al. (2009). Prepared slides were observed with a confocal laser scanning 

microscope (Leica DMI4000 B, Germany). To determine the relative abundance of PAOs and 

GAOs, at least 10 images from each sample were taken for the quantification analysis using the 

Measure/Count tool in Image Plus Pro 6.0 (Media Cybernetics,USA). In brief, the area of pixels 

contributed by PAOmix or GAOmix probes above a manually determined threshold was divided by 

the area of pixels contributed by the EUBmix probes (also applying threshold) for each image.  

 

Table 2.4  Oligonucleotide probes and their target microbial group 

Probe Sequence (5’-3’) Target group Mix Reference 

PAO 462 

 

PAO 651 

CCGTCATCTACWCAGGGTATT

AAC 

CCCTCTGCCAAACTCCAG 

Most Accumulibacter 

 

Most Accumulibacter 

PAOmix 

 

PAOmix 

(Crocetti et al., 2000) 

 

(Crocetti et al., 2000) 

PAO 846 GTTAGCTACGGCACTAAAAGG Most Accumulibacter PAOmix (Crocetti et al., 2000) 

Acc-I-444 CCCAAGCAATTTCTTCCCC Clade IA and other Type 

I clades 

 (Flowers et al., 2009) 

Acc-II-444 CCCGTGCAATTTCTTCCCC Clade IIA, IIC and IID  (Flowers et al., 2009) 

GAO Q431 TCCCCGCCTAAAGGGCCT Some Competibacter GAOmix (Crocetti et al., 2002) 

GAO Q989 TTCCCCGGATGTCAAGGC Some Competibacter GAOmix (Crocetti et al., 2002) 

Nso 1225 CGCCATTGTATTACGTGTGA Betaproteobacterial AOB  (Mobarry et al., 1996) 

Nso 190 CGATCCCCTGCTTTTCTCC Betaproteobacterial AOB  (Mobarry et al., 1996) 

Ntspa662 GGAATTCCGCGCTCCTCT Genus Nitrospira  (Daims et al., 2001) 

NIT3 CCTGTGCTCCATGCTCCG Genus Nitrobacter  (Wagner et al., 1996) 

EUB 338 I GCTGCCTCCCGTAGGAGT Most bacteria EUBmix (Amann et al., 1990) 

EUB 338 II GCAGCCACCCGTAGGTGT Planctomycetes EUBmix (Daims et al., 1999) 

EUB 338 III GCTGCCACCCGTAGGTGT Verrucomicrobiales EUBmix (Daims et al., 1999) 
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2.3 Results 

2.3.1 Granule characteristics and nutrient removal in phase I 

2.3.1.1 Granule characteristics in SBR1a and SBR2 

Flocculent activated sludge with SVI of 179 mL/g was used to inoculate both SBR1a and 

SBR2 (Table 2.1). During the first week of operation, SVI slightly increased to 191 mL/g in 

SBR1a; while it dropped to 135 mL/g in SBR2 on day 7. After that, the SVI in both reactors 

dropped quickly with the formation of granules. Visible granules were observed in SBR1a (0.73 

mm) and SBR2 (0.94 mm) after 19 days of operation (Fig. 2.1).  

(a) (b) 

  

 

Fig. 2.1. Granules cultivated from (a) SBR1a and (b) SBR2. Bar = 5 mm. Samples were 

collected on day 19. 

Mature granules characterized by constant size distribution were formed after 

approximately 70 days of operation in SBR1a and SBR2. The relatively long granulation period 

in the current study was probably due to 1) the long settling time (7 min) used during the first 

month of operation (Fig. 2.2); and the slightly bulking flocculent sludge (SVI of 179 mL/g) used 
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to inoculate the reactors. The average equivalent diameter of the mature granules in SBR1a and 

SBR2 was 2.06±0.24 mm and 2.44±0.20 mm, respectively (Table 2.5).  
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Fig. 2.2. Sludge settleability and granule mean size in (a) SBR1a and (b) SBR 2 during the first 

100 days of operation. SVI: sludge volume index. 

 

(

a) 

(

b) 



57 

 

 

Table 2.5  Physical and chemical properties of the mature granules in the different reactors
a
  

Reactor Mean size 

(mm) 

Circularity MLVSS 

(g l
-1

) 

ALE 

(mg g
-1

 VSS) 

Ash (%) Settling 

velocity (m/h) 

SVI8
b 

(ml g
-1

) 

SBR1a 2.06±0.24 0.77±0.02 16.90±1.02 148±6 23.8±3.1 71.9±3.4 18.1±1.5 

SBR2 2.44±0.20 0.64±0.07 10.28±0.83 162±14 9.0±1.8 59.1±3.9 15.6±1.1 

SBR1b 3.35±0.47 0.75±0.02 13.76±0.31 n.d.
c
 13.8±1.3 78.3±1.1

 
19.9±1.1 

SBR3 2.63±0.34 0.74±0.03 14.50±0.52 n.d.
c
 8.8±0.7 79.1±2.3

 
16.0±0.5 

a
 All data in the table were averaged from the samples collected during the pseudo steady-state of each reactor. 

b
 SVI8 = Sludge volume index measured after 8 min settling. 

c
 n.d = not determined. 

 

Two types of granules (white and yellow) that are circular and smooth were observed in 

SBR1a (Fig. 2.3a). In contrast, the granules in SBR2 were yellowish-brown and irregularly 

shaped (Fig. 2.3b). The biomass concentration in SBR1a was almost 64% higher than that in 

SBR2, suggesting that microbial growth was inhibited by salt addition in SBR2 (Table 2.5; Fig. 

2.4). The amount of ALE isolated from the granules in both reactors was comparable (Table 2.5). 

(a) (b) 

  

Fig. 2.3. Granules cultivated from the different reactors: a) SBR1a and b) SBR2. Bar = 5 mm. 

Samples were collected on day 99.  

 

(

a) 
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(a) 

 

(b) 

 

Fig. 2.4. Mixed liquor suspended solid (MLSS) and mixed liquor volatile suspended solid 

(MLVSS) concentrations in (a) SBR1a and (b) SBR2.  

2.3.1.2 Nutrient removal in SBR1a and SBR2 

Nitrification was deteriorated during the granulation period, since a large amount of 

biomass was discharged with the effluent when short settling time was applied to force 

granulation, and this might have caused a reduction in the population number of nitrifiers. 

Complete removal of N and P was achieved in SBR1a after 70 days of operation when granules 

formed and when the proportions of nitrifiers and PAOs in the whole community significantly 

increased based on qPCR (Fig. 2.5a). On day 135, PO4
3-

-P was detected in the effluent due to 

poly-P saturation in PAOs (Gonzalez-Gil and Holliger, 2011). P removal efficiency was 

(

b) 



59 

 

 

recovered by periodically discharging granules to control the SRT around 30 days. On the 

contrary, N and P removal were not established in SBR2 and these results agreed with the qPCR 

results where the proportions of nitrifiers and PAOs in the whole community were low or below 

the detection limit throughout the duration of the experiment (Fig. 2.5b). On day 186, both 

reactors underwent an unintentional high DO (saturation level) disturbance for 20 days. During 

this period, the granule size increased to ~4 mm in diameter in both reactors. Nitrite 

accumulation occurred in SBR1a, and this in turn affected phosphorus removal efficiency. When 

the DO was later reduced to pre-disturbance condition (i.e. 2.5 mg/L), large granules were 

broken in SBR1a and a significant amount of biomass was discharged in the effluent resulting in 

a decrease of biomass concentration (Fig. 2.4a). Complete removal of N and P was recovered in 

SBR1a after four months from the removal of disturbance. While in SBR2, the reduced DO led 

to filamentous bulking and biomass washout. The MLVSS (Fig. 2.4b) and sludge settleability 

gradually recovered in SBR2 accompanied by complete anaerobic acetate uptake on day 270. 

COD removal was unstable during the granulation period, but reached to 93.5±2.5% in SBR1a 

and 89.2±2.3% in SBR2 once mature granules were formed. Acetate was not detected in the 

effluent, and the remaining COD was possibly due to the presence of non-biodegradable 

compounds such as EDTA (50 mg/L EDTA, which is equivalent to 47 mg/L COD was added in 

the influent). 
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(a) 

 

(b) 

 

Fig. 2.5. Effluent concentrations of NH4
+
-N, NO3

-
-N, NO2

-
-N and PO4

3-
-P and the proportions of 

AOB, NOB and PAOs in the whole community in a) SBR1a and b) SBR2. The influent 

concentrations of NH4
+
-N and PO4

3-
-P were 50 mg/L and 20 mg/L, respectively. 
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2.3.2 Short-term effect of salt on nutrient removal 

Batch experiments (Table 2.2) were conducted to evaluate the short-term effect of salt on 

nitrification/denitrification and phosphate removal of the granules cultivated in SBR1a (i.e. salt-

free reactor). In aerobic tests, both the specific ammonium oxidation and phosphate uptake rate 

were significantly reduced by ~72% after addition of 10 g/L of NaCl (Fig. 2.6). Adding higher 

salt concentrations (> 10 g/L of NaCl) resulted in additional decrease in the specific ammonium 

oxidation rate, but no further decrease in phosphorus uptake rate was observed. Surprisingly, 

nitrite oxidation was not significantly affected by salt addition. The maximum specific nitrite 

oxidation rate (1.44 mg N/(gVSS∙h) occurred at 5 g/L NaCl. In anoxic tests, specific nitrate 

reduction rate slightly increased at salinity of 5 g/L NaCl, but reduced to 40% of its maximum 

rates at salinity of 15 g/L. Anoxic phosphate uptake was not observed in the batch tests, which 

suggests that GAOs rather than PAOs catalyzed the denitrification process in the batch 

experiments. Since no external carbon source was added in the batch tests, the contribution of 

other denitrifiers can be excluded. This is also true for the reactor where all added COD was 

sequestered in the anaerobic period. 
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Fig. 2.6. Short-term effect of salt on specific nitrogen and phosphorus conversion rates (Granules 

were collected from SBR1a at steady state).  

2.3.3 Granule characteristics and nutrient removal in phase II 

2.3.3.1 Granule characteristics in SBR1b and SBR3 

In phase II, half of the biomass (mature granules) in SBR1a (salt-free reactor) was 

transferred into SBR3 and the remaining biomass in SBR1a (named SBR1b in phase II) was fed 

with synthetic wastewater containing 15 g/L NaCl. The NaCl concentration was gradually 

increased in SBR3 from 2.5 g/L to 15 g/L while maintaining the DO at 2.5 mg/L, whereas the 

DO was increased from 2.5 mg/L to 8 mg/L in SBR1b. White granules gradually disappeared 

and instead yellowish-brown granules appeared in both SBR1b and SBR3. But unlike the 

granules in SBR2, granules in SBR1b and SBR3 were still round and smooth (Fig. 2.7a and b). 

The size of granules in SBR1b increased to 3.35±0.47 mm in diameter at high DO concentration 

(8 mg/L), whereas the granules in SBR3 (DO = 2.5 mg/L) were 2.63±0.34 mm (Table 2.5). Due 
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to the sudden exposure of granules in SBR1b and SBR3 to salt, a small proportion of the 

granules floated and subsequently washed out from the reactors leading to a decrease in biomass 

concentration (Fig. 2.8). The two reactors retained similar amount of MLVSS after 3 months of 

operation, which are higher than that in SBR2 but lower than that in SBR1a (Table 2.5). 

 

(a) (b) 

  

Fig. 2.7. Granules cultivated from the different reactors: a) SBR1b and b) SBR3. Bar = 5 mm. 

Samples from SBR1a and SBR2 were collected on day 99; Samples were collected on day 493. 

 

 

 

(

a) 

(

b) 
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(a) 

 

(b) 

 

Fig. 2.8. Mixed liquor suspended solid (MLSS) and mixed liquor volatile suspended solid 

(MLVSS) concentrations in (a) SBR1b and (b) SBR3.  

2.3.3.2 Nutrient removal in SBR1b and SBR3  

SBR1b was initially used to test whether mature granules in SBR1a (salt-free reactor) with 

good nutrient removal capabilities are resistant to salt (15 g/L NaCl) at moderate DO (2.5 mg/L). 

Nutrient removal capabilities deteriorated within 1 week after the addition of salt (Fig. 2.9a). 

PO4
3-

-P in the effluent was higher than the influent (20 mg/L) at the beginning of phase II after 

adding 15 g/L NaCl, which indicated that P uptake was more susceptible to salt than P release. 

By comparing the P removal profiles during the cycles before and after adding 15 g/L NaCl on 
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day 331, the specific aerobic PO4
3-

-P uptake rate decreased by 68%, whereas the anaerobic PO4
3-

-P release rate remained the same (Fig. 2.10). The proportions of AOB, NOB and PAOs in the 

whole community decreased sharply after the addition of salt (Fig. 2.9a). COD removal also 

decreased to 73.5±7.6% in the first 3 weeks after salt addition, but gradually increased up to 

90% for the remainder of the experiment. Pronk et al. (2014) studied the effect of elevated salt 

concentrations on nutrient removal in AGS operated at high DO (up to 90% saturation). In their 

study, the specific ammonia oxidation rate was still high even at Cl
-
 concentration of 20 g/L (33 

g/L NaCl), and P removal activity was almost not affected at salinity up to 13 g/L Cl
-
 (22 g/L 

NaCl) in the absence of nitrite. It should be noted that nitrite was also absent in the current study. 

It is possible that the difference between their study and the current study was due to the 

difference in the DO level. To test this, DO in SBR1b was increased to 8 mg/L on day 388, and 

after 25 days of operation nitrification efficiency was fully recovered (Fig. 2.9a). This was also 

supported by the increase in the proportions of nitrifiers measured by qPCR (Fig. 2.9a). 

Denitrification was not significantly affected by the high DO level. Limited nitrite (less than 5 

mg/L N) was occasionally detected in the effluent, but in most of the times the effluent NOx
-
-N 

(NO2
-
-N + NO3

-
-N) was below 1 mg/L. In contrast, phosphorus removal was not recovered at 

high DO (8 mg/L) levels.  
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(a) 

 
 

(b) 

 
Fig. 9. Effluent concentrations of NH4

+
-N, NO3

-
-N, NO2

-
-N and PO4

3-
-P and the proportions of 

AOB, NOB and PAOs in the whole community in a) SBR1b and b) SBR3. The influent 

concentrations of NH4
+
-N and PO4

3-
-P were 50 mg/L and 20 mg/L, respectively. 
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SBR3 was used to test whether gradually adapting mature granules to increasing salt 

concentrations can alleviate the adverse effect of salt on nutrient removal. Results showed that 

the effluent NH4
+
-N concentration increased immediately after each increase in salt 

concentration, then gradually decreased to undetectable levels (Fig. 2.9b). Nitrite and nitrate 

were detected in the effluent at a salt concentration of 5 g/L NaCl, with the highest 

concentrations measured were 9.7 mg/L NO2
-
-N and 12.0 mg/L NO3

-
-N, respectively. But they 

were not detected after 50 d of operation in phase II, and the total nitrogen (TN) removal was 

maintained over 98% even at the highest salinity tested (i.e. 15 g/L NaCl). In contrast, 

phosphorus removal was deteriorated even at a salt concentration of 5 g/L NaCl, and it did not 

recover during the whole experimental period (Fig. 2.9b). COD removal slightly decreased 

(85.7±4.5%) at a salt concentration of 5 g/L NaCl, but it soon recovered for the remainder of the 

experiment. 

 

Fig. 2.10. Phosphate and HAc profiles acquired in the cycles before and after addition of salt on 

Day 331 in SBR1b. The starting phosphate and acetate concentrations depicted at time zero were 
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calculated based on the concentration in the influent, effluent and the dilution in the reactor after 

the start of the aeration. 

2.3.4 Microbial community 

The change in the proportions of the different functional groups in the whole community 

measured by qPCR agreed with the nutrient removal performance in all the reactors during the 

whole experimental period of phase I (Fig. 2.5) and phase II (Fig. 2.9). When the reactors were 

performing well in terms of nitrification and P removal, nitrifiers (AOB and NOB) accounted for 

1-3% of the whole microbial community and the relative abundance of PAOs ranged from 11% 

to 51%. Nitrospira and Accumulibacter were the dominant NOB and PAOs in this study, 

respectively. Nitrobacter and Actinobacterial PAO were not detected by qPCR in all the reactors.  

The proportion of PAOs (Accumulibacter) in the whole microbial community was 

compared to GAOs (Competibacter) using FISH (Fig. 2.11). Samples were taken from the 

different reactors at the end of each phase. Almost similar proportions of PAOs (21.7±7.5%) and 

GAOs (23.5±7.3%) were detected in granules cultivated in salt-free wastewater (i.e. SBR1a), 

whereas only GAOs were enriched in granules cultivated in SBRs fed with saline wastewater (i.e. 

SBR1b, SBR2 and SBR3). The low relative abundance of GAOs in SBR1b compared to SBR2 

and SBR3 might result from DO remaining in the feeding phase of SBR1b, which inhibited the 

anaerobic acetate uptake by GAOs, but gave an advantage to the growth of ordinary 

heterotrophic organisms (OHOs) (Henze 2008). The relative abundance of PAOs and GAOs in 

the white granules were 46.4 % and 6.3 %, respectively, and in the yellow granules were 5.3 % 

and 34.9 %, respectively. Similar results were reported by Barr et al. (2010) where white 

granules had higher percentage of PAOs (97.5%) than yellow granules (12.3%). This is in line 
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with the disappearance of white granules in SBR1b and SBR3, where PAOs were not detected 

after 50 days of salt exposure.  

 

Fig. 2.11. Proportion of PAOs and GAOs in the whole microbial community assessed by FISH. 

Samples were taken at the end of each phase from the different reactors. Values represent the 

average of at least 10 images from each sample as described in the Materials and Methods. 

 

FISH images on a sliced granule taken from SBR1a revealed that nitrifiers and PAOs were 

mainly located on the outer layer, while GAOs were located at both the outer layer and inner part 

(Fig. 12a). Accumulibacter Type II (PAOII) was the dominant PAO clade detected at the end of 

phase I in SBR1a, whereas Accumulibater Type I (PAOI) was scarcely observed in the same 

sample (Fig. 12b). 
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Fig. 12. a) FISH image of a sliced granule taken from SBR1a: PAO (red), GAO (green), AOB 

and NOB (blue); b) FISH image of crushed granules taken from SBR1a: PAO I (red), PAO II 

(green), EUB (blue). Samples were collected on day 327. 

2.4 Discussion 

2.4.1 Effect of salt on granule formation and nutrient removal at moderate DO level 

(phase I) 

Salt inhibited bacterial growth as indicated by a lower biomass concentration in SBR2 than 

SBR1a. A lower growth yield is usually the result of extra substrate consumption for 

maintenance processes (i.e. to keep the sodium outside the cell). Addition of salt affected the 

settling velocity of granules. It is known that salt can increase the water density, which will have 

an effect on the settling behaviour of the granules (Winkler et al., 2012). Moreover, granules in 



71 

 

 

SBR1a contained much higher proportion of PAOs than SBR2, where GAOs dominated (Fig. 

2.5). Additionally, the phosphate content of granules in SBR1a (0.154 g P/g VSS) was 3 times 

higher than SBR2 (0.045 g P/g VSS). Phosphate precipitation might occur inside the granules in 

SBR1a due to the high phosphate content (de Kreuk et al., 2005). This possibility was supported 

by the high ash content of the granules in SBR1a (Table 2.5). Winkler et al., (2013) revealed that 

1) PAOs had a higher density than GAOs; and 2) a small increase in the volume fraction of 

precipitates (1–5 %) strongly increased the granule density. As a result, the settling velocity of 

granules in SBR1a (0 g/L NaCl) was higher than SBR2 (15 g/L NaCl) (Table 2.5). Similar 

amount of ALE, a valuable material (van Loosdrecht and Brdjanovic, 2014), was extracted from 

granules cultivated in SBR1a and SBR2, despite differences in microbial community (PAOII in 

SBR1a, GAO in SBR2). Actually, different communities tend to produce different amount of 

ALE. For example, Pronk et al. (2015) observed different GAO species produced different 

amount of ALE. Further studies are needed to explore the relationship of microbial communities 

and ALE production. 

The overall granulation speed in the salt-free (SBR1a) and saline (SBR2) wastewater was 

similar. Initial granules were formed within 3 weeks in both reactors, and it took 70 days for 

mature granules to form. Figueroa et al. (2008) tested the feasibility of AGS technology in the 

treatment of fish-canning effluent. Using flocculent activated sludge as inoculum, it took 75 days 

for mature granules to form at salinity of 11-15 g/L NaCl. Li and Wang (2008) reported that 

granules grew faster and larger at high (50 g/L NaCl) than low salinity (10 g/L NaCl). This 

disagreement in the above results could be attributed to the difference in the operational mode, 

salt concentration and substrates composition.  
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The addition of salt affected the morphology of the granules in the reactors seeded with 

flocculent sludge (Fig. 2.3). For example, the granules in SBR2 were fluffy and irregularly 

shaped compared to round and smooth granules in the salt-free reactor (i.e. SBR1a). This result 

agrees with the results reported by Taheri et al. (2012) and Figueroa et al. (2008) at salt 

concentrations of 5-10 g/L NaCl and11-15 g/L NaCl, respectively. However, Li and Wang (2008) 

observed that the surface of granules were more regular and smoother at high (50 g/L NaCl) than 

low (10 g/L NaCl) salinity.  

Starting with flocculent sludge followed by reducing the settling time to cultivate granules 

resulted in biomass washout and decreased SRT in both SBRs. However, biomass washout was 

more severe in SBR2. Slow growing bacteria (i.e. nitrifiers and PAOs) were unable to proliferate 

in the two SBRs. When mature granules were formed and the SRT was maintained at or higher 

than 30 d, nitrifiers and PAOs increased in abundance and excellent nutrient removal efficiency 

was achieved in SBR1a (salt-free reactor) (Fig. 2.5a). In contrast, no significant ammonium 

removal was observed in SBR2 (15 g/L NaCl) during the whole experimental period and AOB 

were below the detection limit of qPCR after 100 days of operation (Fig. 2.5b). Figueroa et al. 

(2008) reported complete failure of nitrification during the granulation period followed by a 

successful ammonium removal when mature granules were formed. In their study, they have 

used fish canning effluent as the feed, and operated the reactors at high DO level (6.5-8.0 mg/L). 

The moderate DO (2.5 mg/L) used in the current study exacerbated by severe biomass washout 

might have affected the recovery of nitrification in SBR2.  

P removal was also not established in SBR2. The relative abundance of PAOs was very low 

(varied from 0.1% to 4.3%) compared to GAOs (58.3%±7.2%) (Fig. 2.11) which underlines the 

failure of P removal in SBR2. Bassin et al. (2011) reported that high salinity levels (33 g/L NaCl) 
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favored GAOs over PAOs in their long-term experiment. Welles et al. (2014) conducted a short-

term experiment and suggested that GAOs gain advantage over PAOs at salinity higher than 6 

g/L NaCl. 

2.4.2 Effect of salt adaptation and DO on nitrogen removal in mature granules (phase II) 

In SBR1b and SBR3, seeded with mature granules from SBR1a (i.e. salt-free reactor), the 

morphology of granules was not obviously changed after salt addition. These results are similar 

to the observation by Pronk et al. (2014), who operated their reactor at salinity of 11-33 g/L 

NaCl. 

Complete nitrogen removal was achieved in SBR3 at DO of 2.5 mg/L where salinity was 

gradually increased (Fig. 2.9b). Similar results were reported by Bassin et al. (2011), where salt 

exerted a negative effect on ammonium oxidation in short-term batch experiment. But in their 

long-term experiment (SRT was also maintained at 30 days), and with the aid of long period of 

acclimation at 11 g/L NaCl, the ammonium removal rates were not affected by the increase in 

salt concentrations up to 33 g/L NaCl. As mentioned earlier, gradually adapting the microbial 

community to increasing salt concentrations successfully mitigated the adverse effect of salt on 

nitrification in a flocculent sludge system (Bassin et al., 2012). Here, we demonstrated that this 

strategy is also successful in mitigating the adverse effect of salt on nitrification in granular 

sludge system operated at moderate DO level.  

No significant nitrogen removal was observed in SBR1b when operated at DO of 2.5 mg/L 

and at a salt concentration of 15g/L NaCl (Fig. 2.9a). However, nitrification was recovered when 

the DO was increased to 8.0 mg/L at the same salinity level. This may be attributed to the 

following reasons: 1) High DO could increase the specific ammonium oxidation rate, which 
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indicates a faster growth rate of AOB. In the current study, the specific ammonium oxidation rate 

was increased by 38% when the DO was increased from 2.5 mg/L to saturation level (by 

comparing the rate in SBR1a where DO was 2.5 mg/L with the rate in the batch test where DO 

was at saturation level); 2) Nitrifiers have a lower SRT than other biomass in aerobic granules 

because they colonize the outer layer (aerobic) of granules, which is more rapidly eroded and 

subsequently washed out from the reactor compared to the interior layer (anoxic/anaerobic) 

(Winkler et al., 2012). At high DO level, the oxygen penetration depth is larger than at low DO 

level. Thus, nitrifiers could inhabit a deeper layer of granules, which reduced their loss due to 

surface erosion, and this increased their effective SRT; and 3) In SBR1b, the granule size 

increased from 2.33 mm to 3.35 mm (data not shown) when the DO was increased from 2.5 

mg/L to 8.0 mg/L. Large granules have a smaller surface to volume ratio and thus they suffer 

less from surface erosion than smaller granules. The effluent suspended solid of SBR1b 

decreased from 44±4.6 mg MLSS /L to 15±1.4 mg MLSS /L (data not shown) when DO was 

increased from 2.5 mg/L to 8 mg/L. This further reduced the loss of nitrifiers. In summary, 

increasing the DO to 8 mg/L promoted growth of nitrifiers and reduced their loss from the 

reactor which alleviated the negative effect of salt on nitrification. However, since the saturated 

DO level and oxygen transfer rate decrease with the increase in salinity (Bassin et al. 2011), 

higher aeration rates are required to maintain the same DO concentration at saline versus salt-

free conditions. Collectively, both salt adaptation at moderate DO level and operation at high DO 

were successful in recovering nitrification.  

Based on the batch experiments, which were designed to evaluate the short-term effect of 

salt on mature granules at saturation DO level, the biomass specific ammonium oxidation rate 

dropped with the increase in salinity (Fig. 2.6). Unlike AOB, NOB were more tolerant to salt in 
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the current study. The specific nitrite oxidation rate was not affected by the addition of salt up to 

30 g/L NaCl. Using pure (Nitrobacter Agilis) and mixed culture of NOB, Hunik et al. (1993) and 

Moussa et al. (2006) reported also that NOB were less affected by salt stress than AOB. In 

contrast, several studies reported that NOB are more sensitive to salt (Vredenbregt et al., 1997; 

Figueroa et al., 2008; Cui et al., 2009; Bassin et al., 2011; Pronk et al., 2014). It is not clear why 

NOB were less sensitive to salt in the current study. Koops and Pommerening-Röser (2001) 

reported that both Nitrobacter and Nitrospira contain halophilic or halotolerant sublineages. It is 

possible that the NOB enriched in the current study were more tolerant to salt than the NOB 

enriched in the above studies.   

Compared with nitrification, denitrifying capability was robust to the addition of salt in both 

short- or long-term experiments. Based on the batch experiments, denitrification was mainly 

performed by GAOs in this study and the abundance of GAOs was high in all the reactors based 

on FISH analysis (Fig. 2.11). Additionally, high DO did not reduce the denitrifying efficiency in 

the current study due to the formation of large granules where a suitable ratio of aerobic/anoxic 

zone was maintained. Di Bella and Torregrossa (2013) also found that simultaneous nitrification 

and denitrification can be achieved at high DO (7-8 mg/L) in AGS systems. 

2.4.3 Effect of salt adaptation and DO on phosphorus removal in mature granules (phase 

II) 

Like AOB, the activity of PAOs in terms of phosphate uptake rate was substantially 

inhibited at the salinity level equal to or higher than 10 g/L NaCl in the batch tests (Fig. 2.6). 

Also, biological phosphorus removal was not established in SBR1b where mature granules with 

good phosphorous removal performance were exposed for the first time to 15 g/L NaCl, 
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regardless of the DO concentration (i.e. 2.5 or 8 mg/L) (Fig. 2.9a). Similarly, phosphorus 

removal was not established in SBR3 (DO = 2.5 mg/L), seeded with mature granules with good 

phosphorous removal performance, where salt concentration was gradually increased from 2.5 to 

15 g/L NaCl (Fig. 2.9b). These results suggest that long-term exposure to high salinity (SBR1b) 

and salt adaptation (SBR3) did not help in the acclimatization of PAOs to salinity. 

Pronk et al. (2014) reported that the deterioration of phosphorus removal in granules was 

mainly due to nitrite accumulation caused by the inhibition of salt on NOB activities rather than 

the salt itself when the concentration of Cl
-
 was below 13 g/L (22 g/L NaCl). The inhibition of 

nitrite on bio-P removal was also demonstrated by many other researchers (Intrasungkha et al., 

1999; Wu et al., 2008; Cui et al., 2009; Pijuan et al., 2010), and in many cases, it was due to 

incomplete nitrification caused by salt. However, these previous studies fail to explain the 

observation in the current study since no nitrite accumulation occurred in all the reactors. This 

discrepancy might be due to the different PAO clades enriched in the different experiments. 

Different PAO clades may have different tolerance or response to salinity. In the current study, 

the granules used in the batch tests, SBR3 and SBR1b were from SBR1a (salt-free reactor), 

which was enriched by PAOII based on FISH analysis; while in Pronk et al. (2014), all PAOs 

belonged to PAOI. In a recent study focused on the short-term effect of salt on enriched PAOII 

culture, Welles et al. (2015) found that at salinity of 1.8 g/L NaCl, the corrected PO4
3-

 uptake 

rate decreased by 46%; and above 3.5 g/L NaCl, PO4
3-

 released. These results might suggest that 

for salt water systems inoculation with sludge containing the correct PAO clade is something to 

consider. A systematic study comparing the salinity tolerance of enriched PAOI and PAOII 

cultures is needed to further elucidate the effect of salt on PAOs. Currently, the main factors 

affecting the accumulation of PAOI or PAOII is not very well understood. However, it seems 
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that PAOI tend to be enriched at low temperature and low SRT (Tian et al., 2013). Welles et al. 

(2015) showed that PAO II had a strong competitive advantage over PAOI when Poly-P is 

stoichiometrically limiting the VFA uptake, suggesting that PAOI can be enriched by feeding 

with high P/COD ratio medium. Genomic analysis revealed that Clade IA are more susceptible 

to phages than PAOIIA (Flowers et al., 2013) and different PAO clades had different 

denitrification capability (Skennerton et al., 2015). It should be noted that the granular sludge 

(taken from SBR1a) used in SBR1b and SBR3 was enriched with PAOII (21.7 %) and GAOs 

(23.5 %) based on FISH analysis. After exposure to salt, the abundance of PAOs in SBR1b and 

SBR3 significantly decreased to very low levels, whereas GAOs remained abundant (Fig. 11). 

These results suggest that GAOs were more tolerant to salt than PAOII.  

The effect of DO and salt on PAOs and GAOs was recently studied (Carvalheira et al., 2014; 

Welles et al., 2014). Carvalheira et al. (2014) showed that Accumulibacter PAOs had an 

advantage over Competibacter GAOs at low DO levels (2 mg/L), since PAOs have higher 

affinity for oxygen, and thus maintained their aerobic activity at low DO levels. In contrast, high 

DO levels (8 mg/L) led to higher growth and activity of GAOs. These results could explain the 

decreased P-removal when the DO was increased in order to stimulate nitrification under saline 

conditions. Welles et al. (2014) conducted short-term batch experiments to compare the acetate 

uptake rate of PAOs, including PAOII, and GAOs at different salinities. They showed that PAOs 

had higher acetate uptake rates at salinity ≤ 0.6%, whereas GAOs had higher uptake rates at 

salinity > 0.6%, under the same operational conditions (pH=7, T=20ºC). In the current study, 

PAOII was outcompeted by GAO at 15 g/L NaCl (1.5% salinity) in the long-term experiments. 
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2.4.4 Practical implications and future research 

Based on the current study, the nutrient removal capability of AGS decreased when exposed 

to saline conditions at DO of 2.5 mg/L. In addition, none of the previous studies have 

successfully achieved complete nitrogen and phosphorus removal at the highest salinity levels 

tested. However, these studies also shed light on how to manipulate the AGS system under high 

salinity level. Gradually adapting granules to increasing salt concentration at moderate DO level 

could help in mitigating the adverse effect of salt on nitrification. However, unlike laboratory 

experiments, it is not practical to dilute the salt concentration in the influent to the full-scale 

wastewater treatment plant. Alternatively, increasing the DO to promote nitrification is a more 

practical approach especially after a temporal salinity shock. Denitrification efficiency will not 

be impacted by increasing the DO due to the formation of large granules as shown in the current 

study and by Di Bella and Torregrossa (2013). Once nitrification is restored after a shock load, 

the DO should be gradually reduced to a moderate level since a sharp DO decrease might lead to 

granule breakup or filamentous bulking. As for phosphorus removal, GAOs seem to be more 

tolerant to salinity than PAOII. The tolerance of different PAO clades to salinity should be tested 

in future studies.   

2.5 Conclusions 

The effect of salt on granule formation and nutrient removal at moderate DO level (phase I), 

and the effect of salt adaptation and DO on nutrient removal in mature granules (phase II) were 

investigated in this study. The following conclusions could be drawn:  
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 Phase I: addition of 15 g/L NaCl at DO of 2.5 mg/L did not affect the granulation process, 

but it significantly affected ammonium and phosphorous removal due to inhibition of AOB 

and PAOs.  

 Phase II: increasing the DO to 8 mg/L or adapting mature granules by gradually 

increasing the salt concentration minimized the adverse effect of salt on nitrification. 

However, these strategies were not helpful for phosphorus removal. 

 Nitrite oxidation and denitrification were relatively robust at all salt concentrations tested 

in this study. 

 GAOs were more tolerant to salt than PAO II.  
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CHAPTER 3  Effect of Salt on the Metabolism of ‘Candidatus 

Accumulibacter’ Clade I and II 
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Abstract 

Saline wastewater is known to affect the performance of phosphate-accumulating organisms 

(PAOs) in enhanced biological phosphorus removal (EBPR) process. However, studies 

comparing the effect of salinity on different PAO clades are lacking. In this study, ‘Candidatus 

Accumulibacter phosphatis’ Clade I and II (hereafter referred to as PAO I and PAO II) were 

highly enriched in the form of granules in two sequencing batch reactors. Anaerobic and aerobic 

batch experiments were conducted to evaluate the effect of salinity on the kinetics and 

stoichiometry of PAO I and PAO II. PAOI and PAOII communities showed different priority in 

using polyphosphate (poly-P) and glycogen to generate ATP in the anaerobic phase when 

exposed to salt, with PAOI depending more on intracellular poly-P degradation while PAOII on 

glycolysis of intracellularly stored glycogen. In the aerobic phase, the loss of phosphate uptake 

capability was more pronounced in PAOII due to the higher energy cost to synthesize their larger 

glycogen pool compared to PAOI. For both PAOI and PAOII, aerobic conversion rates were 

more sensitive to salt than anaerobic conversion rates. Potassium (K
+
) and sodium (Na

+
) ions had 

different effect on PAOs, suggesting that the composition of salt is an important factor to 

consider when studying the effect of salt on EBPR performance. 
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3.1 Introduction 

Application of saline water (seawater or brackish) as secondary quality water for non-

potable use such as toilet flushing is a cost-effective and environmentally friendly alternative to 

mitigate shortage of fresh water in coastline cities and inland areas where brackish ground water 

is available (WSD 2009; Leung et al., 2012; Wu et al., 2016). However, this practice will 

introduce a significant amount of inorganic salt (>1% salinity, considering up to 30% of the fresh 

water use can be replaced by seawater with the typical salinity of 3.4%) to wastewater treatment 

plant (Lazarova et al. 2003). Saline wastewaters are also generated from a variety of industrial 

processes like dairy, seafood processing, vegetable pickling, meat canning and tanneries 

(Lefebvre and Moletta, 2006). Also seawater intrusion in the sewer systems can cause elevated 

salinity of wastewater. 

Salt is known to inhibit biological wastewater treatment processes in terms of chemical 

oxygen demand (COD) removal, nitrification, denitrification and phosphate removal (Hunik et 

al., 1992;Hunik et al., 1993; Kargi 2002; Moussa et al., 2006; Kargi and Uygur, 2005; Corsino et 

al., 2016; Welles et al., 2014). Although many studies reported the effect of salt on organic 

matter and nitrogen removal, only few studies have focused on the effect of salt on enhanced 

biological phosphorus removal (EBPR) process. Moreover, the findings of those studies are 

inconsistent and inconclusive, this is commonly attributed to: (1) differences in operational 

conditions with respect to temperature, pH and availability of volatile fatty acids (VFAs) (Kargi 

and Uygur, 2005; Uygur, 2006; Panswad and Anan, 1999; Hong et al., 2007; Wu et al., 2008; 

Intrasungkha et al., 1999); and (2) interference of other inhibitors such as nitrite (Intrasungkha et 

al., 1999; Wu et al., 2008; Cui et al., 2009; Bassin et al., 2011). Pronk et al. (2014) reported that 
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the deterioration of phosphorus removal in aerobic granular sludge (AGS) process was mainly 

due to nitrite accumulation caused by the inhibition of salt on nitrite oxidizing bacteria activities 

rather than the salt itself when the concentration of salt was below 22 g/L NaCl. Recently, Wang 

et al. (2017) reported that inhibition of biological phosphorus removal in AGS exposed to 15 g/L 

NaCl was not due to the accumulation of nitrite (no nitrite accumulation was detected). This 

discrepancy might be due to the different phosphate accumulating organisms (PAO) clades 

enriched in the different experiments. In Pronk et al. (2014), all PAOs belonged to ‘Candidatus 

Accumulibacter phosphatis’ Clade I (hereafter PAOI), while in Wang et al. (2017), the granules 

were enriched by ‘Candidatus Accumulibacter phosphatis’ Clade II (hereafter PAO II). 

Physiological differences between PAO I and PAO II have been reported in many aspects such 

as denitrification capability (Flowers et al., 2009; Skennerton et al., 2015), substrate affinities 

(Slater et al., 2010), temperature preference (Flower et al., 2013; Tian et al., 2013) and anaerobic 

metabolic pathway (Welles et al., 2015a). These observations suggest that different PAO clades 

might have different tolerance or response to salinity. Welles and his colleagues evaluated the 

short-term effect of salt on enriched PAO II cultures (Welles et al., 2014, 2015b). In the 

anaerobic phase, PAO II shifted their metabolism from polyphosphate (poly-P)-dependent to 

glycogen-dependent metabolism with the increase of salinity, and the maximum acetate uptake 

rate decreased by 71% when the salinity increased to 1% (w/v) (Welles et al., 2014). In the 

aerobic phase, at 0.18% (w/v) salinity, the corrected phosphate (PO4
3-

) uptake rate decreased by 

46%; and above 0.35% (w/v) salinity, PO4
3-

was released (Welles et al., 2015b). However, a 

systematic study comparing the effect of salt on the kinetics and stoichiometry of enriched PAO 

I and PAO II cultures is lacking. 
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In addition, all the aforementioned studies only reported the concentration of salt, expressed 

in units of g/L NaCl, g/L Cl
-
 or w/v %. A large knowledge gap exists regarding the composition 

of the salt. Potassium ion (K
+
) is one of the abundant cations in seawater (typically 0.38g/L) 

(Antonov et al., 2006). More importantly, K
+
 is an important signalling ion to trigger osmo-

adaptation processes (Roesler et al. 2001). In enhanced biological phosphorus removal process, 

K
+
 also serves as a counterion of poly-P in PAO activity. It is transported along with phosphate 

through the membrane during the anaerobic and aerobic phase (Brdjanovic et al., 1998). Thus, it 

is expected that the effect of KCl on biological phosphorus removal might be different than NaCl. 

Therefore, the objectives of this study were i) to compare the effect of salt on the 

metabolism (stoichiometry and kinetics) of enriched PAO I and PAO II cultures and ii) to 

evaluate if K
+
 exerts a different impact on P removal compared to Na

+
 at the same mole 

concentration. This study can contribute to the knowledge on the physiology and biochemistry of 

different PAO clades in response to salt and consequently guide the design and operation of 

bioreactors for the treatment of saline wastewater. 

3.2 Materials and methods 

3.2.1 Enrichment of PAO cultures  

3.2.1.1 Operation of sequencing batch reactors (SBRs) 

Two identical SBRs, namely SBR1 and SBR2, each with a working volume of 2.75 L, 

internal diameter of 5.6 cm and a total height of 150 cm, were used in the study. SBR1 was 

inoculated with 200 mL of aerobic granules collected from a laboratory-scale reactor performing 

excellent biological phosphorus removal. SBR2 was inoculated with 200 mL of aerobic granules 

collected from the Garmerwolde Nereda® wastewater treatment plant in The Netherlands. The 
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inoculum of SBR1 was enriched with PAOI (51%), whereas SBR2 was enriched with PAOII 

(35%) as determined by quantitative fluorescence in situ hybridization (FISH). Glycogen 

accumulating organism (GAO), a competitor of PAO, was also present in the inoculum (23% in 

SBR1 and 7% in SBR2). 

SBR1 and SBR2 were fed with the same synthetic wastewater. The influent phosphate 

concentration was 20 mg PO4-P/L (0.64 P-mmol/L, 73.1 mg/L K2HPO4 and 28.6 mg/L KH2PO4). 

With the aim to enrich PAO cultures, a 75%-to-25% mixture of acetate-to-propionate (9.02 C-

mmol/L, 300 mg COD/L, 478.4 mg/L NaAc·3H2O and 64.08 mg/L NaPr) was used as the 

carbon source (Oehmen et al., 2005). Thus, the influent P/C ratio was 0.07 (P-mol/C-mol). The 

remaining nutrients were 189.4 mg/L NH4Cl, 42.8 mg/LMgSO4, 35.0 mg/L KCl, and 1 mL/L 

trace element solution according to Vishniac and Santer (1957). 

The two SBRs were operated in successive cycles of 3 h comprising four phases: 60 min 

anaerobic feeding from the bottom of the reactors in a plug-flow regimen through the settled bed, 

112 min aeration, 3 min settling, and 5 min effluent withdrawal. The air flow was maintained at 

4 L/min, pH at 7.0-7.5, and temperature at 22±2
o
C. The DO concentration was kept at 2.5±0.2 

mg/L. The DO concentration was regulated by adding different proportions of compressed air 

and nitrogen gas, which were controlled by two mass flow controllers (Bronkhorst High-Tech, 

The Netherlands). The gas flow-rate was maintained at 4 L/min during the whole experiment. 

The exchange ratio of the two SBRs was 0.545, corresponding to a HRT of 5.5 h. Sludge 

retention time (SRT) was controlled at 20 days. Excess sludge was selectively discharged from 

the top of the sludge bed to enrich PAO cultures (Winkler et al., 2011). 
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3.2.1.2 Monitoring the performance of SBRs 

The performance of SBR1 and SBR2 was regularly monitored by measuring mixed liquor 

suspended solids (MLSS), mixed liquor volatile suspended solids (MLVSS) and the effluent 

concentrations of acetate (HAc) and propionate (HPr), orthophosphate (PO4
3-

-P), ammonium 

nitrogen (NH4
+
-N), nitrite nitrogen (NO2

-
-N) and nitrate nitrogen (NO3

-
-N). The steady-state 

condition of the reactors was confirmed based on the periodical observations of the 

aforementioned parameters as well as on line pH and DO profiles. When both SBRs reached 

steady-state condition, cycle measurements were carried out to determine the biomass activity as 

described in section 2.3. In addition to the above parameters, poly-β-hydroxyalkanoate (PHA) 

and glycogen were measured in the cycles.  

3.2.1.3 Identification and quantification of microbial populations 

Quantitative FISH was performed several times during the steady-state condition to 

estimate the degree of enrichment of PAO cultures, according to the procedures described in 

Amman (1995). Fresh granule samples were fixed overnight with 4% (wt/vol) paraformaldehyde. 

The fixed granules were then crushed and spread on gelatin-coated microscope slides followed 

by dehydration through sequential immersion for 3 min in 50%, 80% and 98% ethanol and air-

dried. EUB338mixprobe (mixture of probes EUB338, EUB338-II and EUB338-III) was used to 

target the entire bacterial population. ‘Candidatus Accumulibacter phosphatis’ was targeted by a 

PAOmix probe (mixture of probes PAO462, PAO651, and PAO846) (Crocetti et al. 2000), 

whereas ‘Candidatus Competibacter phosphatis’ (i.e. GAO) was targeted by GAOmix probe 

(mixture of probes GAOQ431 and GAOQ989) (Crocetti et al. 2002). To distinguish the different 

PAO clades, PAO I (clade IA and other type I clades) and PAO II (clade IIA, IIC, and IID) were 
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targeted by the probes Acc-I-444 and Acc-II-444 (Flowers et al. 2009), respectively. 

Hybridization and washing steps on the dehydrated biomass samples were executed under the 

conditions described by Crocetti et al. (2000, 2002) and Flowers et al.(2009).  

To determine the relative abundance of PAO and the fraction of PAO clades (PAOI or PAO 

II) in the total PAO population (PAOmix), at least 20 images from each sample were taken for 

the quantification analysis using the Measure/Count tool in Image Plus Pro 6.0 (Media 

Cybernetics, USA). The relative abundance of PAO was computed by dividing the area of pixels 

contributed by PAOmix probes to the area of pixels contributed by EUB338mix probes. The 

fractions of PAOI or PAOII in the total PAO population were computed by dividing the area of 

pixels contributed by Acc-I-444 or Acc-II-444 probes to the area of pixels contributed by the 

PAOmix probes. 

Quantitative PCR (qPCR) with primers targeting the polyphosphate kinase 1 (ppk1) gene 

was used to determine the dominant ‘Candidatus Accumulibacter phosphatis’ clades (Mao et al., 

2015). Total genomic DNA was extracted from the samples using the Power soil DNA isolation 

Kit (MoBio Laboratories, Inc., Carlsbad, CA) according to the manufacturer’s instructions. The 

quality (A260/A280) and quantity (A260) of extracted genomic DNA was determined with a 

Nanodrop® 1000 spectrophotometer (Thermo Fisher Scientific, Waltham, MA). Amplification 

was performed on a CFX96 Touch™ Real-Time PCR Detection System (Bio Rad Laboratories 

Inc., Hercules, CA) using iQ SYBR Green Supermix (Bio-Rad, Hercules, CA) with a total 

reaction volume of 25 µL. All qPCR programs consisted of an initial 3-min denaturation at 95℃, 

followed by 40 cycles of denaturation at 94℃ for 30s, annealing for 45s, and extension at 72℃ 

for 30s. The primer sequences, primer concentrations and annealing temperatures are listed in 
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Table 3.1. For standard clone preparation, the PCR amplicons were first cloned into a TOPO 

cloning vector (pCR 2.1-Topo vector, Invitrogen, Carlsbad, CA) according to the manufacturer’s 

protocol. Plasmids from transformed cells were extracted by the PureYield
TM

 Plasmid Miniprep 

System (Promega, Madison, WI). Copy numbers per microliter were calculated from the 

concentration of extracted plasmid DNA using the known sequences of the vector and inserts. 

The accuracy of insert DNA was verified by amplification with gene-specific primers as 

described in Table 3.1. Standard template DNA was diluted in series and the Ct values for each 

dilution were plotted against the concentration of each dilution to construct the standard curves. 

For all unknown samples, 5 ng of community-derived genomic DNA was added as the template. 

All qPCR assays were performed in triplicate. No-template controls were included in all qPCR 

runs. 

Table 3.1 Primers and qPCR conditions used in this study
a
  

Primer Sequence (5’ – 3’) Target 

Primer 

concentration 

(nM) 

T 

(℃) 

Acc-ppk1-763f 

Acc-ppk1-1170r 

 

GACGAAGAAGCGGTCAAG 

AACGGTCATCTTGATGGC 

Acc-I ppk1 500 61 

Acc-ppk1-893f 

Acc-ppk1-997r 

 

AGTTCAATCTCACCGAGAGC 

GGAACTTCAGGTCGTTGC 

Acc-IIA ppk1 550 61 

Acc-ppk1-870f  

Acc-ppk1-1002r 

 

GATGACCCAGTTCCTGCTCG 

CGGCACGAACTTCAGATCG 

Acc-IIB ppk1 400 61 

Acc-ppk1-1123f 

Acc-ppk1-1376r 

 

GAACAGTCCGCCAACGACC 

ACGATCATCAGCATCTTGGC 

Acc-IIC ppk1 excluding 

OTU NS D3
b 

500 63 

Acc-ppk1-375f 

Acc-ppk1-522r 

GGGTATCCGTTTCCTCAAGCG 

GAGGCTCTTGTTGAGTACACGC 

Acc-IID ppk1 400 63 

a 
The standard used for qPCR was enhanced biological phosphorous removal sludge. 

b
The relative abundance 

of Accumulibacter in Clade IIC was estimated by qPCR assay using primer sets targeting Accumulibacter IIC 

excluding OTU NS D3 (He et al., 2007).  
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3.2.2 Anaerobic and aerobic batch tests 

Short-term anaerobic and aerobic batch tests were conducted to evaluate the effect of salt on 

the kinetic and stoichiometric values of enriched PAO cultures cultivated in SBR1 and SBR2 

during the steady-state period (Day 181-Day 225). Anaerobic batch tests were conducted to 

determine the initial specific phosphate release rate (qPan), HAc uptake rate (qHAcan), glycogen 

consumption rate (qGlyan) and PHA formation rate (qPHAan) as well as the stoichiometric ratios 

of total P release/total HAc uptake, total glycogen consumption/total HAc uptake and total PHA 

formation/total HAc uptake. For each set of anaerobic tests, 4.4 g biomass (in terms of MLSS, 

approximately 80 mL) was taken from each reactor at the end of the cycle (180 min). The 

granules from each reactor were placed in a 0.2 mm pore size sieve and washed with tap water, 

and then transferred into a 1-L flask. The flask was filled with tap water up to 250 mL and 

sparged with nitrogen gas, then 300 mL of deoxygenated influent synthetic medium similar to 

that fed to the SBRs except the carbon source contained only acetate (300 mg COD/L, 9.38 C-

mmol/L) was added into the flask, and a certain amount of salt (NaCl or KCl) according to the 

salinity tested was introduced into the flask. Nitrogen gas was sparged at 1L/min for stirring and 

maintaining anaerobic conditions.  

Aerobic batch tests were conducted to determine the initial specific phosphate uptake rate 

(qPae), glycogen formation rate (qGlyae) and PHA consumption rate (qPHAae) as well as the 

stoichiometric ratios of total P uptake/total PHA consumption and total glycogen formation/total 

PHA consumption. For each set of aerobic tests, 4.4 g biomass (in terms of MLSS) was collected 

from each reactor immediately after anaerobic feeding (60 min) and then the biomass from each 

reactor was subjected to additional anaerobic period in a separate 1-L flask with the addition of 
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300 mL influent synthetic medium for 2 h to release more phosphate. This step was done to 

avoid potential poly-P saturation in PAO cells during the following aerobic phosphate uptake 

process. The granules from each flask were placed in a 0.2 mm pore size sieve and washed with 

tap water, and then transferred into a 1-L flask, which was filled with tap water up to 250 mL. In 

the beginning of aerobic batch tests, 300 mL of influent medium containing 200 mg PO4
3-

-P/L 

(6.4 P-mmol/L, 731 mg/L K2HPO4 and 286 mg/L KH2PO4) and 5 mg/L allyl-N-thiourea (ATU) 

(to inhibit nitrifiers) was introduced into the flask. There was no carbon source in the medium 

and the remaining nutrient composition was similar to the medium used in the SBRs. Then a 

certain amount of salt (NaCl or KCl) according to the salinity tested was introduced into the flask. 

Compressed air was sparged at 1L/min for stirring and maintaining the DO close to the 

saturation level. 

Both anaerobic and aerobic batch tests for each SBR were performed two times at 5 

conditions: no salt addition (control), 10 g/L NaCl (0.171 Na-mol/L), 12.7 g/L KCl (0.171 K-

mol/L), 15 g/L NaCl (0.256 Na-mol/L) and 19.1 g/L KCl (0.256 K-mol/L). The NaCl 

concentration used in this study was based on the salinity level (~ 1%) of municipal wastewater 

in some coastline cities where seawater (used for toilet flushing) with salinity of 3.4% accounts 

for 30% of the water used by households (Welles, 2015). The same mole concentration of KCl 

was used for comparison purposes. The pH was maintained by dosing 0.1 M HCl and 0.1 M 

NaOH in all batch tests. Each test lasted for 2 h. Samples were collected every 10 to 20 min for 

the determination of HAc (anaerobic tests only), PO4
3-

-P, PHA and glycogen. To keep a stable 

SRT, the wastage of excess sludge in SBR1 and SBR2 was adjusted to compensate for the sludge 

withdrawal due to the batch experiments. 
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3.2.3 Analysis and calculation 

All liquid samples were filtered with 0.45µm PVDF (polyvinylidine fluoride) filters prior to 

analysis.NH4
+
-N, NO2

-
-N, NO3

-
-N was measured by a flow injection analyzer (AutoAnalyzer 3, 

Germany). The TN was calculated by adding NH4
+
-N, NO2

-
-N and NO3

-
-N. PO4

3-
-P was 

quantified by the ascorbic acid method. Briefly, ammonium molybdate ((NH4)6Mo7O24∙4H2O) 

and antimony potassium tartrate (K(SbO)C4H4O6∙½H2O) react in an acid medium with dilute 

solutions of orthophosphate to form an intensely colored antimony-phospho-molybdate complex. 

This complex is reduced to an intensely blue-colored complex by ascorbic acid and the 

absorbance of the complex is measured at 700 nm wavelength by a UV-VIS spectrophotometer 

(Shimadzu UV-2550, Japan). VFA (HAc and HPr) concentration was analyzed by a high-

performance liquid chromatography (HPLC) (Thermo Scientific, Accela, USA) equipped with a 

photo-diode array (210 nm) and an ultraviolet detector. PHA and glycogen content of freeze-

dried biomass were determined by gas chromatography (GC) (Agilent, 7890A, USA) equipped 

with a flame ionization detector according to the method described by Werker et al. (2008). 

Briefly, 0.5 mL concentrated hydrochloric acid (37% w/v) and 1.5 mL of butyl alcohol were 

added in a 12-mL glass tube containing 20~30 mg weighted dried biomass. The tube was capped 

and incubated at 100 °C for 8 h and subsequently cooled down to room temperature. Then, 2.5 

mL hexane and 4 mL deionized water were added into the tube to extract the hydrolysis and 

derivatization products. After vortex mixing (10 s) and subsequent centrifugation (2500 ×g for 

10 min), one mL of the upper solvent (hexane) phase was transferred to a standard 2-mL GC vial 

for GC analysis and quantification. Benzoic acid was used as the method reference standard (RS) 

for calibration. MLSS and MLVSS were determined according to a modified Standard Methods 
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for the Examination of Water and Wastewaters specifically for AGS (APHA 2005; Pronk et al., 

2014). The ash content was calculated as the ratio of (MLSS-MLVSS)/MLSS.  

Specific conversion rates were calculated as the slope of the initial linear portion of the 

profiles of the corresponding chemicals and normalized by the active biomass concentration. The 

active biomass concentration was determined as MLVSS excluding PHB (Poly-β-

hydroxybutyrate), PHV (Poly-β-hydroxyvalerate) and glycogen content (active biomass = 

MLVSS - PHB - PHV - glycogen), and the concentration was expressed as C-mol/L units by 

considering the composition of PAO (CH2.09O0.54N0.20P0.015) (Smolders et al., 1994a).  

Anaerobic ATP production was calculated based on the conversion of polyphosphate (r1) 

and glycogen (r2) during the anaerobic phase. 

r1:   3 2 3 4

( )polyP

HPO H O ATP H PO  
 

r2:   10/6 5/6 2 3/2 1/2 2

( )

1 2 1 1 1

6 3 3 2 2

glycogen

CH O H O CH O CO NADH ATP    
 

Thus, the hydrolysis of 1 P-mol polyphosphate yields 1 mol ATP and 1 mol phosphate; the 

degradation of 1 C-mol glycogen yields 0.5 mol ATP (Smolders et al., 1994b). 
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3.3 Results 

3.3.1 Enrichment of PAO cultures 

SBR1 and SBR2 were fed with the same synthetic wastewater and operated under the same 

condition except they were inoculated with a different biomass (51% PAOI and 23% GAO in 

SBR1 and 35% PAOII and 7% GAO in SBR2). Once the two SBRs reach to the steady state, the 

MLVSS content and VSS/TSS ratio were 10.6 ± 0.3 g/L and 67 ± 2 % in SBR1 and 10.8 ± 0.7 

g/L and 63 ± 2 % in SBR2 (Fig. 3.1a, b). Nitrification and phosphorus removal were gradually 

established (Fig. 3.1c, d), and were accompanied by a decrease of VSS/TSS ratio in both SBRs 

(Fig. 3.1a, b). Ammonium and phosphorus were almost completely removed within 25 (SBR1) 

to 50 (SBR2) days of operation and nitrite was not accumulated in both SBRs. Effluent nitrate 

was constantly lower in SBR1 (8.1 ± 2.5 mg NO3
-
-N /L) than in SBR2 (19.8 ± 3.2 mg NO3

-
-N /L) 

(Fig. 3.1c, d). Steady-state conditions were achieved after approximately 130 days of operation. 

The ash content was above 30% in both SBRs. The high ash content is characteristic of enriched 

PAO cultures, indicating high poly-P content (Welles et al., 2014). 

P-release during the anaerobic phase of a typical SBR cycle was 3.30 and 1.73 P-mmol/L in 

SBR1 and SBR2, respectively (Fig. 3.2). All acetate and propionate (4.92 C-mmol/L after 

dilution) were consumed during the anaerobic phase resulting in a P/HAc ratio of 0.67 P-mol/C-

mol and 0.35 P-mol/C-mol in SBR1 and SBR2, respectively. The total glycogen consumption in 

SBR1 (1.50 C-mmol/L) was lower than in SBR 2 (5.95 C-mmol/L). In the aerobic phase, the 

specific PO4
3-

-P uptake rate was 9.4 P-mmol/(C-mol·h) in SBR1 and 4.9 P-mmol/(C-mol·h) in 

SBR2. At the end of the aerobic phase, the active biomass concentration was estimated about 

334 C-mol/L in SBR1 and 352 C-mol/L in SBR2. 
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(a) (b) 

  

(c)  (d) 

  

Fig. 3.1. Suspended solids (TSS and VSS) concentrations and effluent concentrations of NH4
+
-N, 

NO2
-
-N, NO3

-
-N and PO4

3-
-P for: (a, c) SBR1 and (b, d) SBR 2. Suspended solids (TSS and VSS) 

concentrations were determined at the end of the aerobic phase. 
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Fig. 3.2. Concentration profiles of polyphosphate (PO4-P), acetate (HAc), propionate (HPr), 

glycogen (gly), poly-β-hydroxybutyrate (PHB) and poly-β-hydroxyvalerate (PHV) observed 

during a typical cycle under pseudo steady-state conditions in (a) SBR1 and (b) SBR2.  

 

FISH analysis demonstrated that ‘Candidatus Accumulibacter phosphatis’ were highly 

enriched in both SBR1 (96±3%) and SBR2 (95±3%), as seen from the similar surface area 

coverage of PAOmix probes and EUB338mix probes in FISH images (Fig. 3.3a, b). ‘Candidatus 

Competibacter phosphatis’ was not detected in both reactors. Additional FISH analysis targeting 

different clades of ‘Candidatus Accumulibacter phosphatis’ showed PAOI was the dominant 

PAO clade (97 ± 5% of total PAO) in SBR1, whereas PAOII was the dominant PAO clade 

(89±9% of total PAO) in SBR2 and the fraction of PAOI was 9 ± 6% (Fig. 3.3c, d). The qPCR 

results confirmed that PAOI and PAOII were the dominant PAO clades in SBR1 and SBR2, 

respectively (Table 3.2). 

 

(a) (b) 
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(a) (b) 

  

(c) (d) 

  

Fig. 3.3. Representative FISH images (the granule samples were taken on Day 183) showing the 

distribution of bacterial populations in the enriched cultures in (a, c) SBR1 and (b, d) SBR2. In 

Figures a and b, blue: EUB mix (Cy5); purple (superposition of blue and red): PAO mix (Cy3); 

and cyan green (superposition of blue and green): GAO mix (Fluos). In Figures c and d, blue: 

PAO mix (Cy5), cyan green (superposition of blue and green): PAO clade I (Fluos), and purple 

(superposition of blue and red): PAO clade II (Cy3). 
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Table 3.2. Relative abundance of specific Accumulibacter clades within the total 

Accumulibacter lineage
a
 

 I IIA IIB IIC IID 

SBR1
b 

95.0±3.0% \ 0.2±0.1% 4.8±0.9% \ 

SBR2
b 

4.2±1.1% 30.9±1.9% 8.1±2.4% 56.1±5.6% 0.7±0.2% 
 

a 
The relative abundance of specific clades within the Accumulibacter lineage was obtained by dividing the 

ppk1 copy number of each clade by the sum of the ppk1 copy numbers from five clades. The numbers in bold 

indicate the dominant clade among the five clades in each sludge sample. “\” indicates that no effective 

amplification was detected in the qPCR assay. 
b 
The granule samples were taken on Day 183. 

 

3.3.2 Effect of salt on the anaerobic and aerobic kinetic rates of enriched PAOI and 

PAOII cultures 

All rates were expressed as initial active biomass specific rates based on the profiles of 

interest (PO4-P, HAc (anaerobic tests only), glycogen and PHA) observed in the batch tests. 

Linear regression was applied to get the slope (concentration/time) of the initial linear portion of 

the aforementioned profiles. The linear portion lasted at least 30 min and the R-squared values 

were all above 0.95 except for the PO4-P profiles of the biomass from SBR2 at high salinity 

since the phosphate uptake was almost completely inhibited. The rates of consumption are 

plotted on negative y-axis and rates of production or accumulation are plotted on positive y-axis 

(Fig. 3.4).  
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(a) (b) 

  

(c) (d) 

  

 

Fig. 3.4. Specific initial conversion rates of polyphosphate (P), glycogen (Gly), acetate (HAc) 

and poly-β-hydroxyalkanoate (PHA) for the control and different salinity tested. (a) Anaerobic 

batch tests with enriched PAOI cultures from SBR1; (b) anaerobic batch tests with enriched 

PAOII cultures from SBR2; (c) aerobic batch tests with enriched PAOI cultures from SBR1; (d) 

aerobic batch tests with enriched PAOII cultures from SBR2.The rates of conversions producing 

ATP were plotted in negative y axis while the rates of conversions consuming ATP were plotted 

in positive y axis. The error bars were the standard deviations of duplicate experiments. 
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In anaerobic control batch tests, the biomass from SBR1 had a higher qPan, qHAcan and 

qPHAan but lower qGlyan (51.1 ± 2.7 P-mmol/C-mol, 98.0 ± 3.1 C-mmol/C-mol, 151.5 ± 6.6 C-

mmol/C-mol, 30.8±2.4 C-mmol/C-mol) than biomass from SBR2 (25.7 ± 0.8 P-mmol/C-mol, 

73.5 ± 3.5 C-mmol/C-mol, 114 ± 4.4 C-mmol/C-mol and 88.3 ± 4.9 C-mmol/C-mol). The 

addition of 0.171 mol/L NaCl or KCl (10 g/L NaCl or 12.7 g/L KCl) resulted in limited 

inhibition on the anaerobic kinetic rates of PAOI enriched biomass from SBR1. Compared to the 

control batch test, the qPan, qGlyan, qHAcan and qPHAan decreased by 7.8%, 12.3%, 11.2% and 

18.0% at salinity of 0.171 mol/L NaCl and 15.1%, 16.9%, 16.3% and 24.7% at salinity of 0.171 

mol/L KCl (Fig. 3.4a). When the salinity increased to 0.256 mol/L NaCl or KCl, the inhibition 

was pronounced as indicated by a sharp decrease (63-83%) in qPan, qGlyan, qHAcan and qPHAan 

(Fig. 3.4a). The overall degree of inhibition on PAOII enriched biomass from SBR2 was similar 

to SBR1. The qPan, qGlyan, qHAcan and qPHAan decreased by 6-33% at 0.171 mol/L NaCl or 

KCl, and 40-77% at 0.256 mol/L NaCl or KCl (Fig. 3.4b). PAOI enriched biomass had 

significantly higher qPan and lower qGlyan than PAOII enriched biomass (t-test, P < 0.01). 

Interestingly, at the same salinity in terms of mole concentration, the specific anaerobic 

conversion rates measured from NaCl batch tests were constantly higher than those measured 

from the KCl batch tests regardless of the origin of biomass (Fig. 3.4a, b) (t-test, P < 0.01 for 

qPan, qHAcan and qPHAan in PAOI enriched biomass and qPan, qGlyan, qHAcan in PAOII 

enriched biomass; P < 0.1 for qGlyan in PAOI enriched biomass and qPHAan in PAOII enriched 

biomass). In addition, we calculated the specific ATP production rates according to Smolders et 

al. (1994b) (Fig. 3.5). The enriched biomass from SBR1 (mainly PAOI) and SBR2 (mainly 

PAOII) had comparable specific ATP production rates at salinity of zero (i.e. control) and 0.171 

mol/L NaCl or KCl, but the ATP derived from poly-P degradation was higher in the biomass 
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from SBR1 than SBR2. At salinity of 0.256 mol/L NaCl or KCl, the proportion of ATP derived 

from poly-P further increased in the biomass from SBR1 (increased by 0.5-1.1% at 0.171 mol/L 

NaCl or KCl and 5-6% at 0.256 mol/L NaCl or KCl, compared to the control, similarly hereafter) 

but decreased in the biomass from SBR2 (decreased by 4.6-7.7% at 0.171 mol/L and 29-30% at 

0.256 mol/L). 

(a) (b) 

  

Fig. 3.5. Specific ATP production rates calculated from anaerobic batch tests and the percent 

contribution to ATP production from poly-P degradation and glycolysis for the control and 

different salinity tested. (a) Anaerobic batch tests with enriched PAO I cultures from SBR1; (b) 

anaerobic batch tests with enriched PAO II cultures from SBR2. 

 

In aerobic control batch tests, the biomass from SBR1 and SBR2 had comparable PHA 

consumption rates (54.2 ± 4.0 C-mmol/C-mol and 56.9 ± 4.6 C-mmol/C-mol, respectively). The 

phosphate uptake rate in the biomass from SBR1 (21.0 ± 0.9 P-mmol/C-mol) was 2 times higher 

than SBR2 (10.6 ± 0.2 P-mmol/C-mol), while the glycogen formation rate in the biomass from 

SBR1 (12.5 ± 0.9 C-mmol/C-mol) was 3.4 times lower than SBR2 (42.7 ± 4.5 C-mmol/C-mol). 

Aerobic conversion rates were more sensitive to salt compared with anaerobic conversion rates. 
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For the biomass from SBR1, the qPHAae, qPae, qGlyae dropped by 49%, 58%, and 49% at salinity 

of 0.171 mol/L NaCl and 41%, 50% and 39% at salinity of 0.171 mol/L KCl (Fig. 3.4c). Further 

inhibition occurred at higher salinity, especially on qPae, which decreased by 74% at 0.256 mol/L 

NaCl and 70% at 0.256 mol/L KCl (Fig. 3.4c). The degree of inhibition on PHA consumption 

and glycogen formation of the biomass from SBR2 was similar to SBR1. The qPHAae decrease 

by 46-56% and qGlyae by 46-62 % at all salinity tested (Fig. 3.4d). However, the phosphate 

uptake of biomass from SBR2 was almost negligible at 0.171 mol/L NaCl or KCl, and at 0.256 

mol/L NaCl or KCl, phosphate was released (Fig. 3.4d). The differences in qPae and qGlyae 

between PAOI enriched biomass and PAOII enriched biomass were also significant (t-test, P < 

0.01). In contrast to the phenomenon observed in anaerobic batch tests, at the same salinity in 

terms of mole concentration, the specific aerobic conversion rates measured from NaCl batch 

tests were lower than those measured from the KCl batch tests (t-test, P < 0.05 for qPae, qGlyae 

and qPHAan in PAOI enriched biomass; P < 0.1 for qGlyae in PAOII enriched biomass) 

regardless of the origin of biomass (Fig. 3.4c, d). The difference in the inhibition on aerobic 

activities between NaCl and KCl was not as evident as those on anaerobic activities. For some 

aerobic conversions, the difference was smaller than the coverage of standard deviations, 

probably due to the low aerobic specific conversion rates which resulted in a high relative error.  

3.3.3 Effect of salt on the anaerobic and aerobic stoichiometry of enriched PAOI and 

PAOII cultures 

In anaerobic batch tests, the P-release/HAc-uptake ratio(P/HAc) and glycogen-

consumption/HAc-uptake ratio (Gly/HAc) of the biomass from SBR1 (mainly PAOI) was stable 

when the salinity was increased from zero (i.e. control) to 0.171 mol/L NaCl or KCl (Table 3.3), 
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which was in line with the limited inhibition observed by the kinetic rates. At salinity of 0.256 

mol/L NaCl or KCl, the P/HAc increased to 0.71-0.75 P-mol/C-mol, whereas Gly/HAc did not 

vary much with the increase in salinity and remained around 0.33 C-mol/C-mol. The P/HAc of 

the biomass from SBR2 (mainly PAOII) was stable at all salinity tested, while Gly/HAc 

increased by approximately 21% at salinity of 0.171 mol/L NaCl or KCl and 70% at sanity of 

0.256 mol/L NaCl or KCl (Table 3.3). Taken together, these results suggest that in the anaerobic 

phase, PAOI tend to use mainly intracellular poly-P degradation for ATP production to 

compensate for the increased energy demand at high salinity, while PAOII uses mainly 

glycolysis of intracellularly stored glycogen to meet their energy demand at high salinity. The 

PHA formation/HAc uptake ratio (PHA/HAc) slightly decreased by 10-15% at all salinity tested 

for biomass from both SBR1 and SBR2 (Table 3.3). 

In aerobic control batch tests, the P-uptake/PHA consumption ratio (P/PHA) was higher in 

the biomass from SBR1 than SBR2, whereas the glycogen formation/PHA consumption ratio 

(Gly/PHA) was lower in the biomass from SBR1 than SBR2 (Table 3.3). The Gly/PHA was 

largely unaffected by salinity regardless of the origin of biomass. In contrast, the P/PHA 

decreased with increase in salinity. However, the changes of P/PHA with salinity were different 

for the biomass from SBR1 and SBR2. The P/PHA in the biomass from SBR1 gradually 

decreased with the increase in salinity (decreased by approximately 40% at salinity of 0.256 

mol/L NaCl or KCl), while the P/PHA in the biomass from SBR2 was close to zero at salinity of 

0.171 mol/L NaCl or KCl and was negative at salinity of 0.256 mol/L NaCl or KCl.  
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Table 3.3 Stoichiometric values of enriched PAOI and PAOII cultures for the control and 

different salinity tested in this study 

Enriched 

cultures 

Salinity 

(mol/L) 

Anaerobic Aerobic 

P/HAc 

(P-mol/C-mol) 

Gly/HAc 

(C-mol/C-mol) 

PHA/HAc 

(C-mol/C-mol) 

P/PHA 

(P-mol/C-mol) 

Gly/PHA 

(C-mol/C-mol) 

PAO I 

 

Control 0.52 ± 0.03 0.31 ± 0.02 1.44 ± 0.07 0.39 ± 0.02 0.23 ± 0.02 

NaCl-0.171 0.54 ± 0.02 0.31 ± 0.02 1.35 ± 0.05 0.32 ± 0.01 0.23 ± 0.02 

KCl-0.171 0.53 ± 0.01 0.31 ± 0.02 1.30 ± 0.05 0.32 ± 0.01 0.24 ± 0.01 

NaCl-0.256 0.75 ± 0.03 0.33 ± 0.03 1.26 ± 0.06 0.22 ± 0.02 0.21 ± 0.01 

KCl-0.256 0.71 ± 0.02 0.34 ± 0.09 1.31 ± 0.15 0.24 ± 0.01 0.22 ± 0.01 

PAO II 

 

 

 

Control 0.33 ± 0.01 1.21 ± 0.07 1.56 ± 0.06 0.19 ± 0.01 0.75 ± 0.09 

NaCl-0.171 0.37± 0.01 1.49 ± 0.07 1.37 ± 0.11 0.01 ± 0.01 0.74 ± 0.02 

KCl-0.171 0.33± 0.01 1.44 ± 0.04 1.41 ± 0.06 0.02 ± 0.02 0.74 ± 0.03 

NaCl-0.256 0.32± 0.02 2.10 ± 0.07 1.34 ± 0.10 -0.09 ± 0.03 0.64 ± 0.02 

KCl-0.256 0.32 ± 0.01 2.02 ± 0.13 1.19 ± 0.15 -0.11 ± 0.02 0.64 ± 0.02 

 

3.4 Discussion 

3.4.1 Confirmation of intrinsic physiological differences between PAOI and PAOII 

Despite operating the two SBRs under the same condition for more than 7 months, highly 

enriched cultures of PAOI and PAOII were cultivated in SBR1 and SBR2, respectively. This 

suggests that the competitive difference between PAOI and PAOII was small and the type of 

inoculum was an important parameter for their enrichment. Skennerton et al. (2015) also 

observed that the inoculum was the major factor influencing the Accumulibacter clades 

enrichment in lab-scale reactors. During the steady-state, the denitrification capability in SBR1 

was higher than SBR2, and which was indicated by the constantly lower effluent nitrate in SBR1 

(8.1 ± 2.5 mg NO3
-
-N /L) than SBR2 (19.8 ± 3.2 mg NO3

-
-N /L). This is in agreement with the 
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previous finding that PAOIA can use nitrate as electron acceptor for anoxic P-uptake, while 

PAOIIA cannot (Flowers et al., 2009). In addition, both cycle analysis and anaerobic control 

batch tests showed a relatively high P/HAc and low Gly/HAc for the biomass from SBR1, and a 

relatively low P/HAc and high Gly/HAc for the biomass from SBR2. Welles et al. (2015a) 

reported that when poly-P is not stoichiometrically limiting for the anaerobic VFA uptake, PAO 

I performed the typical PAO metabolism (showing P/HAc of 0.64 P-mol/C-mol and Gly/HAc of 

0.29 C-mol/C-mol, pH = 7.0). In typical PAO metabolism, the ATP needed for VFA uptake and 

PHA formation was mainly derived from poly-P conversion; and the reducing power (NADH) 

needed for the conversion of VFA into PHA was provided by glycolysis of intracellularly stored 

glycogen, which also generated some ATP (Mino et al., 1998). In the same study by Welles et al. 

(2015a) and under similar conditions of no poly-P limitation, PAO II exhibited a mixed PAO-

GAO metabolism (showing P/HAc of 0.22 P-mol/C-mol and Gly/HAc of 0.96 C-mol/C-mol, pH 

= 7.0). In GAO metabolism, ATP and NADH are derived 100% from glycolysis (Zhou et al., 

2008). By comparing the anaerobic stoichiometric values in the current study to those obtained 

by Welles et al. (2015a), it can be confirmed that the biomass from SBR1 and SBR2 used 

different anaerobic metabolic pathways for VFA uptake. Taken together, the biomass from SBR1 

with enriched PAO I culture and SBR2 with enriched PAO II culture exhibited intrinsic 

physiological differences.  

3.4.2 PAO I and PAO II respond differently to salt 

Anaerobic batch tests showed that the proportion of ATP derived from poly-P increased in 

the biomass from SBR1 but decreased in the biomass from SBR2 at increased salinity. In line 

with the kinetics results, the P/HAc ratio in the biomass from SBR1 and the Gly/HAc ratio in the 
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biomass from SBR2 increased with the salinity. These results suggest that PAOI relies on poly-P 

degradation while PAOII on glycolysis for energy production to maintain their anaerobic 

activities when exposed to high salinity.  

Aerobic batch tests showed that the degree of inhibition on PHA consumption and glycogen 

formation in the biomass from SBR1 and SBR2 were comparable but the inhibition on P uptake 

was more serious in the biomass from SBR2 (phosphate was even released) than SBR1. The loss 

of P uptake ability in the biomass from SBR2 at high salinity was probably due to their higher 

glycogen formation compared with the biomass from SBR1. As the PHA consumption was 

comparable in the biomass from SBR1 and SBR2, a higher glycogen formation means less PHA 

can be used for energy production via tricarboxylic acid cycle (TCA) (Smolders et al., 1994). In 

addition, the glycogen formation will consume some energy resulting in less energy available for 

P uptake. In some cases, PAO has to release phosphate to maintain their cell homeostasis as it 

occurred in this study at salinity of 0.256 mol/L NaCl or KCl. Compared with the biomass from 

SBR1, during the aerobic phase, the biomass from SBR2 need to convert more PHA and spend 

more energy to replenish their glycogen stock as more glycogen has been degraded in the 

previous anaerobic phase (5.95 C-mmol/L in SBR2 vs. 1.50 C-mmol/L in SBR1).  On the other 

hand, the biomass from SBR1 can replenish their relatively small glycogen pool at lower energy 

cost and still perform P uptake with the remaining energy at the salinity tested. 

Moreover, it worth noting that for the biomass from SBR1, P uptake was more sensitive 

(70-74% reduction at 0.256 mol/L NaCl or KCl) than glycogen formation (53-58% reduction at 

0.256 mol/L NaCl or KCl) with respect to salinity. This preferential inhibition could be 

explained by the differences in energy demand for each process. According to a stoichiometric 

model of aerobic metabolism of PAO, the energy demands for poly-P recovery and glycogen 
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recovery were 1.26 mol ATP/P-mol poly-P and 0.83 mol ATP/C-mol glycogen, respectively 

(Smolders et al., 1994a). If PAO suffers from any energy limitation, it is logical that glycogen 

synthesis is less affected than poly-P formation since the former requires less energy. 

The degree of inhibition of salt on the anaerobic and aerobic kinetics was different 

regardless of the origin of biomass. Significant inhibition on all aerobic conversion rates was 

observed in the biomass from both SBR1 and SBR2. In contrast, the inhibition of salt on 

anaerobic conversion rates was moderate. This observation that aerobic conversion rates are 

more sensitive than anaerobic conversion rates to salt is in agreement with the experiment 

executed on enriched PAOII culture (in the form of flocculant sludge) (Welles et al. 2014, 

2015b). In anaerobic phase, PAO can generate energy from both intracellular poly-P degradation 

and glycolysis of intracellularly stored glycogen. In aerobic phase, energy is usually produced 

from PHA catabolism and the subsequent oxidative phosphorylation, which is highly sensitive to 

salinity as indicated by the low half inhibition value (0.2% wt/vol) at which 50% inhibition in O2 

-uptake rate occurred (Welles et al., 2015b). Currently this seems the best explanation for the 

aerobic conversion rates being more sensitive to salinity than anaerobic conversion rates. Future 

studies using metatranscriptomics and proteomics are needed to provide deeper insights on the 

metabolism shift of different PAO clades in response to salt (He et al., 2010; He and McMahon, 

2010; Mao et al., 2014; Barr et al., 2016). 

Based on the above results, schematic diagrams (Fig. 3.6) were constructed to depict the 

conversions of VFA, phosphate, polyphosphate, PHA and glycogen during anaerobic-aerobic 

cycles of enriched PAOI (Fig. 3.6a) and PAOII (Fig. 3.6b) cultures at high salinity. In the 

anaerobic phase, both PAOI and PAOII could uptake sufficient VFA and store it as PHA, and the 

main source of energy was provided by poly-P and glycogen, respectively. In the aerobic phase, 
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PAOII stored glycogen more quickly than PAOI but was nearly unable to accumulate phosphate. 

In summary, PAOI is more robust than PAOII in terms of their capability for phosphorus 

removal at high salinity. 

(a) (b) 

  

Fig. 3.6. Schematic diagrams showing the change in the concentrations of volatile fatty acids 

(VFA), phosphate (PO4), polyphosphate (poly-P), poly-ß-hydroxyalkanoate (PHA) and glycogen 

during anaerobic-aerobic cycles of enriched (a) PAOI and (b) PAOII cultures at high salinity. 

3.4.3 Comparison of the effect of Na
+
 and K

+
 on PAO activities 

The effect of the same mole concentration of NaCl and KCl on PAO activities was 

compared in this study. Taking the specific conversion rates measured under NaCl conditions as 

a reference, KCl exhibited stronger inhibition in anaerobic phase than aerobic phase. K
+
 is a 

counterion of PO4
3-

 and in the anaerobic phase intracellular K
+
 will be released outside the cells 

accompanied with PO4
3-

. The transportation of K
+
 outside the cell membrane will cost more 

energy under high KCl concentration as the transportation of ions against concentration gradient 

costs energy (Oren, 1999). On the other hand, in the aerobic phase under high extracellular KCl 

concentration, K
+
 diffuses into the cell down its concentration gradient without energy 

expenditure during poly-P synthesis (Harold, 1986; Mitchell, 1986). 
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The presented data is based on short-term (2 hours) experiments. In general, the tolerance of 

microorganisms to salt might be increased by long-term adaptation (Bassin et al., 2012). Since 

K
+ 

serves as a signaling molecule to trigger osmo-adaptation processes (Roesler et al., 2001), the 

long-term effect of K
+
 and Na

+ 
on PAO might be more different, and which need to be studied in 

the future. 

3.4.4 Implications and future studies 

The results of this study revealed that different PAO clades have different tolerance or 

response to salinity, with PAOI being more tolerant to salt than PAOII. This suggests that for salt 

water systems inoculation with granular sludge containing PAOI clade is something to consider. 

Although there is no solid strategy in the literature to selectively enrich for different PAO clades, 

it seems based on previous long-term (months to years) lab-scale studies that low COD/P ratio 

(Welles et al., 2015) and low temperature (Tian et al., 2013) could select for PAOI culture. 

Acevedo et al. (2012) observed a significant change in Accumulibacter from Type I to Type II as 

the poly-P availability decreased in their short-term (18 days) experiment. This suggests that 

poly-P storage levels can affect the competition between PAOI and PAOII, and could potentially 

be used as a strategy to enrich for the desired PAO clades. However, unlike laboratory 

experiments, these strategies might not be practical to implement in full-scale AGS wastewater 

treatment plants treating saline wastewater. More research is needed to develop practical 

strategies for enriching PAOI culture in real AGS plants for the treatment of saline wastewater. 

The results of the current study were based on short-term (2 hours) experiments using 

synthetic saline wastewater containing Na
+
 or K

+
. However, in the case of toilet flushing, the 

salinity of the wastewater is largely coming from seawater which contains salt-tolerant species, 
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and they might be enriched in the treatment plant after long-term operation affecting carbon and 

nutrient removal. In addition, seawater contains other ions such as magnesium (Mg
2+

) and 

calcium (Ca
2+

) that may cause phosphate precipitation (Angela et al., 2011). Also, sulfate (SO4
2-

) 

present in seawater can be reduced by sulfate reducing bacteria (SRB) in wastewater to sulphide 

(H2S/HS
-
), which has an inhibiting effect on many microorganisms including PAO (Comeau et al. 

1986; Koster et al. 1986; Saad et al., 2017; Rubio Rincon et al., 2017). Hence, future studies 

should be conducted using seawater and evaluated for longer periods.  

 

3.5 Conclusions 

The effect of salt on the kinetics and stoichiometry of enriched PAO I and PAO II cultures 

was compared in this study. The following conclusions could be drawn:  

 PAO I and PAO II had intrinsic differences in response to salt inhibition. In anaerobic 

phase, PAO I uses poly-P as the main energy source to uptake HAc, while PAO II depends 

on glycolysis of intracellularly stored glycogen to uptake HAc. In aerobic phase, the loss of 

phosphate uptake capability was more pronounced in PAO II due to the higher energy cost 

to synthesize their larger glycogen pool compared to PAO I.  

 In general, PAO I was more robust than PAO II in terms of their capability for 

phosphorus removal at high salinity. 

 Aerobic conversion rates were more sensitive to salt than anaerobic conversion rates.  

 Potassium and sodium ions had different effect on PAOs. Taking the specific conversion 

rates measured under NaCl conditions as a reference, KCl exhibited stronger inhibition in 

anaerobic phase than aerobic phase. 
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Abstract  

Aerobic granular sludge (AGS) is an emerging bioprocess for energy efficient and cost-effective 

treatment of domestic and industrial wastewaters. The AGS bioprocess relies on microbial 

communities selected to grow as granules instead of flocs. Here, we analyzed the microbial 

communities in a full-scale AGS plant in Garmerwolde, the Netherlands, periodically over 6 

months using high-throughput amplicon sequencing. Our analysis depicted that the core 

microbiome of AGS system was largely similar with the core microbiome of conventional 

activated sludge plants despite having smaller footprint. Subsets of dominant microbial 

communities of different-sized microbial aggregatesin the plant, including flocs (FL), small 

granules (SG) and large granules (LG), and microbial communities in the influent wastewater 

(WW), effluent (EF) and excess sludge (ES) were utilized to estimate the solids retention time 

(SRT) and the net growth rate of individual operational taxonomic units (OTUs) using a mass 

balance approach. The LG had longer SRT of 140 days compared to SG (9 days) and FL (7 days). 

The SRT influenced the enrichment of slow-growing bacteria, mainly polyphosphate-

accumulating organisms and nitrifiers, in larger microbial aggregates. Further, the results pointed 

that 9% (FL), 3% (SG) and 0.6% (LG) of the OTUs with apparent negative net growth rate, and 

their observed abundance in the AGS plant was not due to self-proliferation but rather due to 

colonization from the source species pool (regional factor). In conclusion, our findings suggest 

that local factor (SRT) had more impact in shaping the microbial communities in larger-sized 

microbial aggregates and the regional factor (immigration) had more influence on the microbial 

communities of smaller-sized microbial aggregates. 
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4.1 Introduction 

Aerobic granular sludge (AGS) process, in comparison with conventional activated sludge 

(CAS) process, has many advantages such as small footprint, simultaneous removal of carbon 

and nutrients in a single reactor tank, and ability to withstand toxic shock loading (Pronk et al., 

2015; Beun et al., 2001; Heijnen and van Loosdrecht, 2003). Due to the high settling rate of 

granular sludge, dedicated settling tanks are not required, thus a saving of 80% in required area is 

possible (Bruin et al., 2004). A recent study of a full-scale AGS plant in Garmerwolde, the 

Netherlands demonstrated this technology could save three quarters of footprint and up to 60% 

of capital and operation costs, with effluent quality comparable or even better than CAS process 

(Pronk et al., 2015). This illustrates that the AGS technology can compete with exiting biological 

wastewater treatment technologies and it can become the standard for biological wastewater 

treatment in the near future. 

Like other engineered microbial ecosystems such as CAS systems and anaerobic digester, a 

firm understanding of the microbial ecology of AGS system is essential for optimal reactor 

design and operation to improve bioprocess efficiency and stability (Rittmann et al., 2006). Most 

community ecology studies in AGS system have been limited to laboratory-scale studies 

(Ebrahimi et al., 2010; Li et al., 2008; Gonzalez-Gil and Holliger 2011; Weissbrodt et al., 2014, 

Zhang et al., 2011), with one study in a pilot-scale AGS reactor (Winkler et al., 2013). Thus, a 

large knowledge gap exists regarding the microbial ecology of full-scale AGS plants. In contrast 

many studies have been conducted in recent years for investigating the microbial ecology of full-

scale CAS systems (Zhang et al., 2012; Vuono et al., 2016, 2015; Ju and Zhang, 2015; Meerburg 

et al., 2016; Saunders et al., 2015) and anaerobic sludge digesters (Saunders et al., 2015). These 
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studies were mainly motivated to study the effects of different operating conditions and influent 

wastewater compositions (Shchegolkova et al., 2016) on microbial community structure and 

immigration from the regional species pools. Since AGS process is regarded as a strong 

candidate to replace CAS process, it could be worthwhile comparing the microbiome of the two 

systems. 

In addition, a full-scale AGS plant is an excellent platform to address some fundamental 

aspects of microbial biogeography related to bacterial community assembly. Generally, 

community assembly can be shaped by local habitat conditions (so-called species sorting) 

including interspecies interactions and environmental conditions as well as regional factors (i.e. 

immigration from receiving species pool) (Leibold et al., 2004). For example, the community 

composition of biofilms in glacier-fed stream was mainly shaped by the conditions of local 

geology (e.g. α-diversity of the biofilm communities decreased with elevation; β-diversity of the 

biofilms decreased with increasing stream water temperature) (Wilhelm et al., 2013). Likewise, a 

shift in microbial community composition was observed in a full-scale CAS wastewater 

treatment system when the bioprocess was disturbance by lowering the SRT which provided 

opportunity for bacterial species in influent wastewater to colonize in activated sludge (Vuono et 

al., 2015). Immigration can be defined as colonization of bacteria from the regional species pool 

(e.g. influent wastewaters) to the receiving ecosystem (e.g. microbial aggregates in AGS systems 

or activated sludge in CAS systems). Numerous examples demonstrated the effect of local 

factors in shaping bacterial community assembly in microbial ecosystem associated with niche 

differentiation. However, a few experimental studies conducted on effect of immigration on 

microbial community assembly in full-scale activated sludge process (Vuono et al., 2016; 

Saunders et al., 2015) and anaerobic sludge digesters (Kirkegaard et al., 2017). It is probably 
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because that estimating the effect of immigration is not as straightforward as species sorting 

(Lindstrom and Lagenheder, 2012).  

A full-scale AGS plant is a unique ecosystem harbor different-sized microbial aggregates in 

the same bioreactor, consequently receiving the same regional bacterial species pool (i.e. influent 

wastewater). The solids retention time (SRT) represents the average time that microorganisms 

reside in a bioreactor, and can be regarded as a local factor to manipulate microbial diversity and 

composition (Winkler et al., 2012; Vuono et al., 2015). This could be achieved by the 

characteristic segregation of the different-sized microbial aggregates along the depth of sludge 

bed and selective excess sludge removal strategies (Winkler et al. 2011). Practically, small-sized 

microbial aggregates (i.e. flocs) have shorter SRT compared to large-sized microbial aggregates 

(i.e.large granules) in AGS systems because they are wasted more during the excess sludge 

removal phase. For a particular organism to be maintained in the bioreactor, its net growth rate 

should be ≥ 1/SRT; otherwise, they will be washed out from the bioreactor (Bagchi et al., 2015), 

unless immigrated with the influent stream. Saikaly and Oerther (2004) showed theoretically 

stronger oscillations in species abundances caused by shorter SRTs. Meerburg et al. (2016) 

reported that high-rate (i.e. low SRT) activated sludge communities had a different structure than 

low-rate (i.e. high SRT) activated sludge communities and were less subjected to local factors. 

Taken together, these results suggest that communities with different SRTs respond differently to 

local and regional factors.  

Therefore, we hypothesized that different-sized microbial aggregates in AGS ecosystem 

respond differently in enrichment of microbial community and immigration of microbial 

community from source species pools. To test this hypothesis, we combined high-throughput 

amplicon sequencing technique with simple mass balance approach to characterize the putatively 



130 

 

 

active and inactive (immigrating) microbial population. We characterized the microbial 

community of influent, effluent, excess sludge and the bulk (mixed liquor) along with different-

sized microbial aggregates of a full-scale AGS plant in the Netherlands. The SRT and the net 

growth rates of operational taxonomic units (OTUs) in the AGS plant was estimated by the mass 

balance approach (Saunders et al., 2015; Mei et al., 2016). The calculated net growth rates of the 

different OTUs were used to evaluate the effect of incoming microbes from the source species 

pool (i.e. influent wastewater) to the receiving microbial aggregates. 

 

4.2 Materials and methods 

4.2.1 Plant and sampling 

Influent wastewater, mixed liquor, excess sludge, and effluent samples were collected on a 

biweekly basis for a period of six months (August 2014-February 2015) from a full-scale AGS 

treatment plant located in Garmerwolde, the Netherlands (Fig. 4.1).  
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Fig. 4.1. (a) Location of the Garmerwolde wastewater treatment plant in The Netherlands. (b) 

Photograph showing the existing activated sludge-based wastewater treatment system next to the 

Nereda® aerobic granular sludge (AGS) plant (extension to the existing plant) in the front. (c) 

The process scheme of the AGS plant showing (1) influent buffer tank, (2) AGS reactor 1, (3) 

AGS reactor 2, (4) sludge buffer tank, (5) mixed sludge buffer tank, (6) sludge thickener, and (7) 

sludge digester. Sampling locations for microbiological analysis are presented as red dots in Fig. 

1c.  

 

The sampling locations for microbiological analysis are presented as Fig. 4.1c. The mixed 

liquor samples were collected from Nereda
®
 reactor 1 during the aeration phase when the reactor 

was well mixed; then they were washed and separated into three fractions by wet sieving with 

two different sieves (0.2 mm and 1.0 mm mesh size). The microbial aggregates were 
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characterized as flocs (<0.2 mm), small granules (0.2 to 1.0 mm), and large granules (>1.0 mm). 

In addition, mixed liquor samples were collected from Nereda
®
 reactor 2 during the aeration 

phase, but without size fractionation. The influent, mixed liquor, excess or surplus sludge, and 

effluent samples were centrifuged at 5,000 rpm for 10 minutes to get the pellets. All samples 

were stored at -20°C prior to processing. The AGS treatment plant started operation in July 2013, 

and its performance in terms of chemical oxygen demand (COD) and nutrient (N and P) removal 

was stable throughout the sampling period (Pronk et al., 2015). The treatment performance on a 

monthly average basis is summarized in Table 4.1.  

 

Table 4.1 Monthly averages in the effluent of the full-scale aerobic granular sludge plant in 

Garmerwolde, the Netherlands.  

 BOD5 

(mg/L) 

COD 

(mg/L) 

TN 

(mg/L) 

NH4
+
-N 

(mg/L) 

NO3
-
-N 

(mg/L) 

TP 

(mg/L) 

PO4
3-

-P 

(mg/L) 

Aug. 2014 4 38 7.5 1.8 3.0 2.0 0.3 

Sep. 2014 4 32 5.8 1.4 2.5 0.7 0.6 

Oct. 2014 6 41 4.6 2.1 2.1 0.8 0.4 

Nov. 2014 6 49 6.0 1.7 3.2 0.7 0.3 

Dec. 2014 8 55    10.4 4.6 3.3 1.0 0.3 

Jan. 2015 5 35 9.4 2.9 3.9 0.4 0.1 

Feb. 2015 6 46    11.0 2.9 4.9 0.5 0.2 

 

4.2.2  DNA extraction and 16S rRNA gene sequencing 

For each sample, approximately 0.2 g of biomass was subjected to five successive 

extractions using PowerBiofilm DNA isolation kit (MoBio Laboratories, Inc., Carlsbad, CA) 

following manufacturer’s protocol with a modified bead-beating time of 2 minutes. The DNA 

from the 5 successive extractions was pooled together for further analyses and sequencing. This 
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method has been proven that it can adequately reduce DNA extraction bias in many situations 

(Feinstein et al., 2009). The DNA concentration determined with Quant-iT Broad-Range DNA 

Assay kit (Q33130, Invitrogen, CA, USA) using the manufacturer’s protocol. A subset of 

samples was picked at random, and their DNA integrity was validated by gel electrophoresis 

using Tapestation 2200 and Genomic Screentapes (Agilent Technologies, Germany). The 16S 

rRNA genes were amplified with forward primer Pro341F (5’-CCTACGGGNBGCASCAG-3’) 

and reverse primer Pro805R (5’-GACTACNVGGGTATCTAATCC-3’) (Takahashi et al., 2014) 

targeting the V3-V4 region.  

The V3-V4 16S rRNA sequencing libraries were prepared by a custom protocol based on 

Illumina protocol. Sample template DNA was diluted to 5 ng/uL, and if DNA concentration was 

lower than 5 ng/uL then it was used without dilution. Nuclease free water (Qiagen) was used as 

negative control and activated sludge DNA originating from a Danish wastewater treatment plant 

was used as a positive control. The bacterial V3-4 16S gene fragment was amplified using 

polymerase chain reaction (PCR). Each PCR reaction (25 uL) contained 7.65 uL nuclease free 

water (Qiagen), 2.5 uL 10× High Fidelity PCR buffer (Life Technologies), 2 uL dNTP (5 mM), 

0.75 uL MgSO4 (50 mM), 10 uL tailed-primer mix (1 uM of each forward and reverse primer), 

0.1 uL Platinum Taq DNA Polymerase High Fidelity (5U/µL, Life Technologies) and 2 uL DNA 

template. PCR reactions were run in duplicate using the following program: Initial denaturation 

at 95 C for 2 min, 35 cycles of amplification (95
o
 C for 20 s, 50

o
 C for 30 s, 72

o
 C for 60 s) and a 

final elongation at 72
o
 C for 5 min. The forward and reverse tailed-primers were designed 

according to Illumina protocol and contained a primer set targeting the bacterial V3-4 16S gene 

(forward primer: 5’-CCTACGGGNBGCASCAG, and reverse primer: 5’-

GACTACNVGGGTATCTAATCC) (Takahashi et al., 2014). The primer tails enable attachment 
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of Illumina Nextera adaptors for sequencing in a subsequent PCR. The amplicon libraries were 

purified using AgencourtAmpure XP Bead (Beckman Coulter) according to vendor 

recommended protocol, with a bead to sample ratio of 4:5 and the DNA was eluted in 23 uL of 

nuclease free water (Qiagen). Sequencing libraries were prepared from the purified amplicon 

libraries using a second PCR. Each PCR reaction (25 uL) contained 7.5 uL of Nuclease free 

water (Qiagen), 5 uL of 5x PCRBIO HiFi buffer (PCRBiosystems), 0.5 uL of PCRBIO HiFi 

Polymerase (2U/ul) (PCRBiosystems), 10 uL of Nextera adaptor mix (1 uM of each forward and 

reverse) and 2 uL of amplicon library template. PCR was run with following program: Initial 

denaturation at 95
o
 C for 2 min, 8 cycles of amplification (95

o
 C for 20 s, 55

o
 C for 30 s, 72

o
 C 

for 60 s) and a final elongation at 72
o
 C for 5 min. The sequencing libraries were purified using 

AgencourtAmpure XP Bead (Beckman Coulter) according to vendor recommended protocol, 

with a bead to sample ratio of 4:5 and the DNA was eluted in 18 uL of nuclease free water 

(Qiagen). DNA concentration was measured using Quant-iT DNA Assay Kit (Life Technologies). 

Gel electrophoresis using Tapestation 2200 and D1000 screentapes (Agilent) was used to check 

the correct size (ca. 525 bp) and purity of randomly picked sequencing libraries. 

The purified sequencing libraries were pooled in equimolar concentrations and diluted to 4 

nM. The samples were paired-end sequenced (2x301bp) on a MiSeq (Illumina, Carlsbad, CA, 

USA) using a MiSeq Reagent kit v3, 600 cycles (Illumina) following the standard guidelines for 

preparing and loading samples on MiSeq. Raw sequences were deposited at NCBI Sequence 

Read Archive (SRA) under accession number (SRP115069).  
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4.2.3 Sequence processing and microbial diversity analysis 

Forward and reverse reads were trimmed for quality using Trimmomatic v. 0.32 (Bolger et 

al., 2014) with the settings SLIDINGWINDOW:5:3 and MINLEN:275. The trimmed forward 

and reverse reads were merged using FLASH v. 1.2.7 (Magoč and Salzberg, 2011) with the 

settings -m 25 -M 200. The merged reads were dereplicated and formatted for use in the 

UPARSE workflow (Edgar, 2013). The dereplicated reads were clustered, using the usearch v. 

7.0.1090 -cluster_otus command with default settings. Chimeras were filtered by-cluster_otus 

command. Operational taxonomic units (OTUs) abundances were estimated using the usearch v. 

7.0.1090 -usearch_global command with 97% sequence identity threshold, which corresponds to 

the taxonomic level of species for bacteria (Ju and Zhang, 2015). Taxonomy was assigned using 

the RDP classifier (Wang et al., 2007) as implemented in the parallel_assign_taxonomy_rdp.py 

script in QIIME (Caporaso et al., 2010), using the MiDAS database v.1.20 (McIlroy et al., 2015).  

Alpha diversity indices (observed OTUs; Chao 1 richness estimator; Shannon; Simpson) 

were calculated in QIIME based on samples subsampled down to the minimum number of reads 

to avoid artifacts due to an uneven sequencing effort among samples. Beta diversity metrics were 

derived from rarefied OTU table after data sets rarefied to the minimum number of reads per 

sample using QIIME. Nonmetric multidimensional scaling (NMDS) and Principal component 

analysis (PCA) were performed  in R (R Core Team, 2013) through the Rstudio IDE using the 

vegan package 2.4.3 (Oksanen et al., 2017) and ampvis package v.1.9.1 (Albertsen et al., 2015). 

Network-based analysis and visualization was performed in an open source software Cytoscape 

v.3.5.1 (Shannon et al., 2003) and Venn diagram was prepared using Venn and Euler Diagrams 

app in Cytoscape environment. 
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4.2.4 Calculation of SRT and net growth rates from amplicon data 

The solids retention time (θx) and the net growth rate (µx) of an organism (x) or OTU in the 

AGS plant was calculated using a recently proposed mass balance approach (Saunders et al., 

2015). We assumed that the AGS system was at steady state (i.e. there was no net change in the 

number of cells in the AGS system (Nx,AGS
). At steady-state, θx was calculated using equation (1).  

qx =
Nx,AGS

nx,ES + nx,EF - nx,WW
        (1) 

 

where: 

q x  solids retention time of organism x in the AGS plant  

Nx,AGS
 number of cells of organism x in the AGS plant 

nx,WW
 number of cells of organism x entering with influent wastewater per day (d

-1
) 

nx,ES
 number of cells of organism x removed with excess sludge per day (d

-1
) 

nx,EF
 number of cells of organism x removed with the effluent per day (d

-1
) 

 

Here, for simplicity we assumed that the observed read abundance of each species-level 

OTU is equal to the actual abundance of that organisms in the different samples (i.e. influent 

wastewater, flocs, small granules, large granules, excess sludge and effluent) (Saunders et al., 

2015). This assumption has some limitations due to: (i) variation in the 16S rRNA gene copy 

number per genome for the different species; (ii) differences in the specificity of the primers 

used in this study; and (iii) biases due to PCR and DNA extraction. However, these biases are 

universal for amplicon sequencing. The correction for the different 16S rRNA gene copy number 

per genome is not possible due to lack of reference genomes (Albertsen et al., 2013). However, 

this issue can be resolved as more reference genomes become available in the future. 
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Defining the relative abundance (%) of organism (x) in the influent wastewater, AGS plant, 

excess sludge and effluent as px,WW , px,AGS , px,ES  and px,EF , respectively, equation (1) can be 

rearranged as:  

qx =
px,AGSNAGS

px,ESnES + px,EFnEF - px,WWnWW
       (2) 

 

where 

NAGS  total number of cells in the AGS plant 

nWW  total number of cells entering with influent wastewater per day (d
-1

) 

nES  total number of cells removed with excess sludge per day (d
-1

) 

nEF  total number of cells removed with the effluent per day (d
-1

) 

 

Primary data on the Germerwolde AGS plant was obtained from a previous study on the same 

AGS plant (Pronk et al., 2015). The parameters in equation (2) were calculated as follows: 

 

Calculation of nWW  

The total number of cells in the influent wastewater was calculated assuming cell concentration 

in average dry weather sewage of about 1.4 × 10
14

 cells m
-3 

(Vollertsen et al., 2001). The 

Germerwolde AGS plant receives 28,600 m
3
 d

-1
 as average dry weather flow (Pronk et al., 2015). 

Hence, 

nWW = 1.4 ´1014 cells
m3 ´ 28,600m

3

d
= 4 ´1018 cells

d
 

 

Calculation of NAGS  

The abundance of organisms in sludge was reported as 2 × 10
15

 cells per kg sludge 
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(Morgan-Sagastume et al., 2008). The total volume of the Germerwolde AGS plant was 19,200 

m
3
, in total there were two tanks (9,600 m

3
 each). The total sludge mass in the Germerwolde 

AGS plant was previously measured as 153,600 kg (8 kg m
-3

 × 19,200 m
3
) (Pronk et al., 2015). 

Hence, 

NAGS = 2 ´  1015 cells
kg

´153,600kg = 3.1´1020cells
 

 

Calculation of nES  

The amount of excess sludge wasted from the Germerwolde AGS plant was determined 

previously as 3,900 kg d
-1 

(Pronk et al., 2015). Therefore, total number of cells wasted with the 

excess sludge was determined as: 

nES = 2 ´  1015 cells
kg

´ 3,900
kg
d

= 7.8 ´1018 cells
d  

 

Calculation of nEF  

The relative abundance of the populations leaving with the effluent is also equally important as 

the population in the excess sludge. The concentration of cells in the effluent was reported as 

10
13

 cells m
-3

(Morgan-Sagastume et al., 2008). Hence, the total number of cells leaving with the 

effluent is calculated as: 

nEF = 1013 cells
m3 ´ 28,600m

3

d
= 2.9 ´1017 cells

d
 

 

Replacing these values in equation (2), we get: 

qx =
px,AGS 3.1´1020cells( )

px,ES 7.8 ´1018 cells
d( ) + px,EF 2.9 ´1017 cells

d( ) - px,WW 4 ´1018 cells
d( )

  (3) 
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Values of px,WW , px,AGS , px,ES  and px,EF for the different organisms were determined from the 

OTU table including mixed liquor, influent wastewater, excess sludge and effluent samples. 

OTUs with relative read abundance ≥ 0.1% were selected for calculating equation (3).  

 

The net growth rate of organism (x) was determined using equation (4): 

mx =
1

q x
          (4) 

 

Estimation of the solids retention time for the whole AGS plant  

The weighted average solids retention time was calculated by equation (5): 

qAGS =
1

n
qx ´ px,AGS( )

x=1

n

å         (5) 

The observed number of OTUs (n) with relative read abundance≥ 0.1%  in the AGS plant 

constituted 73.6% of the total reads. To calculate the solids retention time, the weighted average 

solids retention time was divided by 73.6%, as shown in equation (6): 

qAGS =
qAGS

px,AGS

x=1

n

å
´100          (6) 

 

Estimation of the solids retention time for the different fractions (i.e. flocs, small granules and 

large granules) in the AGS plant 

The fractions of AGS sludge was previously determined for flocs (20%), small granules (20%) 

and large granules (60%) (Pronk et al., 2015). Based on this information, equation (2) can be 

used to determine the solids retention time of flocs, small granules and larges granule in the AGS 

plant.  
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Estimation of the solids retention time for flocs 

The following equations were used to determine the solids retention time and net growth rate for 

flocs. 

Equation (2) can be rewritten as equation (7): 

qx,FL =
px,FLNFL

px,ESnES + px,EFnEF - px,WWnWW
      (7) 

 

Since flocs constituted 20% of the AGS sludge mass, the total number of cells in flocs can be 

determined as: 

NFL = 20%´NAGS = 0.2 ´ 3.1´1020cells = 6.1´1019cells  

 

Replacing the value of NFL in equation (7), we get: 

qx,FL =
px,FL 6.1´1019cells( )

px,ES 7.8 ´1018 cells
d( ) + px,EF 2.9 ´1017 cells

d( ) - px,WW 4 ´1018 cells
d( )

  (8) 

 

Values of px,WW , px,FL , px,ES  and px,EF  for the different organisms were determined from the 

OTU table including flocs, influent wastewater, excess sludge and effluent samples.OTUs with 

relative read abundance ≥ 0.1% were selected for calculating equation (8). 

 

To determine the net growth rate for flocs, the following equation was used: 

mx,FL =
1

qx,FL

          (9) 

 

The weighted average solids retention time for flocs was calculated as. 



141 

 

 

qFL =
1

n
qx ´ px,FL( )

x=1

n

å          (10) 

 

The observed OTUs in flocs with relative read abundance ≥ 0.1% constituted 75.5% of the total 

reads. Therefore, the solids retention time of flocs in the AGS plant was estimated by the 

following equation: 

qFL =
qFL

px,FL

x=1

n

å
´100          (11) 

 

Estimation of the solids retention time for small granules 

The following equations were used to determine the solids retention time and net growth rate for 

small granules. 

Equation (2) can be rewritten as equation (12): 

qx,SG =
px,SGNSG

px,ESnES + px,EFnEF - px,WWnWW
      (12) 

 

Since small granules constituted 20% of the AGS sludge mass, the total number of cells in small 

granules can be determined as: 

NSG = 20%´NAGS = 0.2 ´ 3.1´1020cells = 6.1´1019cells 

 

Replacing the value of NSG in equation (12), we get: 

qx,SG =
px,SG 6.1´1019cells( )

px,ES 7.8 ´1018 cells
d( ) + px,EF 2.9 ´1017 cells

d( ) - px,WW 4 ´1018 cells
d( )

 

 (13) 
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Values of px,WW , px,SG , px,ES  and px,EF  for the different organisms were determined from the 

OTU table including small granules, influent wastewater, excess sludge and effluent samples. 

OTUs with relative read abundance ≥ 0.1% were selected for calculating equation (13). 

 

To determine the net growth rate for small granules, the following equation was used: 

mx,SG =
1

qx,SG

          (14) 

 

The weighted average solids retention time of small granules was determined using equation 15: 

qSG =
1

n
qx ´ px,SG( )

x=1

n

å          (15) 

 

The observed OTUs in small granules with relative read abundance≥ 0.1% constituted 72.9% of 

the total reads. Therefore, the solids retention of small granules in the AGS plant was estimated 

by the following equation: 

qSG =
qSG

px,SG

x=1

n

å
´100          (16) 

 

Estimation of the solids retention time for large granules 

The following equations were used to determine the solids retention time and net growth rate for 

large granules. 

Equation (2) can be rewritten as equation (17): 

qx,LG =
px,LGNLG

px,ESnES + px,EFnEF - px,WWnWW
      (17) 
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Since large granules constituted 60% of the AGS sludge mass, the total number of cells in large 

granules can be determined as: 

NLG = 60%´NAGS = 0.6 ´ 3.1´1020cells =1.8 ´1020cells  

 

Replacing the value of NLG in equation (17), we get: 

qx,LG =
px,LG 1.8 ´1020cells( )

px,ES 7.8 ´1018 cells
d( ) + px,EF 2.9 ´1017 cells

d( ) - px,WW 4 ´1018 cells
d( )

 

 (18) 

 

Values of px,WW , px,LG , px,ES  and px,EF  for the different organisms were determined from the 

OTU table including large granules, influent wastewater, excess sludge and effluent samples. 

OTUs with relative read abundance ≥ 0.1% were selected for calculating equation (13). 

 

To determine the net growth rate for small granules, the following equation was used: 

mx,LG =
1

qx,LG

          (19) 

 

The weighted average solids retention time of small granules was determined using equation 15: 

qLG =
1

n
qx ´ px,LG( )

x=1

n

å         (20) 

 

The observed OTUs in small granules with relative read abundance≥ 0.1% constituted 78.9% of 

the total reads. Therefore, the solids retention of small granules in the AGS plant was estimated 

by the following equation: 

qLG =
qLG

px,LG

x=1

n

å
´100          (21) 
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4.3 Results 

4.3.1 Dominant and rare community 

The Garmerwolde full-scale AGS wastewater treatment plant showed consistent 

performance in terms carbon and nutrient removal during the study period (Table 4.1). A total of 

100 samples were sequenced corresponding to7 types of samples including influent wastewater 

(WW), flocs (FL), small granules (SG), large granules (LG), mixed liquor of AGS reactor 1 

(AGS1), mixed liquor of AGS reactor 2 (AGS2), excess sludge (ES) and effluent (EF) from the 

AGS plant. Of the 100 samples, 10 samples produced very low number of reads (<10,000 reads 

per sample) and were discarded from subsequent analysis. The average number of non-chimeric, 

quality-filtered reads was 57,925 with a minimum and maximum of 33,057 and 83,373, 

respectively. In total 5,213,266 non-chimeric, quality-filtered reads were clustered into 2,095 

OTUs at 97% identity. The average number of OTUs assigned to the different categories were 

742±141 (WW, n=11), 1347±258 (FL, n=12), 1550±91 (SG, n=13), 1223±63 (LG, n=12), 

1426±161 (AGS1, n= 14), 1434±187 (AGS2, n= 5), 1445±140 (ES, n=10), and 1380±138 (EF, 

n=13). 

Microbial diversity is large and thus functional characterization is practical for only a 

fraction of the species in a given system. Therefore, the dominant community concept might be 

useful to identify putatively important organisms (Gibson et al., 1999). We classified microbial 

community in AGS system as dominant or rare based on their abundance. We defined dominant 

OTUs as those present at relative read abundance ≥ 0.1% in a certain type of sample. These 

dominant OTUs accounted for most (~ 80%) of the carbon and nutrient turnover in wastewater 

treatment (Saunders et al., 2015).  
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Fourteen samples of the mixed liquor of the AGS plants were analyzed, a few dominant 

OTUs made up a large proportion of the reads. We further classified OTUs into four groups 

based on the frequency with which they were observed and the number of samples in which they 

were dominant (relative read abundance ≥ 0.1%). Group 1 (core) organisms were dominant in 

every sample and consisted of 55 OTUs that made up 43% of the total reads (Fig. 4.2, red). 

Group 2 (frequent) organisms were frequently observed and dominant in at least 5 samples and 

made up 33% of the total reads (Fig. 4.2, yellow). Group 3 (transient) organisms were dominant 

in less than 5 samples and made up 13% of the total reads (Fig. 4.2, green). The remaining 1515 

OTUs (Group 4) were always present in low abundance and thus made up only a minor fraction 

(11%) of the total reads. The core microbiome of this full-scale AGS system was compared to 

the core microbiome of 13 full-scale conventional activated sludge systems (Fig. 4.3). More than 

50% of the core OTUs of the AGS systems were also detected in conventional activated sludge 

plants, showing the core microbiome of the both systems was largely similar. 
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Fig. 4.2. Comparison of observation frequency and frequency of dominant species-level OTUs in 

the Aerobic Granular Sludge (AGS) System. The OTUs were plotted with gradient color scale 

indicate the lowest and the highest number of OTUs with grey and black color, respectively. The 

OTUs were grouped into four categories based on their observed frequency and the number of 

samples in which they were dominant. Group 1 (core): always dominant in all samples 

(earmarked with red), Group 2 (frequent): Observed in > 10 samples and dominant in ≥ 5 

samples (earmarked with yellow), Group 3 (transient): Observed in all samples and dominant in 

≥ 1 samples (earmarked with green), Group 4: not dominant in any sample (earmarked with 

grey). 
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Fig. 4.3. Comparison of core OTUs in Aerobic Granular Sludge (AGS) system with the core 

OTUs in Danish conventional activated sludge (CAS) plants previously studied by Saunders et al. 

(2015). The core OTUs were classified down to the lowest classifiable taxonomic level (G, F, O, 

and C represent genus, family, order and class). Abundance/absence are represented with the red 

marker and the size of the marker shows the relative read abundance (%) of the respective core 

OTU. Percentage of shared number of core OTUs between AGS and the respective CAS plant 

are depicted with filled circles in panel (a) and Percentage abundance of the shared core OTUs 

are presented with filled circles in panel (b).  

 

The number of dominant OTUs with their total relative abundance in each category was: 

WW (101 OTUs, 87%), FL (195 OTUs, 76%), SG (233 OTUs, 73%), and LG (171 OTUs, 79%). 

Venn diagram depicted the shared and unique dominant OTUs in each sample category (Fig. 4.4). 

The relative read abundance of unique OTUs (i.e. those present in only one sample category) 

was 22% (WW), 2% (FL), 8% (SG) and 9% (LG) in the respective samples. Thirty-six per cent 

of dominant OTUs arriving with the wastewater appeared to affect the observed diversity in the 

AGS system (Fig. 4.4). Dominant OTUs in WW were mostly shared with FL (37 OTUs 

corresponding to 65% of the dominant reads in WW), and then gradually decreased in SG (23 

OTUs corresponding to 51% of the dominant reads in WW) and LG (10 OTUs corresponding to 

36% of the dominant reads in WW). FL and SG shared the highest number of OTUs (total of 

164). 
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Fig. 4.4. Venn diagram showing the unique and shared OTUs between influent wastewater 

(orange), flocs (red), small granules (green) and large granules (blue). OTUs with relative read 

abundance ≥ 0.1% were chosen for each category. The relative read abundance was shown 

enclosed in round brackets (influent wastewater), square brackets (flocs), curly brackets (small 

granules) and straight brackets (large granules). 

 

The most dominant OTUs (relative read abundance ≥ 1%) in WW, FL, SG and LG 

classified down to the lowest classifiable taxonomic rank were sub-sampled and plotted as a 

heatmap to visualize the dynamics of individual taxa and the effect of WW on FL, SG and LG 

(Fig. 4.5). Taxa that were highly abundant in WW, such as those belonging to Firmicutes, 

Bifidobacterium (affiliated to phylum Actinobacteria) and Comamonadaceae (affiliated to 
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phylum Proteobacteria), progressively decreased in abundance with increase in microbial 

aggregate size (i.e. from FL to LG). The relative abundance of the genus Acinetobacter in WW 

was increased by 2 orders in two sampling events (Dec. 17, 2014 and Jan 14, 2015). This sharp 

increase was also observed in FL on the corresponding dates, but not in SG and LG. The result 

suggested that a sudden change in the relative abundance of dominant influent OTUs mainly 

affected the FL but not SG and LG. 

 

 

Fig. 4.5. Heatmap distribution of the most dominant OTUs (> 1.0%) classified down to the 

lowest classifiable taxonomic level (G, F, O, C and P represent genus, family, order, class and 

phylum) for the influent wastewater, flocs, small granules and large granules. 
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As mentioned earlier, rare community are also important organisms as some could be 

critical to the process and understanding their ecology is important for the optimization and 

design of the AGS process. We identified 1300 OTUs (WW), 1744 OTUs (FL), 1725 OTUs 

(SG), and 1584 OTUs (LG), with relative read abundance < 0.1%, and were classified as rare. 

Several putative functional genera (such as Candidatus Accumulibacter, Ca. Epiflobacter. 

Tetrasphaera, Dechloromonas and Nitrospira) that were rare in WW samples were progressively 

enriched with the increase in microbial aggregate size (i.e. from FL to LG). These examples 

illustrate the potential importance of rare organisms and underline the need to study the 

remaining uncharacterized rare community. In that case, the WW rare OTUs which were 

particularly abundant (>1%) in FL (6 OTUs), SG (6 OTUs) and LG (13 OTUs) could be selected 

first for further characterization.  
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4.3.2 Microbial community diversity of different-sized microbial aggregates 

Four different alpha-diversity measures (Observed OTUs; Chao 1; Shannon; Simpson) were 

calculated based on samples sub-sampled down to the minimum number of reads (Fig. 4.6). The 

alpha-diversity of WW samples was much lower than the other 5 types of samples. Among the 

different-sized microbial aggregates, SG samples had the largest alpha-diversity followed by FL 

and LG (t-test, P<0.05 for FL vs. SG, SG vs. LG and LG vs. FL). In addition, the alpha-diversity 

of FL was highly variable during the sampling period compared to SG and LG. The stability of 

the microbial communities of FL, SG and LG over time was visualized using Bray-Curtis 

similarity (Fig. 4.7). The decrease in average similarity with increase in time interval was plotted 

for estimating the community stability over time. A decrease in similarity as a function of 

increasing time interval was observed for all types of samples. The average similarities for FL, 

SG and LG were 0.59, 0.70 and 0.77, and the coefficients of logarithmic trend lines were -0.13, -

0.11, and -0.04, respectively. Taken together, these results suggest that the LG had the highest 

community stability over time as compared to SG and FL.  

The similarity between the different types of samples was also estimated by a variety of 

multivariate statistic tools. We first performed nonmetric multidimensional scaling (NMDS) 

analysis based on both Bray-Curtis and unweighted UniFrac distance (Fig. 4.8). In general, FL 

samples were located closer to WW samples followed by SG and LG. This suggests that FL 

samples had the highest similarity with WW sample, followed by SG and LG. In addition, the 

microbial communities in WW and FL were more dynamic than LG and SG as can be seen by 

their wider distribution in the NMDS plot. Similarly, principal component analysis (PCA) on 
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square-root transformed OTU showed that the WW and LG samples had the largest difference in 

microbial community structure compared to the rest of the samples (Fig. 4.9).  

 

 

Fig. 4.6. Four different alpha diversity indices were calculated based on samples sub-sampled to 

30,000 sequences. The upper and lower bounds of boxes denote the 25
th

 and 75
th

 percentiles, the 

vertical lines denote the max and min values, the horizontal lines within the box represent the 

median, and the outliers are shown as dots. 
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Fig. 4.7. Stability of the microbial community over time visualized using Bray-Curtis similarity. 

The similarity between all time-points was calculated and then plotted for flocs (red triangle), 

small granules (green circle) and large granules (blue square). Values close to 1 mean that the 

two time-points have very similar microbial communities. The best fit trend line was plotted for 

each sample type, showing clearly that the microbial communities in large granules were more 

stable than small granules and flocs.  
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(a) (b) 

  
 

 

Fig. 4.8. Nonmetric multidimensional scaling (NMDS) plot of influent wastewater, flocs, small 

granules, and large granules based on Bray-Curtis (a) and unweighted UniFrac distance (b). The 

ellipse indicates that a random assemblage of the corresponding samples falls within at a 

confidence of 0.95. 
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Fig. 4.9. Principal component analysis (PCA) showing the relatedness in the microbial 

community structure between the influent wastewater, flocs, small granules, large granules, 

effluent and excess or surplus sludge samples collected from the full-scale aerobic granular 

sludge plant in Garmerwolde, The Netherlands. The samples were colored based on sample type. 

Samples that are located close to each other have similar microbial communities. It can be seen 

that the influent wastewater and large granule samples have the largest difference in microbial 

community structure compared to the other samples. 
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4.3.3 Different-sized microbial aggregates have different SRTs 

The AGS system is unique bioprocess compared to conventional activated sludge as 

different-sized microbial aggregates co-exist in the same reactor. In the Garmerwolde AGS plant, 

selective pressure was applied to retain fast settling large microbial aggregates and smaller 

microbial aggregates were wasted more during excess sludge withdrawal phase. Therefore, 

different-sized microbial aggregates are expected to have different SRT in the system. We 

combined high-throughput sequencing data with simple mass balance approach to estimate the 

SRT of the dominant OTUs in the AGS system and different-sized microbial aggregates. We 

assumed that the observed read abundance of each species-level OTU is equal to the actual 

abundance of those organisms in the system. To estimate the SRT of the whole AGS system, we 

applied the mass balance model schematically described in Fig. 4.10. The dominant OTUs 

(representing 73.6% of the total reads) observed in AGS1 were used for estimating the SRT of 

the whole AGS plant. The calculated SRT was 32.8±30.1 days, which was within the measured 

SRT (20-38 days) values of the same AGS plant (Pronk et al., 2015). The same mass balance 

approach was applied to determine the SRT of the different-sized microbial aggregates in the 

AGS system using the mass balance model schematically described in Fig. 4.11. FL has the 

lowest SRT of 7.4±4.5 days (dotted red line), followed by SG with SRT of 9±3.2 days (dotted 

blue line) (Fig. 4.12). The calculated SRT of LG was 140.2±72.6 days (dotted green line), which 

was significantly longer than SG and FL. 
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Fig. 4.10. Mass balance model used for estimating the solids retention time (SRT) and net 

growth rate of dominant species-level OTUs detected in the full-scale aerobic granular sludge 

plant in Garmerwolde, The Netherlands.   

 

Fig. 4.11. Mass balance model used for estimating the solids retention time (SRT)and net growth 

rate of dominant OTUs detected in the flocs, small granules, and large granules of the full-scale 

aerobic granular sludge plant in Garmerwolde, The Netherlands. 
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Fig. 4.12. Comparison of the relative read abundance (%) and net growth rate of the dominant 

species-level OTUs detected in the flocs (red circles), small granules (blue circles), and large 

granules (green circles) in the full-scale aerobic granular sludge plant. Dominant OTUs are 

defined as OTUs with relative abundance≥0.1%.OTUs with net growth rate greater than zero 

(white-shaded) indicate active OTUs in the AGS plant, whereas OTUs with negative net growth 

rate (gray-shaded) indicate inactive OTUs. The red, blue and green dashed lines correspond to 

the calculated average solids retention time (SRT) for the flocs (7 days), small granules (9 days) 

and large granules (140 days), respectively.  
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4.3.4 Relative abundance of functional groups in the different-sized microbial aggregates 

The relative abundance of potential functional bacterial groups (functions obtained from the 

MiDAS field guide) in FL, SG and LG is shown in Fig. 4.13. Ammonia-oxidizing bacteria (AOB) 

and nitrite-oxidizing bacteria (NOB) each contained only two OTUs for all type of samples, 

e.g.AOB (Nitrosomonas, OTU 497 and 541); NOB (Nitrospira OTU 7 and Ca. Nitrotoga OTU 

597), which indicated a low functional redundancy of nitrifying capability. On the contrary, 

phosphate accumulating organisms (PAO), and glycogen accumulating organisms (GAO), each 

contained at least 10 OTUs, implicating relatively high functional redundancy. Influent 

contained very few functional bacterial groups including AOB (<0.1%), NOB (<0.1%), PAO 

(~0.3%), GAO (~0.1%). Slow-growing bacteria such as AOB, NOB, PAO and GAO were more 

enriched in larger-sized microbial aggregates. For example, the relative read abundance of PAO 

and GAO were almost 3 times higher in LG (16.9% and 2.6%) than in SG (6.0% and 0.9%) and 

FL (3.9% and 0.5%). Nitrosomonas was the only detected genus of AOB, with relative 

abundance of 0.2% and 0.1% in LG and SG, respectively. Nitrospira sublineage I was the 

dominant genus of NOB with relative abundance of 3.1% (LG), 2.9% (SG) and 1.4% (FL). Ca. 

Nitrotoga (NOB) was also detected in several samples but with very low relative read abundance 

(<0.2%). Tetrasphaera and Dechloromonas were the dominant PAO genera, followed by Ca. 

Accumulibacter and Ca. Accumulimonas.  
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Fig. 4.13. The mean relative read abundance (%) of potential functional bacterial groups detected 

in the influent wastewater (WW), flocs (FL), small granules (SG) and large granules (LG). AOB: 

ammonium oxidizing bacteria; NOB: nitrite oxidizing bacteria; PAO: polyphosphate-

accumulating organisms; GAO: glycogen accumulating organisms.  

4.3.5 Effect of immigration on different-sized microbial aggregates 

To evaluate the degree to which incoming species-level OTUs were growing, and thus 

contributing to the function of AGS, their net growth rate was calculated using a mass balance 

approach. To maintain a constant amount of biomass in the Garmerwolde AGS plant, a small 

fraction of the biomass was removed daily (3,700 kg d
-1

) to keep a constant concentration of 

biomass (~8 kg m
-3

) in the system (Pronk et al., 2015). Therefore, to counter this removal, 

organisms must grow actively. However, organisms that are highly abundant in the WW may 

have sufficient cells entering the plant with the influent, and their apparent net growth rate is 
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higher than their actual net growth rate due to immigration. If immigration is high enough, these 

organisms can be sustained in the system even if their actual net growth rate is negative.  

The vast majority of OTUs (94%) had net growth rate > 0 d
-1

, indicating that they were 

actually growing in the system (Fig. 4.14). Thirteen OTUs belonging to the phylum Firmicutes, 

Proteobacteria and Actinobacteria were putatively not growing in the system, with net growth 

rate < 0 d
-1

. These organisms were highly abundant in WW with more than 50% of the reads, and 

constantly detected in the AGS plant primarily due to immigration with the influent WW. The 

effect of immigration was individually analyzed on different-sized microbial aggregates. In FL, 

18 OTUs (9%) were inactive, those OTUs had a relative read abundance ~55% in WW and were 

detected in FL mainly due to their influx with the influent (Fig. 4.15). Likewise, SG contained 7 

non-growing organisms (3%) and these organisms had a relative read abundance ~38% read in 

the influent (Fig. 4.16). On the other hand, LG had only one inactive organism (0.6%) that was 

the most dominant (29%) in WW (Fig. 4.17). Taken together, these results suggest that smaller-

sized microbial aggregates were more susceptible to the immigrant population. Furthermore, it 

was noted that LG had more OTUs (18) as compared to SG (14) and FL (1), those OTUs 

(represented as orange dots in Fig. 15-17) were not detected in WW.  
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Fig. 4.14. Comparison of relative read abundance (%) and net growth rate of dominant OTUs 

detected in the aerobic granular sludge (AGS) plant. Dominant OTUs are defined as OTUs with 

relative abundance ≥0.1%. The circles are colored based on their relative read abundance (%) in 

the influent wastewater. OTUs with net growth rate greater than zero (white-shaded) indicate 

active OTUs in the AGS plant, whereas OTUs with negative net growth rate (gray-shaded) 

indicate inactive OTUs in the AGS plant and their presence was likely due to immigration. One 

outlier OTU (with negative net growth rate) was not plotted for better visualization of the graph. 
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Fig. 4.15. Comparison of relative read abundance (%) and net growth rate of dominant OTUs 

detected in the flocs present in the aerobic granular sludge (AGS) plant. Dominant OTUs are 

defined as OTUs with relative abundance ≥ 0.1%. The circles are colored based on their relative 

read abundance (%) in the influent wastewater. OTUs with net growth rate greater than zero 

(white-shaded) indicate active OTUs in the AGS plant, whereas OTUs with negative net growth 

rate (gray-shaded) indicate inactive OTUs in the AGS plant and their presence was likely due to 

immigration.  One outlier OTU (with negative net growth rate) was not plotted for better 

visualization of the graph. 
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Fig. 4.16. Comparison of relative read abundance (%) and net growth rate of dominant OTUs 

detected in the small granules present in the aerobic granular sludge (AGS) plant. Dominant 

OTUs are defined as OTUs with relative abundance ≥ 0.1%. The circles are colored based on 

their relative read abundance (%) in the influent wastewater. OTUs with net growth rate greater 

than zero (white-shaded) indicate active OTUs in the AGS plant, whereas OTUs with negative 

net growth rate (gray-shaded) indicate inactive OTUs in the AGS plant and their presence was 

likely due to immigration. Six outlier OTUs (with 2 negative and 4 positive net growth rates) 

were not plotted for better visualization of the graph. 
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Fig. 4.17. Comparison of relative read abundance (%) and net growth rate of dominant OTUs 

detected in the large granules present in the aerobic granular sludge (AGS) plant. Dominant 

OTUs are defined as OTUs with relative abundance ≥ 0.1%. The circles are colored based on 

their relative read abundance (%) in the influent wastewater. OTUs with net growth rate greater 

than zero (white-shaded) indicate active OTUs in the AGS plant, whereas OTUs with negative 

net growth rate (gray-shaded) indicate inactive OTUs in the AGS plant and their presence was 

likely due to immigration. 
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To further illustrate the impact of immigrant population on various microbial aggregate size 

in the AGS system, a shared OTU network analysis of the dominant OTUs (relative read 

abundance ≥0.1%) was built (Fig. 4.18). In the network, the different sample types (i.e. WW, FL, 

SG, LG, ES and EF) are shown as white large nodes. Samples (i.e. white nodes) that are located 

close to each other have more OTUs shared between them. The OTU nodes were colored based 

on phylum, and the size of the OTU nodes represents the number of samples sharing that specific 

OTU. Edges radiate from the respective sample category to their OTUs, and the edge width 

corresponds to the relative read abundance of the respective OTU. The largest distance between 

samples nodes was observed between WW and LG samples, indicating that they contained less 

number of shared OTUs compared to the other samples. FL, ES and EF had the highest number 

of shared OTUs, and which is not surprising since FL had the lowest settling velocity and was 

the major contributor to ES and EF community. Among different-sized microbial aggregates, FL 

was the closest to WW, followed by SG and LG. The OTUs that are shared the most among WW 

and the other samples belong to the phylum Firmicutes, followed by Actinobacteria, 

Proteobacteria and Bacteroidetes. The network analysis depicted that the most abundant bacteria 

within the immigrant community (thick edges radiating from WW) had a greater probability of 

colonizing the receiving ecosystem, with FL showing the lowest colonization barrier and LG 

showing the strongest colonization barrier to immigrant organisms. The network analysis further 

strengthened our observation of mass balance analysis and provided a visual tool to see the effect 

of immigration on receiving ecosystems. 
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Fig. 4.18. Co-occurrence network analysis of bacterial communities of influent wastewater 

(WW), flocs (FL), small granules (SG), large granules (LG), effluent (EF) and excess sludge (ES) 

of the full-scale aerobic granular sludge plant in Garmerwolde, The Netherlands. The network 

was created using OTUs with relative read abundance≥0.1%. The nodes represent OTUs colored 

based on the phylum-level of classification. The node size represents co-occurrence of OTUs 

among the different samples. The edge thickness is proportional to the relative read abundance of 

the respective OTU in the connected samples. 
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4.4 Discussion 

The proper understanding of the ecology of bioreactor has solved the detrimental bulking 

and foaming problems caused by the overgrowth of particular filamentous organisms and also 

optimized the system performance by favoring the selection of vital bacteria over undesired 

competing bacteria (Oehmen et al., 2010; Nielsen et al., 2009). Previous microbiological 

research on conventional wastewater treatment systems has significantly improved our 

understanding of its ecology. However, the microbial ecology of AGS system is less studied, in 

particular studies on the ecology of different-sized microbial aggregates in full-scale AGS 

system are lacking. In general, the microbial community composition of the AGS plant, in terms 

of phylum classification, was similar to full-scale CAS systems in other parts of the world 

(Zhang et al., 2012; Mielczarek et al., 2013; Vuono et al., 2015). Winkler et al. (2013) compared 

the microbial communities of a pilot-scale AGS plant with a full-scale CAS plant. The two plants 

were operated in parallel receiving the same influent wastewater and were subjected to the same 

seasonal variations. Although the classification of the microbial communities was not reported, 

they showed general bacterial population of both systems had on average comparable species 

richness, entropy, and evenness (Winkler et al., 2013). In contrast, microbial ecology studies in 

lab-scale AGS reactors consistently showed that the microbial communities of granules in AGS 

were significantly different than that of the inoculated activated sludge flocs (Ebrahimi et al. 

2010, Gonzalez-Gil and Holliger 2011, Weissbrodt et al. 2014). Generally, lab-scale reactors are 

fed with artificial wastewater that has basic composition as compared to real wastewater. 

Moreover, actual wastewaters also carry lot of microbial diversity which could influence the 

shaping of microbial community in the receiving reactor. Therefore, the regional factors (i.e. 
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immigration) could only be investigated in full-scale systems receiving uninterrupted wastewater 

streams. While a large number of dominant WW community existed in the wastewater of 

geographically different sewer ecosystems. A study conducted on wastewater microbial diversity 

(in North America) reported many of the same phylum (e.g. Acinetobacter, Bacteroidetes and 

Firmicutes) were also abundant in their sewer ecosystem (Vuono et al., 2015). Many of the same 

taxa were also observed in sewage from China and North America (Zhang et al., 2012) and 

Denmark (Saunders et al., 2015; McIlroy et al., 2014). To sum up, AGS system could nourish 

similar core microbiome of activated sludge with three quarters lesser footprint and about 60% 

less capital and recurring costs to effectively treat similar municipal wastewaters. 

 In engineered ecosystems, only organisms with doubling times less than a corresponding 

SRT will be capable of growing quickly enough in the system to avoid being washed out (Vuono 

et al., 2016). A bioprocess with shorter SRTs will enrich for fast-growing organisms that are 

adapted for high resource utilization (‘r-strategists’) and typically dominate in an unstable 

environments. On the contrary, under longer SRTs, system will be highly saturated with 

organisms that are capable of efficiently utilizing scarce resources (‘K-strategists’). The SRT can 

also affect community stability. According to non-linear dynamic theory, the dynamic of 

population size is a function of growth rate. For example, the higher the growth rate, the more is 

the dynamic of population size (Curtis et al., 2003). The bacterial community composition varied 

between the different-sized microbial aggregates, where slow-growing bacteria such as AOB, 

NOB, PAOs and GAOs were enriched more in larger microbial aggregates. This phenomenon 

can be partially explained by the selection pressure of the SRT. We obtained the SRT of LG (140 

days), SG (9 days) and FL (7 days) using a mass balance approach and confirmed that LG have 

the longest SRT followed by SG and FL. The SRT value of LG were favorable for enrichment of 
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slow-growing functional bacterial species. Similar findings were reported that larger microbial 

aggregates could harbor slow-growing organisms due to higher biomass retention time (Kreuk 

and Loosdrecht, 2004; Winkler et al., 2012). 

It should be noted that the AOB were underrepresented in the microbial community of AGS 

plant, though NH4
+
-N oxidization was typical (Table 4.1), most likely justifying previous 

findings that bacteria belong to genus Nitrosomonas has high transcription activity in spite of its 

low abundance in activated sludge (Yu and Zhang, 2012). Similarly, it was previously noted in 

nitritation-anammox granules that AOB cells were exposed more to substrate (i.e. oxygen and 

ammonium) since localized in the outermost layer of the microbial aggregates, hence their 

specific activity was higher as compared to other functional groups (i.e. NOB, PAO and GAO) 

(Ali et al., 2016). It is also possible that there are unassigned or unidentified AOB. 

Substrate availability could be another reason for higher abundance of PAO and GAO in 

larger-sized microbial aggregates. Due to the difference in settling velocity among FL, SG and 

LG, the sludge bed was segregated after settling phase where LG were located at the bottom of 

the AGS reactor followed by SG and FL, which were located at the top. In the Nereda® full-

scale AGS plant, the influent WW was introduced from the bottom of the reactor, thus LG are 

exposed more to readily biodegradable COD (RBCOD, mainly volatile fatty acids), which is 

suitable for the enrichment of PAO and GAO (Seviour and Nielsen, 2010). Slowly biodegradable 

COD (SBCOD) presented in the form of suspended and colloidal solids had to be first 

hydrolyzed before they can be utilized by microorganisms (de Kreuk et al., 2010). Since 

hydrolysis is a relatively slow process, the ratio of SBCOD to RBCOD would be higher in the 

upper layer of sludge bed. 
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The importance of regional factors in shaping microbial assembly has gained increasing 

attention in recent years (Langenheder and Szekely et al., 2011; Wells et al., 2014; Vuono et al., 

2015; Saunder et al., 2016). Our results revealed immigration from the influent wastewater had 

more impact on the smaller microbial aggregates as compared to larger ones. The OTUs 

abundant in the influent with a negative net growth rate in the AGS system made up 9% (FL), 

3% (SG), and 0.6% (LG) of the observed sequence reads. Their consistent abundance as 

dominant microbial community in the receiving environment was due to the augmentation from 

the influent wastewater. The OTUs under question had high relative read abundance (> 1% in 

most cases) in the influent wastewater as can be visualized in Fig. 4.18. Saunders et al. (2015) 

estimated 10% of the total reads in the flocculent activated sludge were from non-growing OTUs 

whose abundance in the system was primarily because of immigration with the wastewater. As 

FL accounted for only 20% of the total biomass in the AGS plant, therefore overall effect of 

immigration on the AGS system ascertained as 6% much lesser than the activated sludge systems. 

The high immigration from influent WW to FL may also contribute to the high community 

dynamics of FL since the WW community was highly variable. It is very important that the 

bacterial cells, washing out from the system with effluent, should be accounted in the mass 

balance calculations (Morgan-Sagastume et al., 2008). However, the previous studies 

underestimated the net growth rate by not accounting the bacterial cells escaping the system with 

effluent stream, assuming secondary clarifier as an ideal liquid solid separator. In this study, 

effluent microbial community was also integrated into the mass balance calculations of the AGS 

system, hence yielded more realistic net growth rates. 
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4.5 Conclusions 

In summary, local factors had more influence in shaping the microbial community assembly 

of large microbial aggregates and regional factors (immigration) influenced more small 

microbial aggregates. It is pertinent to mention that these results were based on mass balance 

calculations, and actual active/inactive fraction of a microbial community should be reaffirmed 

by measuring in situ replication rates with combined meta-genomics and meta-transcriptomics 

approach (Korem et al., 2015) or with other methods such as reverse-transcribed rRNA (Foesel 

et al., 2014). This study enhanced our understanding of ecosystem robustness and stability within 

a full-scale AGS system and will enable engineers and practitioners for better microbial source 

management in such ecosystem. 
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This PhD study contains two parts. The first part of the study focused on the effect of salt 

on aerobic granulation and nutrient removal. The second part of the study addressed the 

microbial ecology of a full-scale AGS plant. This chapter summarizes the main findings of the 

study, their implications and perspectives for future research. 

5.1 Effect of salt 

5.1.1 General conclusions 

5.1.1.1 Effect of salt on granule formation and nutrient removal at moderate DO level 

The effect of salt on aerobic granulation and nutrient removal of AGS seeded with 

flocculant sludge at moderate DO level (2.5 mg/L) was investigated in Chapter 2 (phase I). 

Addition of 15 g/L NaCl did not affect the granulation speed and granules were kept stable 

during the long-term experiment, although the granules were fluffy and irregularly shaped 

compared to round and smooth granules cultivated in the salt-free reactor. However, nutrient 

removal in terms of nitrification and phosphorus removal was significantly affected due to 

inhibition of AOB and PAO. GAO (‘Candidatus Competibacter phosphatis’) was the dominant 

microorganism in the granules cultivated in saline wastewater. 

5.1.1.2 Effect of salt adaptation and DO on nutrient removal in mature granules 

The effect of gradually increasing the salt concentration (2.5 g/L to 15 g/L NaCl) and 

increasing the DO level (2.5 mg/L to 8 mg/L) on nutrient removal in AGS systems were 

investigated in Chapter 2 (phase II). Mature granules cultivated in a salt-free reactor with 

excellent N and P removal performance were used as the inoculum. A short-term batch 

experiment on the seeded sludge showed that nitrite oxidation and denitrification were relatively 
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robust at all salt concentrations while specific ammonium oxidation and phosphate uptake rate 

were significantly reduced by ~72% after addition of 10 g/L of NaCl. Increasing the DO to 8 

mg/L or adapting granules by gradually increasing the salt concentration minimized the adverse 

effect of salt on nitrification. However, these strategies were not successful for mitigating the 

effect of salt on biological phosphorus removal. No nitrite accumulation occurred in all the 

reactors suggesting that inhibition of biological phosphorus removal was not due to the 

accumulation of nitrite. GAOs were shown to be more tolerant to salt than PAO II, which was 

the dominant PAO clade detected in phase I and II.  

5.1.1.3 Effect of salt on the metabolism of different PAO clades  

The effect of salt on the metabolism (kinetics and stoichiometry) of enriched PAO I and 

PAO II cultures (‘Candidatus Accumulibacter phosphatis’ Clade I and II) were investigated in 

Chapter 3. PAO I and PAO II had intrinsic differences in response to salt inhibition and in 

general, PAO I was more robust than PAO II in terms of their capability for phosphorus removal 

at high salinity. In anaerobic phase, PAO I uses poly-P as the main energy source to uptake HAc, 

while PAO II depends on glycolysis of intracellularly stored glycogen to uptake HAc. In aerobic 

phase, the loss of phosphate uptake capability was more pronounced in PAO II due to the higher 

energy cost to synthesize their larger glycogen pool compared to PAO I. Aerobic conversion 

rates were more sensitive to salt than anaerobic conversion rates regardless of PAO clades. The 

effect of same mole of K
+
 and Na

+ 
on PAO activities was also compared in Chapter 3. Taking the 

specific conversion rates measured under NaCl conditions as a reference, KCl exhibited stronger 

inhibition in anaerobic phase than aerobic phase.  
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5.1.2 Outlook 

Results from the first part of this dissertation showed that gradually adapting granules to 

increasing salt concentration at moderate DO level could help in mitigating the adverse effect of 

salt on nitrification. However, unlike laboratory experiments, it is not practical to dilute the salt 

concentration in the influent to the full-scale wastewater treatment plant. Alternatively, 

increasing the DO to promote nitrification is a more practical approach especially after a 

temporal salinity shock. Denitrification efficiency will not be impacted by increasing the DO due 

to the formation of large granules as shown in the current study and by Di Bella and Torregrossa 

(2013). Once nitrification is restored after a shock load, the DO should be gradually reduced to a 

moderate level since a sharp DO decrease might lead to granule breakup or filamentous bulking. 

As for phosphorus removal, GAOs seem to be more tolerant to salinity than PAO II (Chapter 2), 

and PAO I was also more tolerant to salt than PAO II (Chapter 3). However, the salt tolerance of 

PAO I and GAO has not been directly compared. The maximum specific acetate uptake rate 

(qHAcan) in the anaerobic control test of this study was 98.0 ± 3.1 C-mmol/C-mol. The rate 

decreased by only 11.2% (to 87.0 ± 2.9 C-mmol/C-mol) at the salinity of 10 g/L NaCl, but it 

sharply decreased by 74.5 % (to 25.0 ± 1.2 C-mmol/C-mol) at 15 g/L NaCl. Welles et al. (2014) 

examined the anaerobic metabolism of enriched GAO culture at different salinity. The qHAcan 

was 150 C-mmol/C-mol in their control test. The rate decreased by 41% (to 88.5 C-mmol/C-mol) 

at 10 g/L NaCl and by 67% (to 50 C-mmol/C-mol) at 15 g/L NaCl. These values suggest that 

GAO may have advantage over PAO in anaerobic acetate uptake process at salinity of 15 g/L 

NaCl.  To estimate the overall competition between PAO I and GAO under saline condition, 

there is a need to investigate the effect of salt on the aerobic metabolism of GAO culture (not 
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available in literature). Ultimately, the most affected part of the metabolism of these organisms 

(either the anaerobic or aerobic one) will determine the magnitude of their occurrence in the 

system and the reliability and success of EBPR when treating saline wastewaters. 

Metabolism shift (e.g. from poly-P to glycogen) was observed between PAO I and PAO II 

under the stress of salinity. However, it is still unknown why different PAO clades have different 

metabolism shift at salt exposure. Future studies using metatranscriptomics and proteomics are 

needed to provide deeper insights on the metabolism shift of different PAO clades in response to 

salt (He et al., 2010; He and McMahon, 2010; Mao et al., 2014; Barr et al., 2016). A set of 

additional batch tests were conducted on the same enriched PAO I and PAO II cultures with the 

aim of collecting extracting RNA before and after salt addition. These samples were properly 

stored in our freezer for metatranscriptomics analysis in the near future. 

As a counterion for poly-P (Brdjanovic et al., 1998), K
+
 was shown to exhibit stronger 

inhibition in anaerobic phase than aerobic phase compared to Na
+
 in the short-term (hours) 

experiments (Chapter 3). In general, the tolerance of microorganisms to salt might be increased 

by long-term adaptation (Bassin et al., 2012). Thus, the effect of K
+
 and Na

+ 
on PAO as well as 

other microorganisms might be different in long-term experiments, which need to be studied in 

the future. 

5.2 Microbial ecology of a full-scale AGS plant 

5.2.1 General conclusions 

The microbial community structure of a full-scale Nereda® AGS plant and the role of 

regional (immigration) versus local (SRT) factors in shaping the microbial community assembly 

of different-sized microbial aggregates were addressed in Chapter 4. Influent wastewater, mixed 
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liquor, excess sludge and effluent samples were collected on a biweekly basis for a period of six 

months (August 2014-February 2015) from a full-scale AGS treatment plant located in 

Garmerwolde, the Netherlands. In addition, the mixed liquor samples were further divided into 

three categories, namely flocs (<0.2 mm), small granules (0.2 to 1.0 mm), and large granules 

(>1.0 mm). The SRT and the net growth rates of the dominant OTUs in the AGS plant was 

estimated using amplicon sequencing data and a simple mass balance approach. The calculated 

net growth rates of the different OTUs was used to evaluate the effect of incoming microbes 

from the source species pool (i.e. influent wastewater) to the receiving microbial aggregates to 

determine if their presence in the AGS plant was mainly due to active growth or immigration. In 

general, the community composition of the AGS plant was similar to activated sludge plants fed 

with similar municipal wastewaters. Local factors had more influence in shaping the microbial 

community assembly of large microbial aggregates and regional factors (immigration) influenced 

more small microbial aggregates. 

5.2.2 Outlook 

The bacterial community in large granules was stable during the 6 months of sampling 

despite seasonal changes, and different-sized microbial aggregates harbored distinct communities. 

However, community structure of granules in the same reactor may vary even within the same 

size fraction. This phenomenon has been observed in several laboratory scale reactors (Barr et al., 

2010; Winkler et al., 2011; Pronk et al., 2015). For example, Barr and colleagues (2010) found 

two distinct granule types (white and yellow) co-existing in the same reactor during the initial 

stages of aerobic granulation. The white granules comprised 97.5% of Candidatus 

Accumulibacter and 0.9% of Candidatus Competibacter, while in the yellow granules 
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Candidatus Competibacter was more dominant (57.9%) than Candidatus Accumulibacter 

(12.3%). Thus, it is interesting to sequence 10 individual granules from the same sample 

collected from a full-scale AGS plant to determine their similarity or dissimilarity. 

 The current microbial ecology study was conducted during a relatively stable period. Large 

granules showed the highest community stability but the lowest αdiversity among the three 

different-sized microbial aggregates. More work is needed to address the community shift under 

disturbance and/or during start-up (granulation) period and check whether large granules are still 

more stable than other sized granules. Microbial ecology studies of full-scale AGS plants from 

different geographical locations are also needed to verify the concept of core microbiome in 

AGS process as it has been addressed in activated sludge plants (Saunders et al., 2016) and 

anaerobic digesters (Mei et al., 2016). 

Additionally, it is pertinent to mention that these results were based on mass balance 

calculations, and actual active/inactive fraction of a microbial community should be reaffirmed 

by measuring in situ replication rates with combined meta-genomics and meta-transcriptomics 

approach (Korem et al., 2015) or with other methods such as reverse-transcribed rRNA (Foesel 

et al., 2014).  
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