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ABSTRACT 

Microbial-based evaluation of anaerobic membrane bioreactors (AnMBRs) for the 

sustainable and efficient treatment of municipal wastewater  

Moustapha Harb 

 

Conventional activated sludge-based wastewater treatment is an energy and resource-

intensive process. Historically it has been successful at producing safely treated 

wastewater effluents in the developed world, specifically in places that have the 

infrastructure and space to support its operation. However, with a growing need for safe 

and efficient wastewater treatment across the world in both urban and rural settings, a 

paradigm shift in waste treatment is proving to be necessary. The sustainability of the 

future of wastewater treatment, in a significant way, hinges on moving towards energy 

neutrality and wastewater effluent reuse. This potential for reuse is threatened by the 

recent emergence and study of contaminants that have not been previously taken into 

consideration, such as antibiotics and other organic micropollutants (OMPs), antibiotic 

resistance genes, and persistent pathogenic bacteria.  

 

This dissertation focuses on investigating the use of anaerobic membrane bioreactor 

(AnMBR) technology for the sustainable treatment of municipal-type wastewaters. 

Specifically, a microbial approach to understanding biofouling and methane recovery 

potential in anaerobic MBR systems has been employed to assess different reactor 

systems’ efficiency. This dissertation further compares AnMBRs to their more widely 

used aerobic counterparts. This comparison specifically focuses on the removal and 
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biodegradation of OMPs and antibiotics in both anaerobic and aerobic MBRs, while also 

investigating their effect on the proliferation of antibiotic resistance genes. Due to rising 

interest in wastewater effluent reuse and the lack of a comprehensive understanding of 

MBR systems’ effects on pathogen proliferation, this dissertation also investigates the 

presence of pathogens in both aerobic and anaerobic MBR effluents by using molecular-

based detection methods.  

 

The findings of this dissertation demonstrate that membrane-associated anaerobic 

digestion processes have significant potential to improve the sustainability of wastewater 

treatment. This is exemplified by attributes of AnMBR systems associated with both 

increased system efficiency and wastewater reuse potential through methane recovery 

and lower abundance of effluent microbial contaminants, respectively. Overall, the 

studies collated in this dissertation have shown that understanding the microbial 

communities of AnMBRs can play a central role in further improving these attributes and 

in reducing the risks posed by emerging contaminants and pathogens in wastewater 

treatment systems. 
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1. Introduction 

1.1. Conventional wastewater treatment and MBRs 

The future of sustainability in the 21st century is faced by several key challenges. Those 

challenges include an increased demand for providing sufficient food and clean water to 

an increasingly urban world population. The future of water security, specifically, hinges 

on several key factors. Among the most important of these factors is our ability as a 

society to systematically reduce its consumption and to find ways to reuse spent water. 

The most significant issues affecting reuse potential of treated wastewater include the 

final product’s overall quality and safety, cost efficiency associated with the water’s 

treatment, and the sustainability of the processes used [1]. In order to effectively address 

these issues, wastewater treatment approaches are undergoing a paradigm shift away 

from conventional technologies and towards improved systems with reuse and 

sustainability in mind. 

 

Activated sludge-based conventional wastewater treatment was invented over 100 years 

ago [2]. This highly effective method of biological oxidation quickly resulted in 

revolutionary changes to the developed world’s approach to sewage treatment. As this 

technology has evolved over the decades and populations have risen, it has provided a 

safe and consistent approach to domestic waste treatment and disposal for urban and 

suburban locations [3]. The activated sludge process, however, is inherently energy 

intensive because of the necessity to maintain high dissolved oxygen levels (1-2 mg/L) in 

the treatment tanks. This has led to approximately half of the energy necessary for 

treatment plant operation going towards supplying air for aeration purposes [4]. Today, 
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wastewater treatment accounts for roughly 3% of the total domestic energy load of the 

United States [5]. The coupling of activated sludge aeration with a separate secondary 

clarification step by the introduction of settling tanks has led to a further improvement of 

this process’s efficiency and effluent water quality. To achieve sufficient effluent quality, 

however, secondary clarifier design constraints have dictated the use of relatively large 

areas for sedimentation [6]. This constraint is a bottleneck when designing treatment 

plants of reduced size and footprint because of space limitations in urban locations. 

 

The original treatment efficiency of conventional activated sludge was evaluated based 

on the defined aims of wastewater treatment during that time, namely the reduction of 

biodegradable organics and full nitrification [3]. These parameters, along with culture-

based microbial indicators, remain the primary focus of wastewater treatment today, as 

defined by the regulations of many countries worldwide. However, a number of 

additional concerns associated with effluent quality have also arisen due to new 

information regarding emerging contaminants in municipal wastewater. These emerging 

contaminants include organic micropollutants, such as pharmaceutical compounds and 

personal care products [7], resistant pathogenic bacteria [8], and antibiotic resistance 

genes [9]. Of these contaminant groups, the issue of pathogenic bacteria is only indirectly 

addressed by current wastewater treatment regulations using methods such as turbidity, 

fecal coliforms and heterotrophic plate counts (HPCs). Indicator bacteria (e.g., fecal 

coliforms) are abundant in municipal wastewaters, easy to cultivate and enumerate, and 

are perceived to be good surrogates for pathogens. Research has shown, however, that 

there are several limitations associated with using such microbial indicators due to the 
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variability of removal rates among different bacterial pathogens [10]. Meanwhile, the 

effects of organic micropollutants and antibiotic resistance genes have only recently been 

recognized as potential threats to humans and the environment and no current regulations 

exist addressing these contaminants [11-15].  

 

Due to the relatively recent origins of the concerns associated with treatment energy 

efficiency and emerging contaminant removal, there is a clear gap in the understanding of 

conventional wastewater treatment’s capacity to address these concerns. As background 

information on these issues continues to develop and new wastewater treatment 

technologies are advanced, an incorporation of these data into the assessment of these 

emerging technologies is necessary.  

 

One particular emerging technology that has offered an improved solution to 

conventional wastewater treatment is the membrane bioreactor (MBR). This technology 

provides superior water quality through the complete decoupling of the hydraulic 

retention time (HRT) from the solids retention time (SRT) through membrane-based 

sludge separation [16]. This key feature of MBR systems allows for predictable water 

quality that is independent of sludge settleability. Furthermore, MBR technology 

improves on conventional wastewater treatment plant design by reducing overall plant 

footprint by eliminating the necessity for secondary clarifiers and increasing sludge 

concentrations, thus allowing for a broader range of applications when size limitations 

are a factor [17]. Membrane-based treatment systems have also generally shown an 

overall improvement for the purposes of organic micropollutant removal [18-20] and 
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microbial indicator log reduction [21, 22]. These observed improvements have been 

generally attributed to the longer SRTs and higher microbial and biomass rejection 

allowed by membrane separation.  

 

The last two decades have seen a considerable increase in municipal aerobic MBR 

(AeMBR) installations worldwide, and that number is expected to continue to grow 

(Figure 1.1) [17]. Despite these advantages, AeMBR systems have not yet improved on 

the net energy consumption of wastewater treatment. In fact, studies investigating the 

technology’s efficiency have indicated that average AeMBR energy consumption is 

relatively high at between 0.8 and 2 kWh/m3 as compared to conventional activated 

sludge processes (roughly 0.6 kWh/m3) [23-25]. Aeration-based membrane scouring has 

been attributed to between 35% and 70% of the energy costs associated with MBR 

operation [24, 26]. Although recent studies have shown that process optimization can 

reduce these costs by over 30% [27, 28], AeMBRs remain an energy intensive 

technology that will require further efficiency improvements to be considered a 

sustainable means of municipal wastewater treatment. 
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Figure 1.1. Number of municipal MBR installations worldwide (≥ 1 MGD). [17] 
 

The anaerobic membrane bioreactor (AnMBR) is a subclass of MBRs that has great 

potential for improving wastewater treatment process efficiency and sustainability. 

Compared to the widespread success of aerobic MBR technology for treatment of 

domestic wastewater, anaerobic membrane bioreactors have not yet been successfully 

applied for treatment of low strength wastewater at a large scale [29]. AnMBRs have, 

however, been applied to high strength industrial wastewater treatment. Based on their 

existing application, the advantages of the AnMBR system has become apparent [30].  

Similar to the aerobic MBR, the high biomass retention as a result of combining a 

bioreactor with membrane filtration allows for practically full biomass retention. This 

eliminates the need for sludge settling and clarification and allows for very high reactor 

sludge concentrations [31]. However, unlike the aerobic MBR, the AnMBR is able to 

generate methane that can be used or converted into electrical energy for operating 

treatment processes. Additionally, anaerobic sludge does not require constant aeration, 
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further reducing the operating costs of the system [32]. The combination of these 

advantages has garnered much interest in research focused on advancing the technology 

to a point where the AnMBR can be applied to low strength domestic wastewater [33, 

34]. Nonetheless, several limitations still exist that prevent the exploitation of the 

aforementioned advantages. Those include the higher biofouling susceptibility of 

AnMBR systems, energy costs associated with constant biogas scouring of membrane 

surfaces, loss of methane-rich biogas in AnMBR effluents, and effluent discharge 

limitations arising from the lack of nitrogen and phosphorous removal by anaerobic 

reactor systems [35-37].  

 

A considerable amount of recent literature has addressed the critical issues surrounding 

the sustainability of anaerobic MBR systems (discussed in Section 1.2). However, most 

of this research has focused on quantifying and understanding their effluent water quality, 

contaminant removal rates, and performance-associated parameters. Despite the integral 

role that microbes play in wastewater treatment (both as the sources of emerging threats 

and the basis for their mitigation), existing literature has not sufficiently examined the 

microbial communities of these biological process-based systems. Considering the 

complexity and interdependency of the microbial structure of wastewater systems along 

with the fact that the vast majority of bacteria are not cultivable in lab settings [38, 39], a 

microbial assessment of AnMBRs by means beyond those of traditional culture-based 

methods is necessary. 
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Ever since its widespread application in the late 1990s, molecular-based microbial 

analysis has proven to be an essential tool for understanding the roles and functions of the 

microbial communities of conventional wastewater treatment plants and anaerobic 

digestion systems [40-46]. Molecular methods have also been extensively employed to 

relate the roles of microbes to aerobic MBR system performance [47-50], but studies 

assessing the microbial communities of AnMBRs specifically have been limited in their 

scope to areas such as psychrophilic system operation, biofilm microbial communities, 

and methanogenic populations [51-56]. Given the emerging interest and advantages of 

AnMBRs for the treatment of municipal wastewaters, significant knowledge gaps remain 

regarding the evaluation of their microbial communities. Among those gaps are the 

potential impact that different types of AnMBR systems can have on microbial 

community structure and their relationship with subsequent membrane foulant generation 

and methane production. Furthermore, no studies have been yet conducted specifically 

assessing the roles that microbial structure and function play in the removal and 

dissemination of the previously mentioned emerging contaminants in MBRs by 

molecular techniques.  

1.2. Background: Sustainability and safety issues of AnMBR systems 

The primary advantages to wastewater treatment using AnMBRs are the inherent aspects 

of the bioprocess that allow for low energy use and potential for energy harvesting. The 

use of an anaerobic reactor eliminates the requirement of aeration for treatment while 

also introducing the potential for methane harvesting generated by the anaerobic 

digestion [57]. Some additional advantages to the use of AnMBRs are the potential for 

low solid waste production and a small reactor footprint due to higher anaerobic 
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degradation rates while still maintaining high quality effluent by the use of membrane 

filtration [58]. The affinity for high density and stable growth of active anaerobic 

microbial communities compliment their ability to maintain high degradation rates and 

methane conversion efficiencies. It is still not known to a high degree of accuracy how 

much energy can be harvested per unit of COD intake, and the ultimate potential could be 

significantly higher than originally anticipated [59]. This presents a seemingly suitable 

match for their combination with membrane filtration for biomass separation [60]. 

 

There are, however, a number of limitations associated with operation of AnMBRs. One 

significant challenge is the anaerobic microbial community’s slow growth and initial 

stabilization period. This presents challenges in the startup phases of anaerobic reactors 

when acclimatization time is of importance. Also, anaerobic degradation alone does not 

achieve significant nitrogen and phosphorus nutrient removal that would allow for direct 

discharge of the effluent without tertiary treatment [61]. It does however allow treated 

effluent to be reused for agricultural irrigation due to the high residual nutrient 

concentrations. Although this is potentially a major advantage for wastewater treatment 

sustainability, introducing the idea of AnMBR effluent recycling also brings about 

additional concerns regarding the impacts of emerging contaminants (i.e., organic 

micropollutants, resistant pathogens, etc.) on the environments exposed to irrigation [62-

64]. 

 

The most significant obstacle in operation of AnMBRs that is limiting widespread full-

scale implementation is the issue of operational sustainability of AnMBR technology 
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[32]. Membrane biofouling and methane recoverability and their impacts on overall 

energy requirements are the two main factors impacting this sustainability. These issues 

are especially problematic when applying AnMBRs to municipal and other low strength 

wastewaters. The high degradation rate and low biomass growth of anaerobic digestion 

have the effect of requiring a high organic loading rate (OLR) to sustain stable biomass 

concentrations. To achieve this with municipal-strength wastewaters, relatively lower 

hydraulic retention times (HRTs) would be necessary [65]. This creates a situation where 

a fraction of the soluble microbial products (SMPs) are not as completely degraded, 

which in turn accelerates the effects of membrane biofouling [66]. There have been some 

significant published articles addressing AnMBR operation that have focused on both 

membrane fouling [67-70] and effluent methane losses [35, 71-73]. However, research 

regarding the relationship of the anaerobic microbial communities of these systems with 

these issues has been limited [51, 74].  

 

The following subsections aim to outline some of the key challenges and knowledge gaps 

related to AnMBR use for the treatment of municipal wastewater, as well as provide the 

basis of motivation behind this dissertation’s objectives.  

1.2.1. AnMBRs and operational sustainability 

AnMBR technology has the potential to play a key role in moving towards the goal of 

sustainable and resource-conscious wastewater treatment. In order to advance this goal of 

sustainability, recent research has focused on defining the key challenges that will need to 

be overcome. The majority of these challenges involve energy-associated costs of 

operation, such as gas sparging for biofouling control and methane recovery [34, 37]. 
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Recent research has shown that there is a wide range of variables that can potentially be 

optimized to improve process design and address these challenges. Among the variables 

that can have a direct impact on the energy efficiency of AnMBRs are membrane unit 

configuration, membrane type, membrane material, and reactor type (Figure 1.2) [75].  

 

 

Figure 1.2. Potential development pathways of AnMBR design parameters. [75] 
 

Several of the aforementioned design variables, including membrane unit configuration, 

membrane material, and reactor type, have been previously studied [51, 67, 76]. These 

parameters are directly related to the issue of biofouling, which, in turn, influences biogas 

sparging and operational energy requirements. The low strength nature of municipal 

wastewater requires low HRTs (< 12 h) in order to maintain the high degradation rates of 

the anaerobic microbial community, further compounding the problem of biofouling [60]. 

To achieve sufficiently low HRTs, trans-membrane flux must be increased to levels 

comparable to those of aerobic MBR systems. Critical flux in AnMBRs has been shown 

to directly correlate with biogas sparging rates [77], which poses a challenge to AnMBR 

sustainability due to the high energy costs associated with this practice.   
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The issue of biofouling is paramount if AnMBR technology is to be successfully applied 

to municipal wastewaters. An integral aspect of membrane biofouling is the generation of 

soluble microbial products (SMP) inside the bioreactor by anaerobic digestion [78]. It has 

been shown that reactor-sourced SMP production potentially plays a much more direct 

role in biofouling of AnMBRs than it does for their aerobic counterparts [79]. Although it 

is well established that SMP characteristics such as size distribution are among the major 

factors governing biofouling rates [80], a significant knowledge gap still exists in 

understanding the relationship between different reactor configurations and SMP 

generation in AnMBRs [60].  

 

In addition to biofouling, methane capture and recovery is also an integral part of 

improving AnMBR energy neutrality. As previously mentioned, dissolved biogas in 

effluents is a major culprit in AnMBR methane losses [72]. This effect is even more 

severe when AnMBR effluents contain methane at super-saturated levels that arise at low 

HRTs [35]. Although these aspects of methane recovery efficiency have been modeled as 

purely physical phenomena, there is the potential for operational parameters to impact 

biogas generation rates in an entirely different way. Methane is an end product of a series 

of biological conversions steps in the anaerobic digestion process, each of which is 

performed by a specific group of bacterial or archaeal microbes [81]. The dynamics of 

these microbial groups have been known to affect methane generation rates, as different 

stages of digestion can be rate limiting under different operational conditions [46, 59, 82]. 

Despite this, literature specifically connecting the methane-related performance of 
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AnMBRs to their microbial communities has been limited [54-56]. Furthermore, no 

studies to date have investigated the impact of reactor configuration or biomass growth 

conditions (e.g., attached versus suspended) on this relationship.  

1.2.2. Emerging contaminants in MBR Systems 

Another challenge facing the future of wastewater treatment sustainability is that of 

effluent reuse potential. MBRs have the capacity to serve as an attractive solution to this 

because of their comparatively high quality effluents. AnMBR effluents, specifically, 

contribute to the possibility of direct reuse for irrigation purposes due to their high 

nitrogen and phosphorus content. In order for this aspect of MBR sustainability to be 

fully realized, however, concerns regarding the proliferation of emerging contaminants 

must be thoroughly addressed. Perhaps the most dominant challenge associated with 

emerging contaminants in municipal wastewater is that of organic micropollutant (OMP) 

fate and persistence [7].  

 

OMPs are present in domestic wastewater due to household use of pharmaceuticals and 

personal care products, as well as combined waste streams that include hospitals and 

other facilities producing high OMP concentration effluents. In conventional wastewater 

treatment there are multiple mechanisms including sorption and biodegradation that work 

to remove OMPs from solution. Sorption of OMPs onto activated sludge in conventional 

wastewater treatment plants accounts for a significant fraction of OMP removal [83]. 

However, in MBR systems and specifically the AnMBR there is little or no sludge 

wasting (i.e., infinite SRT). Sorption and biosorption are therefore not viable long-term 

means for OMP removal. This leaves biodegradation as the primary means for lowering 
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OMP concentrations in MBR treatment system effluents. Additionally, it has been 

observed that long SRTs in both MBR and conventional wastewater treatment plants tend 

to improve the biodegradability of many OMPs [84, 85]. This could potentially favor 

AnMBRs in degradation due to their anaerobic microbial communities’ inherently slow 

growth rates.  

 

Recent research has indicated that there is a strong interest in understanding the removal 

and biodegradability of OMPs in MBR systems and studies addressing their effect on 

AnMBRs have emerged as well (see section 3.1 for elaboration). However, despite the 

central role that microbes play in OMP removal, there have been very few studies that 

examine MBR microbial communities in the presence of these organic pollutants [86-88]. 

Of the articles that have been published for activated sludge microbial communities 

treating micropollutant-containing wastewater, several have shown links between both 

nitrifying and phenol-degrading microbial populations and the enhanced removal of 

OMPs [88, 89]. Given the inherent differences between aerobic and anaerobic sludge in 

MBR systems, it seems very likely that entirely different microbial mechanisms would be 

activated in AnMBRs that could impact OMP removal dynamics. Despite this, present 

literature on the microbial aspects of OMP presence in MBRs does not provide an in-

depth outlook on its potential implications. Furthermore, no studies have been done that 

address this aspect of AnMBRs, specifically.  

 

Another class of emerging contaminants is that of antibiotic resistance genes (ARGs). 

These contaminants are indirectly linked to the previously discussed emerging trace 
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contaminants through the fact that they arise from the use of antibiotics, which are a 

subset of OMPs. ARGs have recently been identified as a particular threat to wastewater 

effluent reuse due to their elevated potential for dissemination into the environment [90, 

91]. Furthermore, wastewater treatment systems have been identified as a potential 

hotbed for antibiotic resistance gene transfer, with the possibility of increasing resistance 

among bacteria that are harmful to human health [92]. In order to mitigate this risk, an 

evaluation of existing and proposed wastewater treatment strategies is necessary [93]. 

The concept of antibiotic resistance dissemination in the environment is well established 

[94], as is the implication of wastewater treatment systems as a potential source for this 

dissemination [11, 14, 95]. However, despite the widely acknowledged risks associated 

with ARG proliferation and the increased potential for horizontal gene transfer in 

wastewater treatment plants, virtually nothing is known about how emerging 

technologies such as the MBR might affect this phenomenon. In order to properly 

evaluate MBR technology from this end, a comparison of ARG abundances in different 

MBR system types would be needed.  

1.2.3. Microbial safety of MBR effluents for reuse  

The threat arising from antibiotic resistance in wastewater is directly related to its 

potential to increase the persistence of pathogenic bacteria. The overall increase in the 

resistance of harmful bacteria due to widespread overuse of antibiotics is well established 

as an imminent threat [96]. Nonetheless, the impact that changes in the microbial 

communities of natural environments by antibiotics can have on pathogen persistence has 

only been more recently acknowledged [15]. These dynamic circumstances associated 
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with the threat of pathogens in the environment call for a heightened level of scrutiny of 

the microbial assessment of wastewater effluents. 

 

The traditional methods for evaluating microbial safety of wastewater effluents were 

developed over 100 years ago and are still used as standards today [97]. These methods 

include the culture-based detection of total coliforms, fecal coliforms, E. coli and 

enterococci. These microbial indicators, although being historically effective tools for the 

assessment of water quality and safety, are generally nonspecific and limited in their 

ability to determine specific pathogenic risk. The introduction of molecular techniques 

has offered new insight into the presence and removal capacity of pathogenic bacteria by 

wastewater treatment systems [98]. Molecular-based detection has its own limitation, 

especially in its capacity to distinguish between viable cells and DNA from damaged or 

non-viable bacteria. Furthermore, although recent advances have offered potential 

solutions to these limitations [99, 100], the technology has still yet to be employed as a 

primary detection method by most regulatory and monitoring agencies.  

 

MBRs have proven to be a significant improvement from conventional treatment systems 

in their ability to reduce both total bacterial presence and pathogenic threats in 

wastewater effluents [101]. There has been extensive research done to evaluate MBRs 

using culture-based methods in this regard (see section 4.1 for elaboration). Although 

these studies have shown the merits of membrane-based technologies, all of the systems 

that have been tested using microfiltration (MF) and ultrafiltration (UF) membranes thus 

far still contain detectable levels of indicator bacteria at varying levels of log reduction 
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values (LRVs). Despite this, there has yet to be done a thorough evaluation of MBR 

technology for specific pathogenic bacteria using molecular-based methods. Furthermore, 

the impact of the bioprocess in MBR systems (i.e., aerobic, anaerobic, or anoxic-aerobic), 

and in AnMBRs specifically, on the microbial safety of effluents is not well understood.  

 

1.3. Objectives 

With these knowledge gaps and limitations in mind, the goal of this dissertation’s 

research is to ultimately contribute to the advancement of the AnMBR as a sustainable 

municipal wastewater treatment technology that produces high quality effluent suitable 

for reuse and maintains low net energy consumption. This is achieved by evaluating 

AnMBR systems based on their operational limitations (such as biofouling control and 

methane recoverability) while also comparing them to the more widely employed aerobic 

MBR. This work further aims to offer a unique perspective on these issues by making an 

in-depth molecular microbiological-based assessment. The following outlines how each 

of the subsequent chapters will contribute to a novel evaluation of several key areas for 

which knowledge gaps exist regarding AnMBR technology.  

 

The objective of Chapter 2 is to advance AnMBR sustainability by addressing issues 

associated with both membrane biofouling and methane recovery potential. In this 

chapter, a microbial-based evaluation of two different anaerobic membrane-coupled 

reactor types (suspended- and attached-growth) provides novel insight into two of the 

major challenges facing AnMBR efficiency: membrane biofoulants and methane 

generation. This study examines the differences between microbial foulants (both SMP 

and soluble EPS) produced from each reactor type and assesses their impact on AnMBR 
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fouling performance parameters such as trans-membrane pressure and total resistance. 

The study further compares the performance of two different membranes in each reactor 

type while relating biofouling rates and surface foulant characteristics to their inherent 

membrane properties such as membrane material and hydrophobicity. The second aspect 

of this study is the analysis of methane and biogas production rates between the two 

reactor systems while also offering in-depth insights into the dynamics and differences 

between the keystone microbial communities of each AnMBR system. 

 

The objective of Chapters 3 and 4 of this dissertation is to address sustainability of 

AnMBRs from the perspective of wastewater effluent safety and reuse potential. Chapter 

3 focuses on the microbial aspects of OMPs in MBR systems. This study compares an 

aerobic NF-coupled MBR system with a similar anaerobic system operating under the 

same conditions. The focal points include examining the effects of a cocktail of OMPs on 

microbial community dynamics under different operating conditions and biodegradation-

associated gene expression. Through these data, the concentration and removal rates of 

specific OMPs by each system are analyzed in conjunction with microbial and gene 

groups relevant to their presence and biodegradation. The study further relates the two 

antibiotic-type OMPs used in this study to the concentrations of their associated antibiotic 

resistance genes (ARGs) for each of the two MBR systems.  

 

Finally, Chapter 4 intends to address the microbial safety of MBR effluents for the 

purpose of irrigation reuse. This research examines both aerobic and anaerobic MBR type 

treatment systems by utilizing molecular methods to detect potentially pathogenic 
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bacteria at the genus and species levels. High-throughput and quantitative digital-PCR 

results are then used to conduct a quantitative microbial risk assessment (QMRA) for 

individuals conducting irrigation practices using the treated MBR effluents and disposal 

practices using the wasted aerobic MBR activated sludge. The chapter therefore aims to 

advance the sustainability of wastewater reuse by evaluating the log removal values of 

specific pathogens by both aerobic and anaerobic MBRs, thereby also assessing the 

potential for MBR effluent use without chemical disinfection. 

 

Each of these three chapters is designed to target individual issues that will directly 

contribute to an improved AnMBR process for sustainable treatment and effluent reuse. 

To accomplish this, a better understanding of the parameters that impact the microbial 

communities of AnMBRs is realized, along with how those communities affect the 

viability of the system’s operation. The overall intent is to discover ways to increase the 

energy recovery, reduce membrane-fouling rates, and improve effluent water quality of 

the AnMBR system. This research is conducted with the ultimate goal of contributing to 

the advancement of the AnMBR technology as a practical and sustainable municipal 

wastewater treatment process.   
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2. Differences in microbial communities and performance between suspended and 

attached growth anaerobic membrane bioreactors treating synthetic municipal 

wastewater 

 
Abstract 

Two lab-scale anaerobic membrane bioreactors (AnMBRs), one up-flow attached-growth 

(UA) and another continuously stirred (CSTR), were operated under mesophilic 

conditions (35 °C) while treating synthetic municipal wastewater (800 mg/L COD). Each 

reactor was attached to both polyvinylidene fluoride (PVDF) and polyethersulfone (PES) 

microfiltration (MF) membranes in an external cross-flow configuration. Both reactors 

were started-up and run under the same operating conditions for multiple steady-state 

experiments. Chemical oxygen demand (COD) removal rates were similar for both 

reactors (90-96%), but captured methane was found to be 11-18% higher for the CSTR 

than the UA reactor. Ion Torrent sequencing targeting 16S rRNA genes showed that 

several operational taxonomic units (OTUs) most closely related to fermentative bacteria 

(e.g., Microbacter margulisiae) were dominant in the suspended biomass of the CSTR, 

accounting for 30% of the microbial community. Conversely, methanogenic archaea 

(e.g., Methanosaeta) and syntrophic bacteria (e.g., Smithella propionica) were found in 

significantly higher relative abundances in the UA AnMBR as compared to the CSTR, 

due to their affinity for surface attachment. Of the methanogens that were present in the 

CSTR sludge, hydrogenotrophic methanogens dominated (e.g., Methanobacterium). 

Measured EPS (both proteins and carbohydrates) –which has been broadly linked to 

fouling – was determined to be consistently lower in the UA AnMBR membrane samples 

than in CSTR AnMBR membrane samples. Principal component analysis (PCA) based 
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on HPLC profiles of soluble microbial products (SMPs) further demonstrated these 

differences between reactor types in replicate runs. The results of this study showed that 

reactor configuration can significantly impact the development of the microbial 

communities of AnMBRs that are responsible for both membrane and reactor 

performance. 
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2.1. Introduction 

The primary advantage to wastewater treatment using anaerobic membrane bioreactors 

(AnMBRs) is the bioprocess’ inherently low energy use and potential for energy 

recovery. The use of an AnMBR eliminates the requirement of aeration for treatment 

while also introducing the potential for methane harvesting generated by the anaerobic 

degradation of organics [1]. Additional advantages of the use of AnMBRs are the 

potential for low biosolids (waste sludge) production, a small reactor footprint due to 

higher anaerobic degradation rates, and high quality effluent by use of membrane 

separation [2]. The slow growth of active anaerobic microbial communities compliments 

their ability to maintain high specific degradation rates and methane conversion 

efficiencies at mesophilic temperatures. This presents a suitable match for their 

combination with membrane filtration for biomass separation, especially in warmer 

climates (i.e., Saudi Arabia) where higher operation temperatures can be easily 

maintained [3].  

 

Nonetheless, there are a number of limitations in operation of AnMBRs. One major issue 

that is directly related to AnMBR sustainability is that of methane recovery capacity. It is 

still not known to a high degree of accuracy how much energy can be captured per unit of 

chemical oxygen demand (COD), mainly due to the widely variable operational 

conditions reported in existing AnMBR literature [4]. At high organic loading rates, 

methane in biogas can approach the maximum theoretically recoverable [5]. Although 

lower operational temperatures increase methane fractions lost in AnMBR effluent [6], 

low HRTs and organic loading conditions have been shown to significantly reduce 
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methane captured in produced biogas even at mesophilic temperatures [7]. With this in 

mind, methane recovery efficiency remains one of the primary obstacles when evaluating 

AnMBRs alongside other treatment technologies for municipal wastewater [8, 9]. Several 

anaerobic reactor types have been studied in AnMBRs along with their biogas production 

rates [10]. However, the effect of the microbial community differences between these 

reactor types on methane production is not well understood. 

 

The most dominant obstacle preventing full-scale implementation of AnMBRs remains 

the issue of membrane biofouling and its impact on overall sustainability of the AnMBR 

[2, 4]. Biofouling control processes are often energy intensive and, as a result, can 

effectively negate the advantages of using anaerobic digestion [9]. This is especially 

problematic when applying AnMBR technology to municipal and other low-strength 

wastewaters. The high degradation rates and low biomass production associated with 

anaerobic digestion have the effect of requiring a higher organic loading rate (OLR) for 

process stability than can be achieved with a municipal wastewater at normal hydraulic 

retention times (HRTs) [11]. Reducing HRT reduces the fraction of the soluble microbial 

products (SMPs) that are degraded, which accelerates the effects of membrane biofouling 

[12]. The impact of reactor configuration on overall performance and membrane fouling 

in AnMBRs has been studied [13-15], showing that attached growth reactors have the 

potential to reduce the effects of biofouling. Furthermore, it has been established that 

SMP generation is a significant contributor to biofouling [3, 16]. Little is known, 

however, about how microbial community differences between reactor types affect SMP 

generation and biofouling in AnMBRs.  
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Despite a number of articles addressing AnMBR operation and membrane fouling [14, 

17-19], the field still lacks a thorough understanding of how microbial community 

structure and interactions influence the reactor and membrane performance 

characteristics related to process sustainability [20-22]. Our study evaluated different 

reactor configurations in AnMBRs from a microbial community perspective to improve 

this understanding. We hypothesized that each reactor configuration would select for 

different bacterial populations in the sludge, and would result in differences in anaerobic 

treatment efficiency. It was further hypothesized that the differences in reactor 

configurations would also lead to differences in the generated SMPs and membrane 

fouling rates. The focus of this work is on studying the microbial communities in 

different AnMBR reactor configurations (i.e., CSTR and UA) while relating their 

dynamics to reactor performance. This work also examines SMPs in the suspended 

sludge of each reactor type and the extracellular polymeric substance (EPS) content of 

the fouled membrane biofilms, which are critical components governing the sustainability 

and net energy consumption of AnMBR systems.   
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2.2. Materials & methods 

2.2.1. Reactor operating conditions 

AnMBRs were operated using two reactor configurations, namely CSTR and UA modes 

(Figure 2.1). A more detailed schematic diagram of the reactor setup is shown in Figure 

A0 of Appendix A. The CSTR was continuously mixed at 200 rpm by an internal 

impeller while the UA was filled with cylindrical ceramic packing media (1.5 cm 

diameter and length) and operated in up-flow recirculation mode. Both configurations 

had working volumes of 2 L and were seeded using the same sludge from a parent CSTR 

AnMBR that had been operating for several months prior. The parent CSTR was 

originally seeded with a mixture of camel manure and anaerobic sludge from a 

wastewater treatment plant in Riyadh, Saudi Arabia [5]. Both systems were maintained at 

a temperature of 35 °C (mesophilic conditions); the average annual temperature in 

Jeddah, Saudi Arabia is over 28 °C. Two external cross-flow flat sheet membrane 

modules, one polyethersulfone (PES) and one polyvinylidene difluoride (PVDF), were 

connected to each reactor during each run. Membrane modules were connected in series 

along the same recirculation line with a recirculation to permeate ratio of 600:1. This 

resulted in both membrane types being exposed to the same cross-flow conditions and 

sludge concentrations. Each module had an effective membrane surface area of 50 cm2. 

For the initial 8 weeks of operation of each run, transmembrane flux was maintained 

between 5.5 and 8 L/m2/h with an average hydraulic retention time (HRT) of 26 h. At the 

end of the 8th week, transmembrane flux was increased to above 9 L/m2/h to accelerate 

membrane fouling. All membranes were harvested after 11 weeks of operation. Biogas 

was used to scour the membrane surfaces continuously at a biogas to mixed-liquor 
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(suspended sludge) volume ratio of 1:4. No membrane cleaning or backwashing was 

performed at any time during operation. Transmembrane pressure (TMP) was monitored 

using external pressure gauges attached to the membrane units. Total membrane 

resistance (RT) was calculated based on the TMP and transmembrane flux (J) using the 

following equation:  

	
	  

where μ was estimated as the viscosity of water. Sludge was not wasted except as needed 

for sampling. Sludge retention times (SRTs) for UA and CSTR AnMBRs were 355 and 

325 d, respectively. Both reactors were fed with a synthetic wastewater at 800 mg/L 

COD, resulting in an OLR of 0.72 g/L/d. The synthetic wastewater was made up of a mix 

of organic and inorganic compounds as well as trace metals, as shown in Table A1 of 

Appendix A [23]. Experiments were repeated under the same operating conditions for 

both AnMBRs. The first experiment is referred to subsequently as Run 1 and the replicate 

experiment as Run 2. Both AnMBRs were acclimated to the synthetic wastewater for 

three months prior to the commencement of Run 1 and were operated in batch-mode for 

the several weeks between the end of Run 1 and the commencement of Run 2.  
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Figure 2.1. Configurations and operating conditions for up-flow attached-growth (UA) 
and continuously stirred (CSTR) Anaerobic MBRs studied.  
 

 

2.2.2. Chemical and physical water quality measurements 

Chemical oxygen demand (COD), total organic carbon (TOC) and mixed liquor 

suspended solids (MLSS) were measured as chemical and physical water quality 

parameters. The COD of all MBR reactor feeds, retentates, and permeates was 

determined on a weekly basis using a HACH DR2800 Spectrophotometer (Hach, 

Loveland, Colorado, USA). Digestion of the samples was carried out in either HACH 

LCK 314 (15-150 mg/L) or LCK 514 COD (100-2000 mg/L) cuvette test vials (Hach-

Lange, Manchester, UK) depending on the concentration to be measured. TOC of 

AnMBR effluents were determined for both UA and CSTR reactors on a bi-weekly basis. 

Samples were taken from the effluent of the reactor system, filtered with 0.2 μm cellulose 

acetate syringe filters (VWR Int., Radnor, PA, USA) and diluted accordingly based on 

expected TOC concentrations. The samples were then measured for dissolved organic 

carbon (DOC) as non-purgeable organic carbon (NPOC) using high temperature 

combustion on a Shimadzu TOC/TN-VCPN analyzer (Shimadzu Corp., Japan). The mixed 

liquor suspended solids (MLSS) concentration of the CSTR AnMBR sludge was 

determined monthly in compliance with standard method 2540D [24]. Briefly, 50 mL of 

sludge was filtered through a weighed 8 μm Whatman NucleporeTM track-etched 

polycarbonate filter (GE Healthcare Life Sciences, Little Chalfont, UK) then dried at 

105°C and weighed again. The UA AnMBR was not measured for MLSS as the majority 
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of its biomass was attached to the packing media of the reactor and its suspended sludge 

would not be representative.  

2.2.3. Biogas measurement 

Biogas produced from each reactor was captured continuously in gas bags from the 

headspace of the reactors, and volume was measured by removing the biogas with a 

volumetric syringe. CH4, O2, N2, and H2 were measured on a SGI Model 301C gas 

chromatograph with a molecular sieve column using argon as a carrier gas followed by a 

thermal conductivity detector (TCD). CO2 was measured on a separate SGI Model 301C 

gas chromatograph with a silica column using helium as the carrier gas followed by a 

TCD. 200 μL aliquots of biogas were injected upstream of each respective gas 

chromatograph column.  

 

Biomass regeneration rates and losses in the effluent were calculated to estimate actual 

methane yield per unit COD. A microorganism decay rate of 0.03 d-1 and COD 

conversion coefficient of 1.42 g COD/g microorganism were assumed [25]. To determine 

CO2 and CH4 lost in the effluent, batch tests to manually strip all dissolved gasses were 

performed after cessation of methane production. The dissolved biogas susceptible to 

being lost in the effluent was in the liquid phase of both the UA and the CSTR AnMBRs, 

as it was the only portion of sludge that was in contact with the membranes and subject to 

filtration. As such, suspended sludge was used for both reactors. Tests were done in 

triplicate on 10 mL sludge samples in 30 mL vials from both reactors. In order to strip the 

dissolved gasses completely, the headspace to liquid ratio was increased to approximately 

30 times of that of the reactors and filled with 100% nitrogen to increase the batch tests’ 
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mass transfer capacity. Test vials were vortexed for 5 min then placed on a shaker at 100 

rpm for 24 h at 35 °C. The 20 mL headspace was then measured for methane content.  

Methane yield was calculated based on stoichiometric conversion rates of proteins, lipids, 

and carbohydrates and their ratios in the synthetic wastewater [25].  

2.2.4. Sludge and membrane biomass sampling for microbial analysis 

1 mL of sludge from the CSTR AnMBR was sampled every two to three weeks. Samples 

were pelleted by adding 0.6 mL of 1X PBS solution and centrifuging for 10 min at 9400 

g. The UA AnMBR was sampled every 3-4 weeks for both suspended and attached (i.e., 

bound to ceramic packing media) biomass. For sampling of the UA reactor, 8 mL of 

suspended sludge was pelleted by adding 5 mL of 1X PBS and centrifuging for 15 min at 

9400 g. The pellet was subsequently re-suspended in 1 mL of 1X PBS and pelleted at 

9400 g for 10 min before storing at -20 °C. For the attached growth portion of the UA 

AnMBR, a single ceramic carrier was removed for each sampling event from the middle 

section of the reactor and suspended in 5-6 mL of 1X PBS for 30 min and brushed of all 

attached biomass. The suspension was sonicated for 5 min at 25% frequency, pulsating at 

2 s intervals using the QSonica Q500 Sonicator (QSonica LLC, Newton, CT, USA). The 

suspended solution was then pelleted by centrifuging at 9400 g and stored at -20 °C.  

 

For analysis of the microbial community in the attached membrane biofilms, the biomass 

was divided into two portions: (i) loosely bound and (ii) strongly bound. For the loosely 

bound biofilm portion, three freshly harvested 4 cm2 membrane segments, cut from 

sections equally spaced along the length of the membrane surface, were each dipped 

lightly five times in 6 mL of 1X PBS. The suspension was then divided into 2 mL 
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aliquots and pelleted by centrifuging for 30 min at 9400 g and stored at -20 °C. For the 

strongly bound biofilm portion, each of the same three separate segments was aseptically 

cut into strips and placed into a 2 mL tube with 2 mL of 1X PBS. The tubes were 

vortexed for 5 min then sonicated for 5 min at 25% frequency and 2 s pulsating intervals 

using the QSonica Q500 Sonicator (QSonica LLC, Newton, CT, USA). The suspension 

was then pelleted by centrifuging for 30 min at 9400 g and stored at -20 °C. 

2.2.5. DNA extraction and barcoded amplification of 16S rRNA genes 

Genomic DNA was extracted using the UltraClean® Soil DNA Isolation Kit (MoBio 

Laboratories,Carlsbad, USA) with slight modifications to the protocol by adding 

lysozyme and achromopeptidase to the lysis buffer [26]. PCR amplification of the 

extracted DNA was performed with barcoded forward primer 515F   

(5′-GTGYCAGCMGCCGCGGTA-3′) and reverse primer 909R  

(5′-CCCCGYCAATTCMTTTRAGT-3′) based on thermal cycling conditions 

previously described [27]. Amplicons from all DNA samples were of the correct 

anticipated size of ~450 bp and controls for PCR reactions were found negative for 

amplification. PCR amplicons were gel-purified with Wizard SV Gel and PCR Clean-up 

system (Promega, Madison, USA). Concentrations were determined by Qubit® broad 

range dsDNA assay (Invitrogen, Carlsbad, CA, USA). Equimolar concentrations of the 

samples were mixed together, and submitted to KAUST Genomics Core lab for Ion 

Torrent sequencing (Life Technologies, Carlsbad, USA) on 318 chips. 
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2.2.6. Ion Torrent sequencing of 16S rRNA genes and data analysis 

Sequences obtained from Ion Torrent platforms were initially sorted by the 

Bioinformatics Team at KAUST based on a Phred score of  >20. The primers, barcodes, 

and adaptors were then trimmed off of the sequences. Remaining sequences of lengths 

less than 350 nt were removed. The processed 16S rRNA gene sequences were also 

removed of chimera using UCHIME [28]. Chimera-removed sequence files were then 

analyzed based on their 16S rRNA gene sequences using two different approaches.  

 

The first approach assigned sequences to bacterial/archaeal taxonomic hierarchy at a 95% 

confidence level using the Ribosomal Database Project (RDP) Classifier [29]. The 

relative abundances of the bacterial and archaeal genera were calculated, collated and 

then square-root transformed. The transformed dataset were then computed for their 

Bray-Curtis similarities and represented graphically for spatial distribution in a 

bootstrapped metric multidimensional scaling (mMDS) plot using Primer-E version 7 

[30]. One-way analysis of similarity (ANOSIM) was performed as a test statistic using 

Primer-E version 7 to evaluate differences among clustering patterns of the mMDS plot. 

One-way ANOSIM generates a denominator constant R, ranging from 0 to 1 with a 

corresponding P value. The R statistic provides a comparative measure of the degree of 

separation among clustered patterns with R = 0 representing no differences between 

compared sample groups and R = 1 representing sample groups with complete 

dissimilarity [31].  
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In the second approach, sequence files were sorted based on ratio of identical sequences 

to total sequences and identified as unique operational taxonomic units (OTUs). All 

chimera-removed sequence files were combined with an in-house written Perl script. The 

combined sequence file was then sorted for unique OTUs at 97% 16S rRNA gene 

similarity using CD-Hit [32]. OTUs were prioritized based on highest average relative 

abundance in each reactor and sorted accordingly. OTUs with an average relative 

abundance in either the UA or CSTR AnMBR of above 0.3% of total sequences were 

blasted against the NCBI nucleotide database using the BLASTN algorithm to check for 

their closest matching bacteria or archaea species. Results of sequence blasting were then 

recorded for NCBI sequence identity similarity data (closest classified species, identity 

match, maximum score, and E-value). For the comparison of average relative abundances 

of sample sets, an independent (unpaired) two-tailed t-test was used with an assumption 

of unequal variance between sample sets.  

 

All high-throughput sequencing files were deposited in the Short Read Archive (SRA) of 

the European Nucleotide Archive (ENA) under study accession number PRJEB8654. 

2.2.7. Reactor SMP and membrane biofilm EPS extraction and analysis 

For this study, SMP was defined as soluble compounds extracted from the liquid 

phase of suspended sludge and permeate samples while EPS represented those 

compounds extracted from attached membrane biofilms. For analysis of SMPs in 

reactor feed, retentate, and permeates, the samples were filtered with 0.2 μm cellulose 

acetate syringe filters (VWR Int., Radnor, PA, USA). For analysis of the soluble EPS in 

the attached membrane biofilms, a freshly harvested membrane surface area of 
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approximately 4 cm2 was aseptically cut into strips and placed into a 2 mL tube with 2 

mL of 1X PBS for EPS extraction. The tubes were vortexed for 5 min then sonicated for 

5 min at 25% frequency and 2 s pulsating intervals QSonica Q500 Sonicatior (QSonica 

LLC, Newton, CT, USA). The suspension was then centrifuged for 30 min at 9400 g. The 

supernatant was retained and filtered with 0.2 μm pore size CA syringe filters. 

Polysaccharide content was quantified using the phenol-sulfuric acid method with 

glucose as standard [33]. The total protein kit from Sigma-Aldrich was employed 

for extracted protein content determination with modifications according to the 

Peterson protocol [34] and Bovine Serum Albumin (BSA) as the standard. 

 

Analysis of molecular weight of SMPs and soluble EPS was conducted with a Waters 

Breeze TM 2 HPLC System (Waters Chromatography, Milford, MA, USA) equipped with 

Binary HPLC pump (Waters 1525), Auto sampler (Waters 2707) and UV/Visible 

Detector (Waters 2489). The SEC method was carried out with a Shodex KW-802.5 

column. The injection volume for each sample was 20 µL with 20 min retention time, and 

the mobile phase consisted of 50 mM phosphate buffer (pH = 7.0) with 300 mM NaCl. 

The detection was carried out at room temperature with a UV detector at 210 and 280 nm 

wavelengths, which are commonly used for EPS [35]. UV absorbance at both 

wavelengths has been used extensively for protein determination [36]. Based on previous 

studies that have used UV for excitation, 210 nm wavelengths represent protein-like 

substances while 280 nm wavelengths more commonly detect humic-like substances [37, 

38]. Molecular weights of compounds detected were calculated based on a calibration 
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curve (y = -0.454x + 8.38) established for proteins of known molecular weights (x) and 

their corresponding peak retention times (y). 

2.2.8. Membrane surface categorization  

Membranes used were JX model MF PVDF (GE Osmonics, Minnetonka, MN, USA) and 

HFK-618 model MF PES (Koch Membranes, Wilmington, MA, USA). Pore sizes were 

0.3 and 0.2 μm for the PVDF and PES, respectively, as determined by the manufacturer. 

The surface morphology of dry membranes was analyzed with an Agilent 5400 SPM 

Multimode Scanning Probe (Agilent Technologies, Santa Clara, CA, USA) Atomic Force 

Microscope (AFM). Imaging was carried out in tapping mode using a probe with a 

nominal cantilever length of 225 μm, a nominal tip radius of 10 nm, and a spring constant 

of 0.6-3.7 N/m. The interactions between the tip and membrane surfaces were recorded to 

map the three-dimensional topography of the membranes. This map was then used to 

determine the average surface roughness using the root mean squared (RMS) method for 

areas of 30 μm x 30 μm and 3 μm x 3 μm of each membrane used in AnMBR operation. 

 

Hydrophobicity of each membrane was assessed using contact angles, which were 

determined by the static drop technique with a KSV Cam 200 optical contact angle meter 

(KSV Instruments Ltd., Finland). Briefly, deionized water was made to come into contact 

with the membrane surface by a micro-syringe to a droplet size of diameter 0.4-0.5 cm. 

At least three different contact angle measurements were carried out for each piece of 

membrane to obtain an average. 
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The surface charge of each membrane was determined by zeta potential, which was 

measured using a Surpass Complete electrokinetic analyzer (Anton Paar, GmbH, Graz, 

Austria). The membranes were equilibrated with the electrolyte (0.5 M NaCl) for at least 

30 min before measurement. The electrolyte was titrated step-wise from pH 3 to 10 in 

increments of 0.5 with triplicate measurements taken at each step. The zeta potential of 

the membrane was automatically calculated by the analyzer from the streaming potentials 

using the Helmholtz-Smoluchowski equation with the Fairbrother and Mastin substitution 

to correct for membrane surface conductance [39].  

2.3. Results 

2.3.1. Reactor performance 

Both the UA and CSTR AnMBRs were seeded from the same anaerobic reactor sludge 

and run under similar operating conditions (HRT, SRT, OLR, etc.) for replicate 

experiments (Run 1 and Run 2) as described previously. Both reactors showed COD 

removal rates of over 90% throughout operation for both Runs 1 and 2 (Supplementary 

Figure A1). In addition to CO2, N2, and CH4, low levels of H2 were also detected in the 

measured biogas (0.1-0.5% of total volume). The CSTR CH4 content in the captured 

biogas (80-90%) was consistently higher than that of the UA AnMBR (75-85%). 

Conversely, the CO2 content in the biogas of the CSTR was significantly lower (1-2%) 

for both Runs 1 and 2 than in the UA reactor (6-10%). Total produced CO2 was 

calculated to be much higher than what was captured in the biogas; CO2 recovered from 

batch tests accounted for approximately 100 mL per liter of effluent for both reactors. 

Average methane captured from the CSTR in both runs was 11-18% higher than from the 

UA (Table 2.1). Captured methane was 5% higher in the CSTR for Run 1 (269±51 mL/g 
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COD) than Run 2 (256±53 mL/g COD). Average methane captured for the UA was 

236±35 mL/g COD and 234±41 mL/g COD for Runs 1 and 2, respectively. Differences 

in average UA and CSTR daily methane production rates were determined to be 

significant for both Run 1 (unpaired t-test P = 0.048) and Run 2 (unpaired t-test P = 

0.014). Actual methane yield was calculated based on the measured biogas content 

trapped in solution that was likely lost in the effluent. Methane in the effluent accounted 

for approximately 62 mL/g COD and 57 mL/g COD (i.e., 21% and 18% of total methane) 

in the UA and CSTR reactor, respectively. Methane yield was calculated based on the 

available COD after considering COD removal efficiency and conversion to biomass as 

described in section 2.4 and Appendix A. 

Table 2.1. Average methane production for both Runs 1 and 2 (with maximum 
theoretical). 

 
* Total CH4 = CH4 captured + CH4 measured in effluent  
♯ based on available COD not converted to biomass  
^ based on 33% electrical conversion efficiency 
  

 UA AnMBR CSTR AnMBR  
Max. 
Th. 

Run 1 
(n=15) 

Run 2 
(n=21) 

Run 1 
(n=19) 

Run 2 
(n=27) 

Captured CH4 (mL / d) 225 ± 34 223 ± 40 263 ± 50 250 ± 52 342 

Captured CH4   
(mL / g COD) 

236 ± 35 234 ± 41 269 ± 51 256 ± 53 350 

Total CH4 
* (mL / g 

COD) 
298 ± 38 296 ± 45 326 ± 55 313 ± 57 350 

Captured Potential 
Energy ♯ (kWh / m3 WW) 

1.25 ± 0.21 1.26 ± 0.25 1.43 ± 0.30 1.37 ± 0.31 1.90 

Useable Potential Energy 
^  (kWh / m3 WW) 

0.42 ± 0.07 0.42 ± 0.08 0.48 ± 0.10 0.46 ± 0.10 0.63 
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2.3.2. Membrane operation 

Membrane fouling was evaluated as total resistance (Figure 2.2) as described previously. 

Total resistance profiles correlated well with membrane TMP profiles (Supplementary 

Figure A2).  PVDF and PES MF membranes in both AnMBRs were operated at fluxes of 

below 8 L/m2/h for the initial 8 weeks in each run. After the 8th week, flux was increased 

for a period of 2-3 weeks, during which total resistance showed general increases for all 

membranes. PVDF membranes showed minimal premature fouling (weeks 1-8) in both 

runs for both AnMBRs. Conversely, PES membranes experienced premature fouling in 

the in the UA during Run 2 and CSTR during Run 1 (Figures 2.2B and 2.2C).  

 

Figure 2.2. Total resistance profiles for polyvinylidene fluoride (PVDF) and 
polyethersulfone (PES) membranes used in (A) UA AnMBR for Run 1, (B) UA AnMBR 
for Run 2, (C) CSTR AnMBR for Run 1, and (D) CSTR AnMBR for Run 2.  
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2.3.3. Microbial similarity analysis in AnMBR sludge and membrane 

biofilms 

Similarities among microbial communities from the seed sludge, CSTR sludge, CSTR 

membrane biofilms, UA-attached sludge, UA-suspended sludge, and UA membrane 

biofilms are represented graphically in a metric multidimensional scaling (mMDS) plot 

(Figure 2.3). This plot displays each sample as a point in a two-dimensional space based 

on a distance matrix applied to all samples. Samples with higher similarity to one another 

are clustered closer on the mMDS plot and vice versa. Clustering of samples was based 

on three factors: (i) temporal changes, (ii) sample type (i.e., attached biomass versus 

suspended biomass), and (iii) reactor configuration. To illustrate, the suspended UA 

biomass from Run 1 showed similarity with CSTR sludge samples (also suspended) from 

Run 1 (ANOSIM R = 0.339, P = 0.079). Suspended UA biomass samples from Run 2, 

however, showed increased separation from CSTR sludge samples (ANOSIM R = 0.838, 

P < 0.01) due to the effect of temporal changes. Furthermore, UA attached biomass 

samples were completely separated (ANOSIM R = 1, P < 0.05) from both UA suspended 

sludge and CSTR sludge samples from the same run (both Runs 1 and 2), illustrating the 

differences between attached and suspended sludge. UA PVDF membrane communities 

exhibited high similarity with UA PES communities during Run 1 (ANOSIM R = 0.135, 

P = 0.17) and Run 2 (ANOSIM R = 0.260, P = 0.14), while CSTR PVDF membrane 

communities exhibited significant differences with CSTR PES communities in Run 1 

(ANOSIM R = 0.771, P = 0.029) and Run 2 (ANOSIM R = 0.656, P = 0.029). Despite 

initial similarity between sludge samples from the CSTR and UA reactors, membrane 
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communities across reactor types showed complete separation (ANOSIM R = 1, P < 

0.05) in all instances. 

 

Figure 2.3. Metric multi-dimensional scaling (mMDS) plot of microbial community 
similarities for all samples from up-flow attached-growth (UA) and continuously stirred 
(CSTR) AnMBRs for Runs 1 and 2. 
 

2.3.4. Reactor-based microbial comparison 

Given that clustering of samples was based, in part, on reactor configuration, an OTU-

based analysis was further performed to determine differences in microbial populations 

between the CSTR and UA reactors (Table 2.2A). OTUs with high similarity to 
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syntrophic Smithella propionica were identified in both Runs 1 and 2 of the UA AnMBR. 

These OTUs accounted for average relative abundances (RAs) of 1.39% and 2.83% in 

Runs 1 and 2, respectively and had significantly higher relative abundances in the UA 

AnMBR versus the CSTR (unpaired t-test P < 0.0001 and P < 0.001, respectively). 

Additionally, Aminivibrio pyruvatiphilus, a bacterium known to grow in co-culture with 

hydrogen-utilizing methanogens, was detected at a UA/CSTR average RA ratio of 2.27 

(unpaired t-test P = 0.004) in Run 1. OTUs with high identity similarity to Levilinea 

saccharolytica, a filamentous fermentative bacterium, were found to be present at higher 

relative abundance in the UA reactor for both Runs 1 and 2 than in the CSTR (UA/CSTR 

RA = 24.3 and 15.5, respectively) with high significance (unpaired t-test P = 0.006 and P 

< 0.0001, respectively). Furthermore, several methanogens identified were more 

abundant in the UA than the CSTR AnMBR. An OTU associated with Methanospirillum 

stamsii was identified in Run 2 as having high relative abundance (0.863%) in the UA as 

compared to the CSTR (0.005%) with high significance (unpaired t-test P = 0.007). In 

addition, an OTU associated with Methanosaeta concilii also had high UA/CSTR RA 

ratios during Run 2 (7.45) with high significance (unpaired t-test P = 0.005).  

 

In contrast, one methanogenic species was determined to be more prevalent in the CSTR 

AnMBR. Methanobacterium formicicum was present in the CSTR at a higher relative 

abundance than in the UA for both Runs 1 and 2 with UA/CSTR RA ratios of 0.079 and 

0.24, respectively (unpaired t-test P = 0.009 and 0.013). Additionally, several OTUs were 

identified that made up a significant overall percent of the CSTR sludge (20-30%) 

throughout both Runs 1 and 2 (Table 2B). OTUs closest related to Microbacter 
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margulisiae and Lutispora thermophilia made up an average relative abundance of 20.4% 

and 10.1%, respectively in the CSTR sludge during Run 1. In Run 2, two OTUs most 

closely related to Prolixibacter bellariivorans made up an average relative abundance of 

23.8% of the CSTR sludge. All three of these OTUs had significantly lower 

representation in the UA reactor sludge with UA/CSTR sludge RAs of 7.61x10-4, 0.286, 

and 2.95x10-4, respectively (unpaired t-test P = 0.002, P < 0.001 and P < 0.001). 

Table 2.2. Reactor based microbial comparison. (A) Relative abundances of syntrophic 
species identified in UA and CSTR reactors (all samples) and (B) relative abundances of 
dominant fermentative bacterial species in UA and CSTR sludge.  
 
(A) 
Closest species match 

UA  
Avg. 
(%) 

CSTR  
Avg. 
(%) 

UA / 
CSTR 
Ratio 

P-value Identity 
Match 

(%) 

Run 1 

Smithella propionica 1.39 0.163 8.51 <0.0001 98 

Levilinea saccharolytica 0.573 0.023 24.3 0.006 98 

Methanobacterium formicicum 0.137 1.74 0.079 0.009 98 

Aminivibrio pyruvatiphilus 0.507 0.223 2.27 0.004 98 

Geobacter lovleyi 2.31 0.179 12.9 0.036 98 

Run 2 

Smithella propionica 2.83 0.087 32.6 <0.001 95 

Levilinea saccharolytica 0.513 0.033 15.5 <0.0001 98 

Methanobacterium formicicum 0.110 0.416 0.24 0.013 96 

Methanospirillum stamsii 0.863 0.005 185 0.007 97 

Methanosaeta concilii 1.11 0.149 7.45 0.005 99 

(B) 
 
Closest species match 

UA 
Sludge 
Av. (%) 

CSTR 

Sludge 
Av. (%) 

UA / 
CSTR 

Sludge  

P-value Identity 
Match 

(%) 

Run 1 

Microbacter margulisiae 0.016 20.4 7.6x10-4 0.002 85 

Lutispora thermophila 2.90 10.1 0.286 <0.001 88 

Run 2 

Prolixibacter bellariivorans 0.0007 23.8 2.95x10-5 <0.001 86 
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2.3.5. Microbial differences between attached and suspended biomass 

Analysis of RDP classifier results showed a major difference in the relative abundance 

ratio of archaea to bacteria between attached biomass (UA carriers and all membranes) 

and suspended biomass samples (CSTR and UA suspended sludge). In general, attached 

biomass samples had a significantly higher (unpaired t-test P < 0.0001) average relative 

abundance of nucleotide sequences classified as archaea (7.96% average) than did 

suspended biomass samples (0.84% average). The relative abundance ratio between 

archaea in attached biomass samples to archaea in suspended biomass samples was 7.90 

in Run 1 (unpaired t-test P < 0.001) and 11.1 in Run 2 (unpaired t-test P < 0.0001).  

 

Similarly, genus-based analysis revealed that key bacterial and archaeal genera were 

present in the attached biomass of the UA at significantly higher relative abundances than 

in the suspended biomass of both the UA and the CSTR. To illustrate, Syntrophobacter 

was present in the UA at an attached to suspended sludge ratio of 6.32 in Run 1 (unpaired 

t-test P = 0.031) and 10.4 in Run 2 (unpaired t-test P = 0.0023). The UA-attached sludge 

to CSTR sludge (suspended) ratio for Syntrophobacter was also higher in both Runs 1 

and 2 at 4.07 and 1.48, respectively (unpaired t-test P = 0.096 and P = 0.042). Several 

other genera identified as syntrophic bacteria were found to have UA-attached to UA-

suspended sludge ratios and UA-attached to CSTR sludge ratios of greater than 1 

(ranging from 2.45 to 127) with high significance (Table 2.3) in Runs 1 and 2. Among 

these genera were Smithella, Syntrophomonas, and unclassified Syntrophobacteraceae. 

Other bacteria that favored attached sludge as compared to suspended were Geobacter 

and Desulfovibrio, with UA-attached to UA-suspended sludge ratios ranging from 6.43 to 
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8.32 (unpaired t-test P < 0.05) and UA-attached to CSTR sludge ratios ranging from 2.43 

to 32.2 (unpaired t-test P < 0.07).  

Table 2.3. Average relative abundance ratios of bacterial and archaeal genera between 
attached reactor and suspended reactor biomass for Runs 1 and 2.  

 
* normalized based on total relative abundance of archaea. 
 

Relative abundances of individual methanogens were compared on a percent of total 

archaeal sequences basis. These results showed that for Run 1, Methanobacterium had 

the highest relative abundance among methanogens in the UA-attached, UA-suspended, 

and CSTR sludge biomass at 42.3±13.9%, 40.3±9.2%, and 54.4±8.9%, respectively. For 

 UA Att. / UA 
SS Ratio 

P-
value 

UA Att. / 
CSTR SS 

Ratio 

P-value 

Run 1 

Syntrophomonas 15.6 0.0013 3.89 0.061 

Smithella 2.85 0.018 6.69 0.058 

Syntrophobacter 6.32 0.031 4.07 0.096 

unclassified 
Syntrophobacteraceae 

11.8 0.0066 39.7 0.060 

Desulfovibrio 6.43 0.049 32.7 0.034 

Methanobacterium* 1.05 0.23 0.778 0.034 

Methanosaeta* 2.74 0.058 1.64 0.15 

Run 2 

Smithella 2.45 0.037 3.33 0.026 

Syntrophobacter 10.4 0.0023 1.48 0.042 

Geobacter 8.32 0.018 4.44 0.026 

Desulfovibrio 6.47 0.031 2.43 0.065 

unclassified 
Syntrophobacteraceae 

41.2 0.0030 127 0.0031 

Methanobacterium* 0.299 0.0070 0.523 <0.0001 

Methanospirillum* 3.26 0.0098 44.1 0.0058 

Methanosaeta* 4.51 0.0022 3.89 0.0024 
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Run 2, however, the UA-attached archaeal community was dominated by Methanosaeta 

with an average relative abundance of 43.8±9.1% while UA-suspended and CSTR sludge 

biomass during Run 2 remained dominated by Methanobacterium at 65.0±13.9% and 

37.1±6.6%, respectively. UA-attached to UA-suspended ratios of Methanobacterium 

were 1.05 and 0.299 (unpaired t-test P = 0.23 and P = 0.0070) while UA-attached to 

CSTR sludge ratios were 0.778 and 0.523 (unpaired t-test P = 0.034 and P < 0.0001) for 

Runs 1 and 2, respectively. For Methanosaeta, UA-attached to UA-suspended ratios were 

significantly higher at 2.74 and 4.51 (unpaired t-test P = 0.058 and P = 0.0022) for Runs 

1 and 2, respectively. Similarly, UA-attached to CSTR sludge ratios for Methanosaeta 

were 1.64 and 3.89 (unpaired t-test P = 0.15 and P = 0.0024). 

2.3.6. Membrane biofilm EPS content 

Total protein and total carbohydrate contents were quantified for the soluble EPS 

obtained from both PVDF and PES membrane biofilms from each AnMBR for both Runs 

1 and 2. Results were averaged for 3 equal size sections from each membrane and 

normalized against the total extracted DNA concentration obtained from those same 

membrane sections (Figure 2.4). Total protein as well as total carbohydrates were 

determined to be consistently lower in the soluble EPS of UA AnMBR membrane 

samples (0.2-0.7 μg/ng DNA) than in that of CSTR AnMBR membrane samples (0.4-2.7 

μg/ng DNA). Protein and carbohydrate contents quantified for the CSTR PES membrane 

biofilm were higher than its corresponding PVDF membrane in Runs 1 and 2. 
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Figure 2.4. Extracellular polymeric substance (EPS) protein and carbohydrate contents of 
membrane biofilm biomass normalized against total extracted DNA concentrations from 
all membranes of both AnMBRs for Runs 1 and 2.  
 

2.3.7. AnMBR retentate SMP profile dynamics 

In total, 31 samples from both reactors over Runs 1 and 2 (n = 9 for CSTR Run 1, n = 8 

for CSTR Run 2, n = 6 for UA Run 1, and n = 8 for UA Run 2) were analyzed for SMP 

content. A principal component analysis (PCA) was performed for 210 nm UV 

absorbance profiles for all retentate samples from both reactors for Runs 1 and 2. UA 

samples were separated from CSTR samples along PC1, representing reactor-based 

differences in SMPs, while Run 1 samples were separated from Run 2 samples along 

PC2, illustrating temporal changes in both reactors (Figure 2.5). CSTR samples within 

each run were also more broadly distributed along PC1 than UA samples. In general, the 

PCA plot shows that there was higher variation in the CSTR retentate samples (in terms 

of SMP protein profiles at 210 nm absorbance) both between Runs 1 and 2 and within 

each run than in corresponding UA retentate samples.  
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2.5. Principal component analysis (PCA) plot comparing high performance liquid 
chromatography (HPLC) profiles of protein-like substances detected at 210 nm UV 
absorbance for retentate soluble microbial products (SMP) samples of up-flow attached-
growth (UA) and continuously stirred (CSTR) AnMBRs for Runs 1 and 2.  
 

2.3.8. SMP and EPS fractions – potential relation to PES membrane fouling 

A more in-depth analysis of protein-like SMPs using HPLC profiles at 210 nm UV 

absorbance revealed that a peak representing a ~600 kDa molecular weight (MW) 

compound was present in all SMP retentate samples from both reactors and both Runs 1 

and 2 (Figure 2.6B). This peak, however, was not seen in any of the corresponding 

permeate profiles as it represents the largest molecular weight compound detected by 

HPLC at 210 nm UV wavelength (shortest retention time). There was no observable 
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variation in the 600 kDa peak size temporally or between reactor types. Additionally, a 

peak representing a ~100 kDa MW compound was observed intermittently in samples 

from the CSTR retentate in Run 1 (Figure 2.6A). This peak was not observed in any SMP 

retentate samples from the CSTR in Run 2 or from the UA in either run (Figure 2.6B). 

Unlike the 600 kDa peak, this peak was also seen in the corresponding permeate samples 

when present in the retentate. This peak was only observed in CSTR samples for Run 1 

on days 11, 36, and 65, all of which coincided with increases in the CSTR PES 

membrane’s total resistance. Neither the 600 kDa peak nor the 100 kDa peak was present 

in any reactor influent HPLC profiles.   

 

Figure 2.6. High performance liquid chromatography (HPLC) absorbance profiles for (A) 
SMP samples containing peaks representing 100 kDa protein-like compound (CSTR Run 
1) and (B) all other retentate SMP samples (both reactors, Runs 1 and 2). 
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Analysis of HPLC results for membrane biofilm EPS contents showed that protein 

profiles detected at 210 nm consistently contained the 600 kDa MW compound. The peak 

size of this compound increased for membranes that experienced premature increases in 

total membrane resistance (Figure 2.7). Absorbance profiles at 210 nm for soluble 

membrane biofilm EPS showed a 3-fold or greater increase in peak height at this 

retention time between the CSTR PES membrane and the CSTR PVDF membrane during 

Run 1 (Figure 2.6C). Likewise, peak height of the 210 nm protein fragment was greater 

in the UA PES membrane as compared to the UA PVDF membrane in Run 2 (Figure 

2.6B). This peak was also seen in absorbance profiles detected at 280 nm and followed a 

similar trend, although peak heights were consistently lower than those detected at 210 

nm.  

 

Figure 2.7. Extracellular polymeric substance (EPS) high performance liquid 
chromatography (HPLC) profiles detected at 210 nm UV absorbance for soluble EPS of 
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both PES and PVDF membranes from (A) UA AnMBR for Run 1, (B) UA AnMBR for 
Run 2, (C) CSTR AnMBR for Run 1, and (D) CSTR AnMBR for Run 2. 
 

2.3.9. Membrane characterization 

Both the PVDF MF and the PES MF membranes were characterized based on a range of 

parameters including hydrophobicity, surface charge, and surface roughness 

(Supplementary Table A2). The PVDF membrane had higher root-mean-square (rms) 

surface roughness values as determined by AFM membrane images for both 3 μm x 3 μm 

and 30 μm x 30 μm surface areas. Hydrophobicity was higher for the PVDF membrane as 

determined by surface drop tests that achieved average contact angles of 77° and 32° for 

the PVDF and PES membranes, respectively. Finally, the surface charge of the PVDF 

membrane was determined to be slightly negative (-18 mV) while the surface charge of 

the PES membrane was determined to be slightly positive (+19 mV) at pH 7 based on 

streaming zeta-potential tests. 

2.4. Discussion 

Despite differences in specific microbial populations related to fermentative bacteria, 

syntrophs and methanogens (Table 2.2), both the attached growth (UA) AnMBR and 

suspended growth (CSTR) AnMBR achieved a similar range of 90-96% COD removal. 

This reiterates the findings of a recent study that also observed similar effluent quality 

between granular and suspended growth AnMBRs [15]. Captured methane volumes were 

23-33% lower than the maximum theoretically achievable (Table 2.1), but were in a 

similar range (234-269 mL/g COD) to other studies that evaluated the potential for 

methane production under similar organic loading rates [5, 40, 41]. The saturation 

solubility of methane in water is 16 mL/L at 35 °C and 1 atm [42]. Measurement of 
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methane content trapped in the liquid phase revealed that it contained levels exceeding 

those of its maximum solubility in water (i.e. super-saturation) by nearly double, 

implying that a large fraction (18-21%) of the total recoverable methane was lost in the 

effluent. A previous study aimed at quantifying methane recovery efficiency in an 

AnMBR showed that super-saturation of methane in the effluent caused by mass transfer 

limitations was, indeed, responsible for losses of up to 25% under similar operating 

conditions [7].  

 

The CSTR consistently achieved higher methane content in the total biogas and produced 

a significantly higher daily methane yield compared to the UA AnMBR.  The mass 

transfer limitations that were responsible for considerable methane losses in the AnMBR 

effluents were likely also affected by differences in the operational conditions of the 

CSTR as compared to the UA reactor. Given that the CSTR was operated under constant 

internal mixing conditions while the UA was not, it seems reasonable that slightly better 

transfer rates of methane from the CSTR sludge to the biogas could have accounted for 

the higher biogas and methane yields seen in the CSTR. Furthermore, in most cases 

studied for anaerobic digestion, hydrolysis and fermentation were determined to be rate 

limiting steps [43]. The dominance of up to 30.5% of the total microbial community 

within the CSTR sludge by three OTUs most closely related to the fermentative bacteria 

Microbacter margulisiae (Run 1), Lutispora thermophila (Run 1), and Prolixibacter 

bellariivorans (Run 2) (Table 2.2B) suggests that the CSTR AnMBR in this study was 

likely able to overcome the hydrolysis and/or fermentation digestion steps more 

efficiently than the UA AnMBR system, possibly leading to higher overall methane 
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yields. Although the specific fermentative bacterial species changed between Runs 1 and 

2, their prominence in the CSTR sludge and overall role in the anaerobic digestion 

process as fermenters remained consistent. During the time period between the end of 

Run 1 and the commencement of Run 2, both reactors were operated in batch mode, 

which could have led to these changes.  

 

Another possible explanation for the lower methane production by the UA could be 

related to hydrogen and/or acetate-utilizing bacteria competing with methanogens in the 

UA biomass. For example, an OTU closest related to Geobacter lovleyi was present at a 

higher relative abundance in the UA in both Runs 1 and 2 (UA/CSTR ratio = 12.9, 

unpaired t-test P = 0.036). Geobacter lovleyi is able to utilize both hydrogen and acetate 

under anaerobic conditions and could decrease the amount of both substrates that are 

taken up by the hydrogenotrophic and acetoclastic methanogens [44]. This, in turn, would 

result in lower methane and higher carbon dioxide content within the biogas.  

 

Other significant differences in the microbial populations of the UA and CSTR AnMBRs 

were also observed, specifically those associated with the attached and suspended 

biomass. Our findings have shown that methanogens and archaea in general have a more 

dominant presence in the attached biomass as compared to suspended sludge (average 

RA ratio = 8.44, unpaired t-test P < 0.001), along with syntrophs and sulfate-reducing 

bacteria. The inherently longer sludge age of the attached biomass likely favors these 

microbial groups as compared to other bacteria due to their relatively slower growth rates 

[25].  
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Different environmental conditions are likely to persist in attached biofilms due to 

vertical gradient of substrates that may also drive niche differentiation of archaea or 

syntrophs over others, in turn providing these bacterial populations with a competitive 

edge than in the suspended form under lower substrate concentrations. To illustrate, an 

OTU identified as propionate-degrading bacterium Smithella propionica had a 

significantly higher RA in the UA AnMBR as compared to the CSTR AnMBR (Table 

2.2A) [45]. Methanospirillum stamsii is a methanogen known to grow in a syntrophic 

propionate-oxidizing anaerobic consortium [46]. The relative abundance of this species 

showed significant correlation with the relative abundance of S. propionica (Spearman’s 

rank correlation ρ = 0.53, P = 0.034). Although S. propionica produces acetate that could 

be utilized by acetoclastic methanogens, the relative abundance of S. propionica did not 

exhibit a significant correlation with Methanosaeta concilli (Spearman’s rank correlation 

ρ = 0.35, P = 0.19), suggesting that the transfer of hydrogen was the more mutualistic 

interaction when compared to the transfer of acetate to acetoclastic methanogens. Hence, 

attachment or aggregation facilitates the interspecies transfer of electrons, hydrogen 

and/or formate, which is a key requirement in obligate syntrophic interactions [47], and is 

potentially responsible for the higher abundances of methanogens and syntrophs in the 

attached biomass. 

 

The transfer of hydrogen to methanogens can, however, be limited by diffusion when 

sulfate-reducing bacteria are present in the attached biomass. It has been previously 

shown that the transfer of electron carriers between cells is only limited by diffusion rates 
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when cells are within 2-3 μm of each other (i.e. aggregated biomass), while H2-producing 

and/or utilizing microbes do not affect inter-cell transfer rates when at distances > 10 μm 

(i.e. suspended biomass) except in their contribution to the bulk solution [48]. With this 

in mind, the presence of Desulfovibrio at significantly higher relative abundances in the 

attached biomass (Table 2.3) likely created less favorable conditions for 

hydrogenotrophic methanogens in the attached biomass than in the suspension.  

 

The majority of archaea in the CSTR AnMBR were comprised of hydrogenotrophic 

methanogens, specifically Methanobacterium formicicum, reaching up to 80% of the total 

archaeal community. Hydrogenotrophic methanogenesis has been previously identified as 

the dominant methane-producing pathway in anaerobic digesters [49]. As such, the 

higher abundance of hydrogenotrophic methanogens as compared to their aceticlastic 

counterparts may have contributed to higher carbon dioxide utilization and ultimately 

higher methane production by the CSTR AnMBR. It was observed in a previous study 

that increases in shear rates within an AnMBR coincided with increases in the 

hydrogenotrophic methanogenic population of the reactor [41]. This is consistent with 

our findings of hydrogenotrophic methanogen dominance in the CSTR, as shear rates in 

the CSTR were likely inherently higher compared to the UA reactor given that 

recirculation rates in the two reactors were the same, but the CSTR was also rigorously 

internally mixed by an impeller.  

 

Existing research has shown that high molecular weight compounds can dominate 

proteinaceous EPS and SMPs in MBRs [14, 50]. Furthermore, a previous study 
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comparing reactor configurations of AnMBRs found that there were significant 

differences in SMP molecular weight fractionation between suspended growth and 

granular AnMBRs [15]. Our findings suggest that differences in the bacterial populations 

between reactor configurations have also likely accounted for differences in the SMP 

constituents of CSTR and UA retentates (Figure 2.5). Major differences in total 

membrane resistance were observed between Run 1 and Run 2 for the PES membrane in 

the CSTR. This was likely due to differences in the proteinaceous SMP characteristics, as 

they varied more in the CSTR as compared to the UA reactor. To illustrate, a peak 

representing a 100 kDa protein-like compound was only present in select samples of 

retentate and permeate from the CSTR in Run 1 (Figure 2.6). The timing of this peak’s 

presence coincided with increases in total resistance in the CSTR PES membrane at days 

15 and 36 of Run 1. This compound may have played a role in membrane fouling by pore 

adsorption and accumulation given its relatively small molecular weight compared to the 

membrane pore size. Conversely, this peak was not detected in CSTR SMP samples from 

Run 2 or in any UA SMP samples, even though the UA PES membrane in Run 2 also 

experienced premature increases in total resistance. 

 

Previous research suggests that membrane performance in MBRs is negatively affected 

by the concentration of colloidal matter in reactor suspension and, as a result, favors 

attached growth type AnMBR systems [13, 15]. Our results showed that, despite 

differences in the SMP constituents, membrane fouling was minimal for both reactors 

when the transmembrane fluxes were maintained below 8 L/m2/h, with the exception of 

the CSTR PES membrane in Run 1 and, to a lesser degree, the UA PES membrane in 
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Run 2. Proteins and carbohydrates, which have been previously found to influence 

fouling and adversely impact membrane performance [21, 51, 52], were higher in CSTR 

PES membrane biofilms than in corresponding PVDF biofilms. Most of the characterized 

membrane properties showed no significant difference between virgin PES and PVDF 

membranes (Table A1). However, the PES membrane used in this study exhibited a 

slightly positive zeta potential, which may have resulted in an enhanced affinity for the 

negatively charged microbial cells. In a study by Gao et al., different membrane types 

(i.e., polyether block amide-coated PVDF and uncoated polyetherimide) were tested and 

their findings revealed that uncoated polyetherimide had a greater surface affinity for 

Bacteroidetes [21]. This, in turn, led to a predominantly proteinaceous EPS layer and a 

faster fouling rate than the coated PVDF membranes. This observation coincided with 

our findings that both the fouled PES membrane of the CSTR for Run 1 and the fouled 

PES membrane of the UA for Run 2 had 3-fold or greater increases in peak height for a 

600 kDa protein fragment detected on HPLC as compared to PVDF membranes in those 

same runs (Figure 2.7).  

 

Normalized total average protein and carbohydrate contents were higher for CSTR PES 

membranes in both Runs 1 and 2 (Figure 2.4) even though the PES membrane in the 

CSTR during Run 2 did not exhibit the same fouling rates as in Run 1. Additionally, the 

lower average protein and carbohydrate content seen in PES biofilms in the UA AnMBR 

suggests that reactor configuration might also play a role in EPS affinity for a specific 

membrane type. In future studies, it would be useful to isolate and identify the observed 

peaks representing the 600 kDa (EPS and SMPs) and 100 kDa (SMPs) compounds in the 
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HPLC profiles in order to determine if a link can be established between those 

compounds and the bacteria present in the reactor sludge and membrane biofilms.  

 

Considering that the treatment efficiencies of both reactors were consistently similar in 

terms of COD removal rates, the main performance characteristics potentially affected by 

reactor type are methane production capacity and biofouling rates. Both of these 

parameters directly impact process efficiency and sustainability, which are the primary 

obstacles limiting the application of AnMBRs for municipal wastewater treatment. 

Through the use of molecular tools, the links between fundamental microbiology and the 

performance of these systems were examined, providing insights useful for future design 

and operation considerations.  

2.5. Conclusion 

Several different types of conventional anaerobic digesters have been studied for their 

microbial communities and performance, but these studies offer limited insight to answer 

critical questions in the context of emerging membrane-based mainline anaerobic 

treatment systems. In particular, the impact of AnMBR reactor type on the microbial 

community, as well as broader links to methane production, SMPs, and membrane 

fouling is a critical area of research to advance goals for energy positive wastewater 

management. This study evaluated two AnMBR types that are inherently different in 

their biological growth conditions, demonstrating reproducible differences among their 

microbial community structure while relating these differences to reactor performance.  
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Microbial community analysis shows that methanogens, syntrophs, fermentative and 

sulfate-reducing bacteria are all significantly affected by differences in AnMBR 

configuration. Results suggest that these differences can lead to variations in biogas 

production and microbe-produced foulant compositions, both of which are integral to the 

sustainability of AnMBR application to municipal wastewater. Furthermore, although 

membrane characteristics appear to have an impact on biofilm formation, reactor stability 

and microbial foulant composition may contribute more directly to membrane fouling. 

These findings illustrate the importance of understanding microbial community 

interactions when evaluating AnMBRs in future research for wastewater treatment 

applications. 
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Organic micropollutants in aerobic and anaerobic membrane 

bioreactors: Changes in microbial communities and gene expression  
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3. Organic micropollutants in aerobic and anaerobic membrane bioreactors: 

Changes in microbial communities and gene expression  

 

Abstract 

Organic micro-pollutants (OMPs) are contaminants of emerging concern in wastewater 

treatment due to the risk of their proliferation into the environment, but their impact on 

the biological treatment process is not well understood. The purpose of this study is to 

examine the effects of the presence of OMPs on the core microbial populations of 

wastewater treatment. Two nanofiltration-coupled membrane bioreactors (aerobic and 

anaerobic) were subjected to the same operating conditions while treating synthetic 

municipal wastewater spiked with OMPs. Microbial community dynamics, gene 

expression levels, and antibiotic resistance genes were analyzed using molecular-based 

approaches. Results showed that presence of OMPs in the wastewater feed had a clear 

effect on keystone bacterial populations in both the aerobic and anaerobic sludge while 

also significantly impacting biodegradation-associated gene expression levels. Finally, 

multiple antibiotic-type OMPs were found to have higher removal rates in the anaerobic 

MBR, while associated antibiotic resistance genes were lower. 
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3.1. Introduction 

Recent advances in aerobic membrane bioreactor (MBR) technology have led to the 

widespread implementation of full-scale MBR systems for municipal wastewater 

treatment. Anaerobic MBRs have not yet been successfully applied at a large scale for the 

treatment of low-strength (e.g., domestic) wastewaters, but research interest in the subject 

remains high [1]. The advantages of MBRs when compared to conventional wastewater 

treatment are well established and include small treatment plant footprints and high 

quality effluent.  

 

However, an emerging concern surrounding wastewater treatment is the issue of organic 

micropollutant (OMP) removal rates and their proliferation into the environment [2]. 

OMPs are present in municipal wastewater due to household use of pharmaceuticals, 

antibiotics, and other personal care products. Combined waste streams that include 

hospitals and other facilities producing high OMP concentration effluent amplify the 

potential impact of these compounds [3]. Many previous studies have addressed removal 

of OMPs in conventional activated sludge (CAS) treatment systems in comparison with 

aerobic MBRs [4-7]. Generally, these studies found that removal rates of OMPs were 

significantly affected by treatment plant operating conditions and that, overall, aerobic 

MBR systems were more efficient than CAS in the removal of OMPs. The issue of OMPs 

in anaerobic MBRs has only recently developed as a topic of interest and will become 

increasingly important as anaerobic MBR technology evolves as a suitable municipal 

wastewater treatment option [8, 9].   
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Despite the essential role that microbes play in both aerobic and anaerobic wastewater 

treatment, studies characterizing the relationship between OMPs and the microbial 

communities of those systems have been limited [10]. This is mainly due to the fact that, 

at trace levels, these compounds exhibit negligible toxicity or antibacterial effect to 

change the viability and performance of biological treatment systems [6]. Both aerobic 

and anaerobic wastewater treatment technologies are generally very robust once 

acclimatized, therefore a lack of impact by OMPs on overall performance does not 

necessarily imply a lack of effect on microbial dynamics and their associated gene 

expressions. Given the inherent differences between the core microbial communities of 

aerobic and anaerobic reactors, it is likely that those OMP compounds would have unique 

influences on the microbial community structures and gene expression in each system. 

Considering the recent increase in aerobic MBRs used for municipal wastewater 

treatment and a growing interest in anaerobic MBRs for similar applications, there is a 

need for further understanding of the effect of OMPs on each of the two systems.  

 

Specifically, among the OMPs that are commonly found in untreated wastewater, 

antibiotics are of interest due to their potential to facilitate antibiotic resistance gene 

(ARG) propagation and transfer [11]. The influence of these OMPs on ARG abundance is 

especially critical in high concentration microbial environments such as biological 

wastewater treatment systems and their effluents. Although several recent studies have 

focused on the fate and persistence of ARGs in CAS and anaerobic digestion systems 

[12-15], no research to date has compared the effect of specific antibiotic-type OMPs on 

associated ARGs in aerobic versus anaerobic MBR systems. Furthermore, no studies 
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have been conducted that assess the impact of OMPs on microbial communities and their 

gene expression in MBR systems. As a result, the present study was designed to examine 

the effects of the presence and accumulation of various OMPs on the microbial 

communities in lab scale aerobic and anaerobic MBRs by using high-throughput 16S 

rRNA gene sequencing, metatranscriptomics, and quantitative PCR to analyze the core 

microbial communities, gene expression profiles, and ARG abundance, respectively. 

3.2. Material and methods 

3.2.1. Description of treatment systems and operational conditions 

This study compared two different lab-scale wastewater treatment systems; an aerobic 

sequential batch reactor (SBR) and an anaerobic MBR operated with a side-stream 

ultrafiltration (UF) membrane. Schematic diagrams of each system are shown in Figures 

B1 and B2 of the Appendix B and have been detailed previously [16, 17]. Reactors were 

operated and sampled in 2 primary phases: (1) without any additional membrane 

separation and (2) with a nanofiltration (NF) membrane downstream of the reactor 

effluent (flat-sheet DOW NF90, 200-400 Da MWCO). These 2 phases are subsequently 

referred to as Phase 1 and Phase 2. Phase 1 was 55-60 days in duration while Phase 2 was 

25-30 days. At the end of Phase 2, a single dose (100 mg/L) of powder activated carbon 

(PAC) was added to the sludge of each reactor to assess its effect on OMP removal. 

Operational conditions were maintained based on Phase 2 parameters for 10 days after 

the addition of PAC. Reactors had working volumes of 2 L and were maintained at pH 7. 

pH was monitored and controlled continuously by a built in pH controller using 1M 

NaOH and 1M HCl. The aerobic and anaerobic reactors were maintained at 20 °C and 35 

°C, respectively to represent typical operating conditions for each system. Hydraulic 
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retention times (HRTs) of both systems were set at 12 h during Phase 1. Upon the 

addition of the NF membrane to both systems in Phase 2, HRTs were increased to 24 h 

due to trans-membrane flux limitations. To maintain reactor organic loading rates of 0.8 

g/L/d throughout operation, influent chemical oxygen demand (COD) was set at 400 

mg/L and 800 mg/L for Phases 1 and 2, respectively. The synthetic wastewater was made 

up of a mix of organic and inorganic compounds and trace metals, as summarized in 

Table B1. A cocktail of OMP compounds was added to the feed synthetic wastewater at 

individual compound concentrations of 10-20 µg/L for Phase 1 (12 h HRT) and 20-40 

µg/L for Phase 2 (24 h HRT) to maintain consistent OMP loading rates to each system. 

Samples were also taken from reactor sludges before the commencement of OMP spiking 

in Phase 1 and after the addition of PAC at the end of Phase 2. The cocktail of spiked 

OMPs consisted of a mixture of pharmaceutical compounds, antibiotics, personal care 

products, and pesticides that are commonly detected in raw wastewater [18]. Those 

compounds included acetaminophen, amitriptyline, atenolol, atrazine, bezafibrate, 

bisphenol A, caffeine, carbamazepine, clofibric acid, dilantin, diclofenac, 

diethyltoluamide (DEET), diphenhydramine, fluoxetine, gemfibrozil, ibuprofen, 

iopromide, methylparaben, naproxen, oxybenzone, primidone, propylparaben, sucralose, 

sulfamethoxazole, trimethoprim, tris(2-chloroethyl)phosphate (TCEP), and tris(1,3-

dichloroisopropyl)phosphate (TDCPP). The chemical properties of these OMPs and their 

skeletal structures are presented in Table B2 and Figure B3, respectively.  

3.2.2. Liquid chromatography – mass spectrometry 

OMP compound concentrations were determined by liquid chromatography coupled 

tandem mass spectrometry (LC-MS/MS). Samples were analyzed using an Agilent 
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Technology 1260 Infinity Liquid Chromatography unit with AB SCIEX QTRAP 5500 

mass spectrometer (Applied Biosystems) as previously described [17]. Isotopically 

labeled standards of each OMP compound were spiked prior to solid phase extraction. 

Recoveries of all target compounds were determined to be > 80% after corrections based 

on isotope recovery rates. Standard deviations for all compounds used in this study were 

< 20% of detection values.  

3.2.3. Amplicon-based next-generation sequencing  

1 mL of sludge from each reactor was sampled every one to two weeks. Samples were 

pelleted by adding 0.6 mL of 1X PBS solution and centrifuging for 10 min at 9400 g, 

then subsequently stored at -20 °C. Genomic DNA was extracted from the stored reactor 

biomass using the UltraClean® Soil DNA Isolation Kit (MoBio Laboratories, Carlsbad, 

CA) with slight modifications to the protocol by adding lysozyme and achromopeptidase 

to the lysis buffer [19]. PCR amplification of the extracted DNA was performed with 

barcoded forward primer 515F  (5′-GTGYCAGCMGCCGCGGTA-3′) and reverse primer 

909R (5′-CCCCGYCAATTCMTTTRAGT-3′) based on thermal cycling conditions 

previously described [20]. PCR amplicons were gel-purified with Wizard SV Gel and 

PCR Clean-up system (Promega, Madison, WI). Concentrations were determined by 

Qubit fluorometer (Invitrogen, Carlsbad, CA). Equimolar concentrations of the samples 

were mixed, and then submitted to KAUST Genomics Core lab for Ion Torrent 

sequencing (Life Technologies, Carlsbad, CA) on 318 chips. Sequences obtained from 

Ion Torrent platforms were processed and analyzed using the Ribosomal Database 

Project (RDP) Classifier, operational taxonomic unit (OTU)-based sequence sorting, and 

Primer E Version 7 Software as described previously [21]. All Ion Torrent sequencing 
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files were deposited in the Short Read Archive (SRA) of the European Nucleotide 

Archive (ENA) under study accession number PRJEB12338. 

3.2.4. Quantitative PCR (qPCR) 

qPCR was performed to determine the abundances of known antibiotic resistance genes 

present in the reactor sludge. sul1 and sul2 genes were targeted due to their association 

with sulfamethoxazole resistance while dfrA5 and dfrA14 genes were targeted due to their 

association with trimethoprim resistance. The intl1 gene, which encodes for the type 1 

integrase enzyme [22], is commonly associated with the horizontal propagation of 

resistance genes and was also targeted. Details of the qPCR protocol, primer sequences, 

plasmid preparation and standard curves are provided in Appendix B. 

3.2.5. Metatranscriptomics  

6 mL of sludge from each reactor was sampled every one to two weeks. Samples were 

pelleted by adding 4 mL of 1X PBS solution and centrifuging for 10 min at 9400 g, then 

subsequently stored in 10 mL RNAlater RNA stabilization solution (Qiagen, Valencia, 

CA) at -20 °C. Biomass was extracted for total RNA using the RNeasy Midi Kit (Qiagen) 

following the manufacturers’ protocol. Total RNA was further enriched for mRNA by 

removing ribosomal RNA using the Epicentre Ribo-Zero Magnetic rRNA Removal Kit 

for bacteria (Illumina, Madison, WI). RNA quality control was performed using the 2200 

Tapestation bioanalyzer (Agilent Technologies, Santa Clara, CA) and concentrations 

were quantified by qPCR using the Applied Biosystems® 7900HT Fast Real-Time PCR 

system (Thermo Fisher Scientific, Carlsbad, CA). RNA sequencing was performed on the 

Illumina HiSeq 2000 platform by the KAUST Genomics Core Lab team using standard 

protocols. In total, 28 samples were run on two lanes. Read libraries were constructed 
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using the TruSeq Stranded Total RNA Library Preparation Kit (Illumina). Low quality 

sequence reads (i.e. Phred score <20) were removed and sequence adapters were trimmed 

from all raw reads. For each sequence file, contigs were assembled from the raw 

sequences using the Short Oligonucleotide Analysis Package (SOAP) de novo algorithm 

[23]. Assembled sequence files were further filtered of contigs shorter than 500 bp. Gene 

sequence contigs were analyzed using the NCBI BLASTX algorithm against an existing 

biodegradation gene (BDG) database as previously described [24]. BLASTX results were 

sorted and filtered based on a minimum e-value of 1x10-5. Sequence files were further 

uploaded to the MG-RAST server  and analyzed for functional gene abundance by 

annotating sequences on the Subsystems database based on an e-value of < 1x10-5, 

minimum identity cutoff of 60%, and minimum alignment length of 30 nt. All 

transcriptomic sequences are available on the MG-RAST online server under project ID 

number 13768 and accession numbers 4635665 through 4635692. 

3.3. Results & Discussion 

3.3.1. Overall Reactor Performances and OMP removal efficiency 

Both aerobic and anaerobic reactors showed consistent COD removals from the synthetic 

municipal wastewater (400-800 mg COD/L) of higher than 90% throughout operation in 

both Phases 1 and 2. Upon addition of the NF membrane in Phase 2, total COD removal 

of each system increased to above 98% due to the higher rejection of refractory organics 

[16, 17]. Reactor effluent COD concentrations dropped by 10-15% for the initial 1-3 days 

after the addition of PAC in Phase 2 before subsequently returning to pre-PAC levels. 

This was likely due to the limited sorption capacity of the PAC dosage used (100 mg/L). 

Biomass concentrations in both reactors were relatively stable at 3-4 g/L MLSS for the 



   
 

 

96

aerobic system and 5-7 g/L MLSS for the anaerobic system. Differences in sludge 

concentrations are known to impact overall sorption capacities, however the relative 

MLSS stability and lack of sludge wasting (except as necessary for sampling) in each 

system likely limited its overall effect on removal rates. In the anaerobic MBR, biogas 

production was stable with over 70% methane content throughout operation and was not 

affected by OMP presence or accumulation. The consistency in performance of each 

reactor regardless of the presence of OMPs in the feed or their accumulation within the 

system (after the addition of NF membrane) reiterates similar findings of previous studies 

[8, 25]. Due to the nature of these compounds in municipal wastewater, OMPs in MBRs 

typically would not exceed trace level concentrations (<50 µg/L) and thus are unlikely to 

affect the overall efficiency of these treatment systems (i.e., no toxic effect on the 

microbial communities) [6]. 

 

Removal rates of individual OMPs varied between the aerobic and anaerobic systems. 

The addition of the NF membrane in Phase 2 provided a high rejection of all OMP 

compounds (>75%), which resulted in the decoupling of compound retention rates from 

the HRT of each reactor. This allowed for the accumulation of OMPs in the system and 

an increased exposure to the microbial community. Based on these two operational 

phases, the effect of OMPs on each system was evaluated under both constant 

concentration (10-20 µg/L, Phase 1) and compound accumulation conditions (20-40 µg/L 

with NF membrane rejection, Phase 2).  
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3.3.2. Effect of OMPs on reactor microbial communities 

Although no significant changes were observed in reactor performances between pre-

OMP conditions and the different operational phases, relative abundance of the microbial 

communities of the aerobic and anaerobic systems were impacted by both OMP 

introduction (Phase 1) and accumulation (Phase 2). To illustrate these changes, a metric 

multidimensional scaling plot (mMDS) was generated for each of the two reactors 

(Figure 3.1A and 3.1B). The mMDS plots were generated using bootstrapped averages to 

ensure the statistical reliability of each sample set (i.e., by evaluating the significance of 

each sample set within itself by linear regression). This plot utilizes a distance matrix 

applied to all samples by which each is represented as a point in the two-dimensional 

space. Samples with higher community similarity are closer in proximity in the mMDS 

and vice versa. The communities of each reactor showed clear clustering based on both 

phases of operation, as well as strong separation from the sample taken before the 

addition of OMPs to the synthetic wastewater feed and those taken after the addition of 

PAC to the reactor biomass. Only one sample point was taken from each reactor prior to 

the introduction of OMPs to the wastewater in Phase 1. This, along with the lack of 

control reactor systems, allows for limited interpretation of the microbial community 

dynamics under OMP-free conditions. Nonetheless, the strong clustering of each 

operational phase in the mMDS plots implies a clear effect of OMPs on the microbial 

community structures. Given the clear separation of samples at phase transitions (e.g., the 

end of Phase 1 and the start of Phase 2), temporal variation did not appear to contribute to 

the differences between phases as a dominant factor. To further evaluate how these 

changes in OMP loading affected the communities of each of the systems, the core 
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microorganisms of both the aerobic and anaerobic processes were investigated at the 

species level.  

 

Figure 3.1. Microbial community metric multidimensional scaling plot (mMDS) for the 
(A) aerobic reactor system and (B) anaerobic reactor system under different phases of 
operation. Principal coordinate analysis (PCA) of dominant biodegradation genes (BDGs) 
expressed in both the (C) aerobic and (D) anaerobic systems with vectors showing the 
contributing gene groups with strong correlation to sample layout (Pearson’s coefficient ρ 
> 0.7). 
 

3.3.2.1. Aerobic System  

The aerobic sludge experienced significant shifts in microbial community relative 

abundance between pre-OMP conditions, Phase 1, and Phase 2 of the experiment. Core 

bacterial genera known to be dominant in CAS processes are well established in the 

literature [26]. Several OTUs closely related to these bacterial groups were significantly 

affected by the introduction of OMPs to the wastewater feed (Phase 1) and the 
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accumulation of OMPs in the reactor system (Phase 2). Among those bacteria was the 

species Lysobacter dokdonensis, which declined from over 25% relative abundance of the 

total microbial community in pre-OMP conditions to 9.2% in Phase 1 and 2.1% in Phase 

2 (unpaired t-test P < 0.01). Conversely, bacteria that showed significant increases in 

relative abundance across the phases of operation were Terrimonas lutea and 

Ferruginibacter alkalilentus (Table 3.1A). Bacteria of these genera have been previously 

linked to membrane fouling in aerobic MBRs [27], suggesting a possible connection 

between OMP presence in wastewater and increased fouling potential. The increase in 

relative abundance of F. alkalilentus from below 0.40% in pre-OMP conditions to above 

6.5% during Phase 2 could potentially be attributed to its alkaliphilic nature, as several 

previous studies have shown correlations between alkaliphilic bacteria and enhanced 

biodegradation of organic compounds [28, 29]. Furthermore, the pKa values of the 

majority of the OMPs used in this study were greater than 4, implying either alkaline or 

weakly acidic properties (Table B2), which could have contributed to a favorable 

environment for such bacteria.  
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Table 3.1. Reactor based microbial comparison for aerobic and anaerobic reactor 
systems. Average relative abundances of core microbial species identified in reactor 
biomass in Pre-OMP stage, OMPs in feed wastewater (Phase 1), and NF membrane 
addition and OMP accumulation in reactor (Phase 2).   
  
Closest species match Pre-

OMP  
Avg. (%)

Phase 1 
Avg. 
(%) 

Phase 2 
Avg. 
(%) 

P-value Identity 
Match 

(%) 

(A)    Aerobic MBR  

Trichococcus flocculiformis 4.56 23.63 1.20 <0.01 99 

Ottowia pentelensis  3.39 10.37 5.73 0.063 97 

Lysobacter dokdonensis 25.01 9.17 2.11 <0.01 93 

Terrimonas lutea 3.26 3.71 8.06 <0.05 96 

Ferruginibacter alkalilentus  0.31 1.21 6.80 <0.05 94 

Comamonas terrigena 1.56 0.99 1.76 <0.05 95 

Nitrobacter hamburgensis 1.43 1.78 1.74 0.94 98 

Nitrosomonas ureae 0.002 0.56 1.79 0.081 96 

(B)    Anaerobic MBR  

Lutispora thermophila 34.64 25.25 11.82 <0.05 88 

Petrimonas sulfuriphila 15.18 6.20 0.93 <0.05 99 

Alkalitalea saponilacus  2.32 3.28 14.27 <0.01 88 

Microbacter margulisiae  4.24 9.00 14.92 <0.05 86 

Prolixibacter bellariivorans 0.28 2.50 9.39 <0.01 86 

Cloacibacterium normanense 1.90 3.98 1.08 <0.05 98 

Smithella propionica 0.84 2.46 3.32 <0.05 97 

Syntrophobacter sulfatireducens 1.34 0.43 0.30 0.075 99 

 

Two bacterial species that are known to be responsible for floc formation in CAS, 

Trichococcus flocculiformis and Ottowia pentelensis, increased in relative abundance in 

the aerobic system upon the introduction of OMPs in Phase 1, but declined significantly 

during Phase 2 (unpaired t-test P < 0.01 and P = 0.06, respectively). This suggests that 

the presence of OMPs but not their accumulation in the reactor could have enhanced the 

presence of these floc-forming bacteria. This is despite the fact that T. flocculiformis is a 
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filamentous bacterium that could ultimately contribute to sludge bulking, while O. 

pentelensis is a rod-shaped bacterium that would likely be involved in the early stages of 

floc formation [30, 31]. Additionally, OTUs associated with both ammonia oxidizing 

bacteria (AOB) and nitrite oxidizing bacteria (NOB) indicated a positive reaction to the 

presence of OMPs. Nitrosomonas ureae increased from <0.01% relative abundance in the 

pre-OMP community to 0.56% in Phase 1 and 1.8% in Phase 2. Nitrobacter 

hamburgensis experienced a similar but less drastic increase in relative abundance 

between pre-OMP conditions and Phases 1 and 2 (Table 3.1A). The significant increase 

in relative abundance of N. ureae could be attributed to the capabilities of AOB to 

oxidize, in addition to ammonia, a large variety of organic compounds such as OMPs 

[32]. Approximately half of the OMPs that were used in this study were potential 

nitrogen sources, containing derived states of ammonia such as amines and amides 

(Figure B3). Several of these compounds, such as fluoxetine and DEET, were readily 

biodegradable in the aerobic system [16]. Biodegradation of these compounds likely 

activated similar pathways to those utilized in the oxidation of ammonia and/or nitrite, 

potentially enriching for AOBs and NOBs.   

3.3.2.2. Anaerobic system 

The different OMP conditions also resulted in significant relative abundance changes of 

the dominant bacteria of the anaerobic sludge. Bacterial groups that were affected 

included acetogenic, fermentative, and syntrophic bacteria (Table 3.1B), all of which are 

essential to anaerobic digestion. To illustrate, OTUs associated with the acetogenic 

bacteria Lutispora thermophila decreased in relative abundance from over 34% in the 

pre-OMP phase to 25% in Phase 1 and 12% in Phase 2 (unpaired t-test P < 0.05). The 
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fermentative bacteria Petrimonas sulfuriphila experienced a similar decrease in relative 

abundance from 15% in pre-OMP conditions to less than 1% in Phase 2. These changes 

coincided with significant increases in other fermentative bacteria such as Alkalitalea 

saponilacus, Microbacter margulisiae, and Prolixibacter bellariivorans. The OTUs 

associated with these three species made up a combined 6.8% of total sequences prior to 

OMP addition and increased to a combined 39% of total sequences in Phase 2. The 

increase of the alkaliphilic A. saponilacus further elucidates the potential role of 

alkaliphilic bacteria in the biodegradation of OMPs previously discussed for the aerobic 

system, especially considering that all of the compounds determined to be highly 

biodegradable in the anaerobic system had pKa values of greater than 5 [17]. These 

variations in the fermentative bacterial community and their relation to OMP presence in 

the wastewater were seen although sulfate reducers, nitrate reducers, and methanogens 

are regarded as the main anaerobic microbial groups responsible for trace organic 

compound removal [9].  

 

Denitrifying and sulfate reducing bacteria were not generally present in the anaerobic 

sludge (<0.01%); however several methanogenic genera were detected at varying relative 

abundances. Methanobacterium, a hydrogenotrophic methanogen, was determined to be 

the most abundant archaeal genus in the reactor sludge at an average relative abundance 

of >1% of total microbial community throughout the experiment. Methanosaeta 

(<0.20%) and Methanospirillium (<0.10%) were also consistently detected in the sludge. 

No significant changes based on OMP presence or phase of operation were observed for 

any of the methanogens. However, Smithella propionica, a syntrophic bacterium known 
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to grow in co-culture with hydrogenotrophic methanogens [33], did experience a 

significant increase in relative abundance from pre-OMP conditions (0.84%) to Phase 1 

(2.5%) and Phase 2 (3.3%). This coincided with previously described increases in 

Microbacter margulisiae, a propiogenic bacterium that could have contributed to the rise 

in S. propionica relative abundance by serving as a substrate source. Relative abundances 

of S. propionica in a similar system that was operated without OMP presence were 

comparable (<0.50%) to those observed in pre-OMP conditions [21], suggesting that the 

presence of OMPs potentially increases syntrophic interactions in anaerobic MBR 

systems. Other syntrophic bacterial genera also exhibited OMP-related changes in 

relative abundance (Figure B4). Syntrophobacter decreased from >2% in pre-OMP 

conditions to <0.50% in Phases 1 and 2. Conversely, unclassified Syntrophaceae 

increased from <1% in pre-OMP conditions to above 3.5% and 4.0% relative abundance 

in Phase 1 and Phase 2, respectively. Syntrophomonas was also detected (<0.10%) in the 

anaerobic sludge but did not show any significant variation. The family Syntrophaceae 

includes Smithella and Syntrophus, both of which are known to grow in co-culture with 

hydrogen-utilizing methanogens, such as Methanobacterium. These observations imply 

that the presence of OMPs at levels found in municipal wastewater would select for 

specific fermentative and syntrophic bacterial groups without affecting the overall 

functionality of anaerobic MBR systems, methanogen relative abundance, or biogas 

production.  
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3.3.3. Changes in biodegradation gene expression  

3.3.3.1. Gene group-based analysis  

Recent research has given insight into the importance of biodegradation of OMPs as a 

primary removal mechanism in both aerobic and anaerobic wastewater treatment systems 

[6, 34]. The present work examined more specifically the expression of genes responsible 

for biodegradation of organic compounds. Metatranscriptomic data from sludge samples 

of both reactors were analyzed against a biodegradation gene (BDG) database to 

determine the abundance of specific genes groups across different phases of operation, 

and to infer potential links between the upregulation of genes and the biodegradability of 

specific OMPs. Removal by biodegradation was evaluated for a majority of the OMPs by 

each system in previously published studies that examined the same aerobic and 

anaerobic systems [16, 17]. 

Results of principal component analyses (PCA) of the most prevalent BDGs (>0.10% of 

total contigs) in both systems revealed that expression levels of these genes were affected 

by the introduction of OMPs to the system (Phase 1) and their accumulation (Phase 2) 

(Figure 3.1C and 3.1D). BDGs that showed the strongest correlations (Pearson’s 

coefficient ρ > 0.7) with operational phase in the aerobic system were the bphA1, lip, 

carA, glx, and p450 genes, while in the anaerobic system the bphA1, xylA and glx genes 

showed a similar degree of correlation. The dominant BDGs in terms of expression levels 

(> 0.20% relative abundance) were the same for the aerobic and anaerobic reactors and 

included carA, glx, lip, p450, and ppo gene groups. However, these genes reacted 

differently to the phases of operation in each system, showing high variability in the 

aerobic versus the anaerobic system (Figure 3.2). 
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In the aerobic system, total BDG transcript relative abundance showed no significant 

change upon the introduction of OMPs in Phase 1 and decreased between Phase 1 and 

Phase 2 from 2.6% of total transcripts to 2.0% (unpaired t-test P = 0.01). The most 

abundant BDG in the aerobic reactor was the p450 gene, which increased steadily in 

relative expression from 0.87% in pre-OMP conditions to 1.5% at the end of Phase 1. 

This gene decreased again in relative abundance in Phase 2 to an average of 0.80% of 

total transcripts (Figure 3.2). Other dominant BDGs that showed similar decreases in 

relative expression between Phase 1 and Phase 2 in the aerobic system were the glx and 

ppo genes, declining from 0.51% and 0.55% relative abundance to 0.20% and 0.25%, 

respectively. carA genes decreased from 0.3% of total sequences in pre-OMP conditions 

to below 0.10% at the end of Phase 1 and throughout Phase 2 (unpaired t-test P < 0.05) 

while lip genes showed a similar but less significant reduction.  

 

Figure 3.2. Relative abundance dynamics of the dominant biodegradation genes (BDGs) 
(>0.20% of total contigs) across all phases of operation for both (A) aerobic and (B) 
anaerobic reactor systems.  
 
For the anaerobic system, total BDG expression also showed no significant changes in 

relative abundance upon the addition of OMPs in Phase 1, but increased from 1.51% of 

total transcripts in Phase 1 to 1.81% in Phase 2 (unpaired t-test P < 0.01). Average glx 
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gene expression in the anaerobic reactor increased between Phase 1 and Phase 2 from 

0.05% of total transcripts to 0.15% (unpaired t-test P = 0.01), while ppo and carA gene 

expression showed no significant changes. Similarly to the aerobic system, the p450 gene 

was also the most abundant BDG in the anaerobic MBR system, although with less 

variability, increasing from 0.55% to 0.65% of total sequences between Phase 1 and 

Phase 2 (unpaired t-test P < 0.01).  

 

A previous study on organic pollutant BDGs in CAS also found the p450 gene to be the 

most abundant BDG in the activated sludge [10]. A similar study on BDGs in freshwater 

and marine sediments found that entirely different gene groups were dominant in those 

environments [24], suggesting that activated sludge systems likely favor biodegradation 

via the cytochrome p450 pathway. The present study substantiates these findings from a 

gene expression perspective for aerobic and anaerobic sludge. The higher variability of 

p450 expression, and of the dominant BDGs in general, in the aerobic system as 

compared to the anaerobic system could be attributed to the slower growth conditions of 

the anaerobic sludge, which support general functional stability even with varying 

microbial community structure [35].  

 

Dissimilarities between the gene abundance response levels of the two systems may have 

been attributed to differences in enzyme pathway association within each gene group. To 

investigate, contigs that returned positive matches to BDGs in the database with an 

identity similarity of >80% were sorted for each reactor system. For example, in the 

aerobic system, p450 genes associated with hydroxylase and monooxygenase were most 
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abundant, while ferredoxin reductase-associated p450 genes were predominant in the 

anaerobic sludge. carA genes also differed between the two systems, with the majority of 

carA genes in the aerobic system being affiliated with carbazole dioxygenase and ring-

hydroxylating dioxygenase (RHD) and the majority in the anaerobic system being 

associated with nitrite reductase and FAD reductase.  

 

Other gene groups, including lip, ppo, and bphA1, showed continuity between the aerobic 

and anaerobic system. lip genes were associated with peroxidase or catalase enzymes, 

which are responsible for the polymerization of phenols [36], and showed significantly 

higher relative abundance in the anaerobic reactor, making up 0.46% of total transcripts 

as compared to 0.25% in the aerobic sludge (unpaired t-test P < 0.0001). ppo genes in 

both systems were generally affiliated with laccase and copper oxidases, which are 

commonly utilized in bioremediation applications due to their ability to also oxidize 

phenols, such as bisphenol A [37-39]. Bisphenol A and 3 other phenol-containing OMPs 

were used in this study (Figure B3). The observed ppo gene expression potentially played 

a role in the biodegradation of bisphenol A in the aerobic system, as the compound 

showed high biological removal (>60%) for the majority of both Phases 1 and 2 [16].  

3.3.3.2. Gene function-based analysis  

Further analysis of the transcripts from the MBR systems using the MG-RAST 

subsystems database reiterated the positive effect of OMP accumulation in Phase 2 of 

operation on biodegradation-related gene expression in the anaerobic MBR (Table 3.2). 

Gene expression associated with the metabolism of aromatic compounds increased by 

24% from Phase 1 (1.10% of total genes) to Phase 2 (1.37% of total genes) in the 
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anaerobic reactor (unpaired t-test P < 0.05), while genes associated with that function 

showed no significant differences in expression levels in the aerobic reactor (unpaired t-

test P > 0.8). It was determined that genes responsible for n-phenylalkanoic acid 

degradation, and more specifically those related to the production of long-chain-fatty-

acid (LCFA) CoA ligase, were the primary gene groups that significantly increased 

between Phase 1 and Phase 2 in the anaerobic system, increasing by 39% and 35%, 

respectively (unpaired t-test P < 0.01 and P < 0.05). Although present in the aerobic 

sludge, neither of these functional gene groups showed any significant changes across its 

operational phases.  
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Table 3.2. Functional gene expression level relative abundance (%) as determined by the 
MG-RAST Subsystems classification system for dominant genes relevant to OMP 
biodegradation by microorganisms in the aerobic and anaerobic reactor systems for 
Phases 1 and 2. 
 

 
 

 
Expressed functional 
gene classification 

Aerobic Anaerobic  
Aer.: 
Ana. 
P-

value 

Pre-
OMP 
(%) 

Ph. 1 
Avg. 
(%) 

Ph. 2 
Avg. 
(%) 

Ph. 1: 
Ph. 2 

P-
value 

Pre-
OMP 
(%) 

Ph. 1 
Avg. 
(%) 

Ph. 2 
Avg. 
(%) 

Ph. 1: 
Ph. 2 

P-
value 

Metabolism of 
aromatic compounds 

1.62 1.67 1.75 0.81 1.33 1.10 1.37 0.04 0.01 

   n-Phenylalkanoic 
   acid degradation 

0.77 0.63 0.55 0.36 0.53 0.53 0.73 <0.01 0.65 

      Long-chain-fatty- 
      acid-CoA ligase   
      (EC 6.2.1.3) 

0.22 0.23 0.22 0.90 0.23 0.30 0.37 0.04 <0.01 

      Acetyl-CoA 
      Acetyltransferase 
      (EC 2.3.1.9) 

0.27 0.20 0.12 0.05 0.20 0.15 0.18 0.24 0.26 

      Homogentisate 
      degradation 
      (EC 1.13.11.5) 

0.23 0.24 0.20 0.24 0.18 0.09 0.07 0.25 <0.01 

Nitrogen metabolism 1.63 1.54 1.24 0.05 0.78 0.62 1.01 <0.01 <0.01 

   Denitrification 0.40 0.43 0.38 0.59 0.02 0.03 0.12 0.01 <0.01 

   Ammonia  
   assimilation 

0.34 0.33 0.35 0.79 0.43 0.21 0.32 0.02 0.76 

Cytochromes and 
functionally related 
electron carriers 

0.42 0.33 0.34 0.87 0.13 0.16 0.33 <0.01 0.02 

Bacterial chemotaxis 0.40 0.37 0.59 0.20 0.06 0.10 0.33 <0.01 0.01 

Ton and Tol transport  1.34 1.25 1.60 0.10 0.71 0.58 0.74 0.01 <0.01 

Electron accepting 
reactions 

1.51 1.35 0.82 <0.01 0.61 0.60 0.77 0.01 <0.01 

  Terminal cytochrome 
  C oxidases 

1.01 0.85 0.39 <0.01 0.06 0.07 0.15 0.01 <0.01 
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Given that n-phenylalkanoic acids are present in a variety of pharmaceutical-type OMPs 

that can be synthesized both chemically and biologically [40, 41], the increase in gene 

expression related to their biodegradation in the anaerobic MBR system in Phase 2 

implies the adaptability of the anaerobic system to their presence at increasing 

concentrations. Furthermore, LCFA CoA ligase (acyl-CoA synthetase) is known to target 

the carboxyl or hydroxyl groups as an initial step of compound conversion. Two 

hydroxyl-containing OMPs that initially showed low biodegradability in Phase 1 of 

operation in the anaerobic system were atenolol and acetaminophen. Both of these 

compounds’ biological removal rates increased to above 50% in Phase 2 [17], further 

substantiating that the upregulation of genes associated with LCFA CoA ligase would be 

an advantage in their biodegradation. The above observations, along with the positive 

correlation of BDGs such as p450 and glx with increased OMP presence, suggest a 

general trend favoring the anaerobic reactor as compared to the aerobic system in which 

similar BDG expression either decreased or remained constant across operational phases. 

 

Gene expression associated with nitrogen metabolism, denitrification, and ammonia 

assimilation also experienced significant increases between Phase 1 and Phase 2 in the 

anaerobic system (unpaired t-test P < 0.01, P = 0.01, and P = 0.02, respectively), 

although not in the aerobic system (Table 3.2). The upregulation of gene expression 

related to nitrogen metabolism observed in the anaerobic MBR may have been due to 

several of the OMPs serving as nitrogen sources, as the accumulation of these compounds 

in Phase 2 coincided with higher levels of transcription of these genes. Despite having 

higher relative abundance in the aerobic system, these functional genes either decreased 



   
 

 

111

or showed no changes across the phases of operation. Cytochrome C oxidase gene 

expression was also found to decrease significantly between Phase 1 and Phase 2 in the 

aerobic system (unpaired t-test P < 0.01). Cytochrome C oxidase has been previously 

identified as a primary component in the electron transport chains of the ammonia and 

nitrite oxidizing bacteria that increased in the aerobic sludge throughout operation [42, 

43]. These decreases in gene expression imply that although nitrifying bacterial 

populations increased in relative abundance (Section 3.2.1), the accumulation of OMPs in 

the system in Phase 2 may have inhibited this associated pathway.  

 

Increases in transcription between phases in the anaerobic reactor sludge were also 

observed for genes associated with cytochromes and functionally related electron carriers 

as well as Ton and Tol transport systems, specifically cytochrome associated ferredoxin 

reductase and TonB dependent receptors, respectively (unpaired t-test P ≤ 0.01). The 

association of ferredoxin reductase with the cytochrome p450 enzyme [44] further 

emphasizes the importance of the increase in p450 gene abundance observed in the 

anaerobic system between Phases 1 and 2. Additionally, given that TonB-dependent 

receptors regulate the outer membrane transport of high molecular weight compounds 

[45], the upregulation of genes associated with TonB transport systems in the anaerobic 

MBR sludge during Phase 2 could be related to higher uptake rates of OMPs by the 

microbial community.  

3.3.4. Implications of OMPs for antibiotic resistance gene fate in MBRs 

The presence of antibiotic-type OMPs in wastewater influents stands to potentially 

impact the persistence of antibiotic resistant genes (ARGs) in aerobic and anaerobic 
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wastewater treatment. This remains an issue of interest due to the potential for horizontal 

gene transfer within the sludge and ARG proliferation in treated effluents [46]. With this 

in mind, several prominent ARGs associated with sulfamethoxazole and trimethoprim 

resistance were quantified using qPCR and compared to the specific concentrations of 

these antibiotics in the pre-NF reactor effluents. The removal efficiencies of these two 

OMPs differed significantly between the aerobic and the anaerobic systems (Figure 3.3). 

In general, these antibiotic-type OMPs were more readily biodegraded by the anaerobic 

MBR. Sulfamethoxazole concentrations in the aerobic reactor effluent were above 3 µg/L 

at the initiation of Phase 1 and continued to increase until the end of Phase 2. Conversely, 

in the anaerobic effluent, sulfamethoxazole concentrations were below 1.5 µg/L at the 

beginning of Phase 1 and steadily decreased to below 0.20 µg/L by the end of Phase 2, 

showing nearly complete removal. Likewise, trimethoprim concentrations in the aerobic 

reactor effluent were above 8 µg/L for most of Phase 1 and Phase 2, while in the 

anaerobic system concentrations were below 0.30 µg/L and decreased to below 

detectable limits.  

 

Figure 3.3. OMP concentrations of sulfamethoxazole and trimethoprim in aerobic (left) 
and anaerobic (right) reactor systems.  
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Despite the differences in removal rates of these two antibiotic OMPs, several of their 

associated ARGs responded similarly to the different phases of operation for both MBR 

systems. Specifically, the abundances of two ARGs associated with sulfamethoxazole 

resistance, sul1 and sul2, followed similar trends across Phase 1 and Phase 2 in both 

reactors. The sul1 gene increased in relative abundance across the span of Phase 1 in the 

aerobic MBR system from 1.7 x 10-3 copies per 16S rRNA gene copy to 3.1 x 10-2 

copies/16S rRNA copy. sul1 gene copies subsequently dropped in relative abundance at 

the initiation of Phase 2 to below 5.0 x 10-3 copies/16S rRNA copy (Figure 3.4). The 

increase of sul1 gene concentrations across Phase 1 showed strong correlation with 

sulfamethoxazole concentrations in the reactor effluent for that same timeframe 

(Spearman’s rank = 0.82, P < 0.05) (Figure B5). For the anaerobic MBR, relative 

abundance of sul1 gene copies followed a similar trend of increasing across Phase 1, 

peaking and subsequently dropping upon the initiation of Phase 2. sul2 gene 

concentrations, however, did not follow this trend in either reactor, decreasing 

consistently in the aerobic system from 1.4 x 10-2 copies/16S rRNA copy in pre-OMP 

conditions to below 3.0 x10-3 copies/16S rRNA copy and showing no significant changes 

in relative abundance in the anaerobic reactor (Figure 3.4).  

 
Figure 3.4. sul1 and sul2 gene concentrations normalized against 16S rRNA gene in 
aerobic (left) and anaerobic (right) systems.  
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The intl1 gene, which encodes for class 1 integrons, exhibited a similar shift to that of 

sul1 during Phase 1 with good correlation in both the aerobic (Spearman’s rank = 0.90, P 

< 0.05) and anaerobic system (Spearman’s rank = 0.83, P < 0.01), while also dropping in 

relative abundance at the initiation of Phase 2 (Figure B6). The trimethoprim resistance 

associated dfrA5 gene showed no significant changes in either reactor system (Figure B7) 

while the dfrA14 gene was undetected. sul1, along with several other sulfamethoxazole 

and trimethoprim resistance genes, has been commonly associated with class 1 integron 

gene cassettes [47]. Its similarity in gene response to the intl1 gene during Phase 1 and 

Phase 2 suggest that the majority of sul1 gene copies in this study were indeed part of 

such an integrated cassette. The differences in gene abundance trends between sul1 and 

sul2 implies that the effect of sulfamethoxazole presence and concentration on related 

ARGs may be affected by the genes’ association with integrons and their subsequent 

incorporation into specific gene cassettes. Previous studies have shown that treatment 

system type and antibiotic presence can significantly affect the proliferation of ARGs in 

wastewater effluents [12, 14, 15, 48].  

 

It should be noted that the average and peak sul1, sul2, intl1, and dfrA5 gene relative 

abundance values were over an order of magnitude lower in the anaerobic reactor sludge 

as compared to the aerobic system across all phases of operation, with high significance 

(unpaired t-test P < 0.05). This suggests that the aerobic reactor system could have a 

higher potential for horizontal gene transfer than that of the anaerobic system at similar 

operating conditions and similar OMP and antibiotic exposure levels. These lower ARG 

concentrations in the anaerobic sludge reflect similar findings to those of a previous 
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study, which found that tetracycline ARGs were lost from bacterial cultures at a more 

rapid rate under anaerobic conditions than under aerobic conditions [49]. These 

differences in ARG proliferation potential, combined with the significantly higher 

removal rates of sulfamethoxazole and trimethoprim by the anaerobic system, imply that 

anaerobic digestion, specifically anaerobic MBRs, could be a viable option for reducing 

the risk of ARG persistence in the environment.  

3.4. Conclusions 

Although overall reactor performance is not altered by the introduction of OMPs at low 

concentrations, both aerobic and anaerobic MBR microbial communities are significantly 

affected both in terms of community structure and biodegradation-associated gene 

expression. Given the lower ARG prevalence in the anaerobic system, this study 

reiterates the potential impact of aerobic versus anaerobic-based MBRs on ARG 

proliferation in their effluents. These findings, in combination with other benefits of the 

anaerobic technology (i.e., reduced energy and sludge disposal costs), exemplify the 

advantages of incorporating anaerobic digestion into MBR systems, either in the form of 

fully anaerobic MBRs or anoxic/oxic MBRs.  

3.5. Supplementary Data 

Additional information on the synthetic wastewater composition (Table B1), the OMPs 

spiked in the wastewater feed (Table B2), aerobic system schematic (Figure B1), 

anaerobic system schematic (Figure B2), chemical skeletal formulas for OMPs (Figure 

B3), relative abundances of syntrophic bacteria (Figure B4), sul1 gene and 

sulfamethoxazole concentrations in aerobic sludge (Figure B5), integrase (intl1) gene 

concentrations (Figure B6), and dfrA5 gene concentrations (Figure B7) are presented in 
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Appendix B. qPCR copy number determination method, primers used and standard 

curves are also presented in Appendix B.  
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4. Molecular-based detection of potentially pathogenic bacteria in membrane 

bioreactor (MBR) systems treating municipal wastewater: a case study 

 

Abstract  

Although MBR systems provide better removal of pathogens compared to conventional 

activated sludge processes, they do not achieve total log removal. The present study 

examines two MBR systems treating municipal wastewater, one a full-scale MBR plant 

and the other a lab-scale anaerobic MBR. Both of these systems were operated using 

microfiltration (MF) polymeric membranes. High-throughput sequencing and digital PCR 

quantification were utilized to monitor the log removal values (LRVs) of associated 

pathogenic species, and their abundance in the MBR effluents. Results showed that 

specific removal rates vary widely regardless of the system employed. Each of the two 

MBR effluents’ microbial communities contained genera associated with opportunistic 

pathogens (e.g., Pseudomonas, Acinetobacter) with a wide-range of log reduction values 

(< 2 to > 5.5). Digital PCR further confirmed that these bacterial groups included 

pathogenic species, in several instances at LRVs different than those for their respective 

genera. These results were used to evaluate the potential risks associated both with the 

reuse of the MBR effluents for irrigation purposes and with land application of the 

activated sludge from the full-scale MBR system.   



   
 

 

124

4.1. Introduction 

The issue of pathogen presence in treated wastewater effluents has gained attention 

recently due to an increased interest in reuse applications [1, 2]. Previous studies have 

highlighted the advantages of aerobic MBR systems for the removal of microbial 

indicator bacteria (i.e. E. coli, total coliforms, fecal coliforms) from effluent discharges 

[3-5]. Despite the high quality and low particulate effluents produced by MBR systems, it 

has been observed that 100% rejection of bacteria is not achievable by MBRs when 

operated with microfiltration (MF) membranes and that log removal rates (LRVs) vary 

based on the microbial indicator detected [6-8]. This variability in microbial removal 

rates (< 104 to > 106 removal) poses an obstacle for reuse purposes, as it means chlorine 

disinfection remains necessary for post-MBR effluents. Chlorination substantially 

reduces microbial risk but toxic and carcinogenic disinfection byproducts formed by 

chlorination can have a deleterious effect on effluents being applied for reuse [9, 10]. 

 

An additional issue associated with aerobic MBRs, and activated sludge processes in 

general, is that of sludge production and disposal. Despite land application of sewage 

sludge being widely used throughout the world, pathogen-associated health effects of this 

practice are still of significant concern [11, 12]. This is, in part, due to inadequate 

treatment of sewage sludge before land application or disposal, especially in developing 

and industrialized countries [13]. For example, a recent study assessing wastewater 

treatment practices in China found that the vast majority of sludge treatment processes 

consisted of only sludge thickening and mechanical dewatering [14]. 
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Given the limitations of aerobic MBRs, anaerobic MBRs (AnMBRs) have been viewed 

as a potential alternative municipal wastewater treatment technology due to their low 

sludge production rates, low energy use, and nutrient rich effluents [15]. However, due to 

the lack of full-scale systems in operation, research addressing the microbial removal 

efficiencies of AnMBRs has been limited [16, 17]. Despite the inherently different 

effluent water composition (i.e. nutrient content) produced from AnMBRs compared to 

aerobic MBR effluents, there have not yet been any studies examining how these 

differences would impact the bacterial communities released into the environment. More 

specifically, there is a need to understand if and how the pathogenic bacteria present in 

wastewater influents would persist through AnMBR systems into their effluents. 

 

A wide range of pathogenic bacteria are known to be present in municipal wastewater 

[18-20]. Given that significant variability has been observed in the removal rates of 

indicator bacteria by MBRs in previous studies [2], a systematic assessment based on 

comprehensive molecular-based detection is therefore needed to determine the removal 

efficacies of aerobic and anaerobic MBRs. In particular, the use of high detection 

sensitivity methods such as high-throughput sequencing and digital PCR would be useful 

in addressing the removal of pathogens by MBRs [18, 21].  

 

The purpose of the present study is to employ high-throughput and digital PCR 

approaches to examine the specific presence and removal of potentially pathogenic 

bacteria in municipal wastewater by a full-scale aerobic MBR plant and a lab-scale 

anaerobic MBR system. It was further intended to apply results obtained from the 
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molecular-based detection of specific pathogenic bacteria to evaluate the risks associated 

with both the reuse of MBR effluents and the disposal/application of the aerobic MBR 

activated sludge using quantitative microbial risk assessment (QMRA).  

4.2. Materials & methods 

4.2.1. Full-scale aerobic MBR system description and sampling protocol 

The aerobic MBR evaluated in this study was a full-scale wastewater treatment plant 

receiving 6700 m3/d of raw wastewater. The full-scale aerobic MBR (AeMBR) system 

consisted of the following process units: (i) primary clarifier, (ii) anoxic and aerobic 

activated sludge tanks, (iii) submerged membrane tank, and (iv) holding tank (Figure 

4.1A). Membranes employed were flat-sheet 0.4 μm nominal pore size MF membrane 

cartridges by Kubota Membrane (Kubota Corporation, Osaka, Japan). A detailed 

description of the system operating conditions is provided in Appendix C. Sampling was 

conducted between March 2015 and January 2016. Samples were collected from the 

influent, activated sludge, and MBR effluent as indicated in Figure 4.1A. Influent 

samples were prepared by centrifuging 30 to 100 mL of influent at 9400 g for 10 min to 

obtain a biomass pellet while effluent samples were prepared by filtering 2 L through a 

0.4 μm Whatman Nuclepore™ track-etched polycarbonate membrane filters (GE 

Healthcare Life Sciences, Little Chalfont, UK) to retain the biomass. The filters with the 

retained biomass were subsequently used for DNA extraction. Finally, activated sludge 

samples were obtained by mixing 0.2 mL of sludge with 0.8 mL of 1X PBS solution and 

centrifuging at 9400 g for 10 min. 
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Figure 4.1. Schematic diagrams of both MBR systems sampled in this study. (A) 
Schematic of full-scale AeMBR WWTP. Sampling points are indicated by orange dots 
and include (1) post clarification influent (2) aerobic activated sludge (3) MBR effluent. 
(B) Schematic of lab scale AnMBR. Sampling points are indicated by orange dots and 
include (1) post-clarification influent (2) anaerobic sludge (3) AnMBR effluent. 
 

4.2.2. Lab-scale anaerobic MBR system description and sampling protocol 

The anaerobic MBR (AnMBR) used in this study was a mesophilic up-flow attached-

growth (UA) 2-liter anaerobic reactor as described previously [22]. The reactor was 

connected in external cross-flow configuration to a 0.3 μm nominal pore size 

polyvinylidene difluoride (PVDF) MF membrane (Figure 4.1B). The system was fed with 

the same municipal wastewater being treated by the full-scale MBR plant. A detailed 

description of the reactor operational conditions is provided in Appendix C. Sampling 

was conducted over a 9-month period from April 2015 to January of 2016. The AnMBR 

effluent was sampled by filtering 0.5 L through a 0.4 μm Whatman Nuclepore™ track-

etched polycarbonate membrane filters (GE Healthcare Life Sciences, Little Chalfont, 

UK) to retain the biomass. The filters with the retained biomass were subsequently used 
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for DNA extraction. The AnMBR was also sampled for suspended and attached biomass 

using protocols described previously [22]. 

4.2.3. Water quality and biogas measurements 

Water quality was monitored for both the AeMBR and AnMBR influents and effluents 

by measuring COD, ammonia, nitrate and nitrite content. COD of influent and effluent 

samples was measured using either LCK 314 (15-150 mg/L) or LCK 514 COD (100-

2000 mg/L) cuvette test vials depending on the concentration to be measured. NH4
+-N, 

NO2
--N, NO3

--N concentrations were measured using Test ‘N Tube high range ammonia 

kit, TNTplus 839, and TNTplus 835, respectively. All measurements were conducted 

based on protocols specified by the manufacturer (Hach-Lange, Manchester, UK). Biogas 

produced from the AnMBR was captured continuously in gas bags from the headspace of 

the reactor and measured for volume, CH4, O2, N2, and H2 as described previously [22].  

4.2.4. DNA extraction and 16S rRNA gene-based next generation 

sequencing  

Biomass used for DNA extraction was obtained from 0.2 mL of sludge, 50 mL of 

influent, 0.5L of AnMBR effluent, and 2 L of AeMBR effluent for each sample. The 

varying volumes used for samples obtained at different stages of the wastewater 

treatment process is because of the need to obtain an approximate biomass weight that is 

similar across samples, given that an earlier study has shown that differences in initial 

biomass weight prior to DNA extraction can result in differences in microbial community 

analysis [23]. Genomic DNA was extracted using the UltraClean Soil DNA Isolation Kit 

(MoBio Laboratories,Carlsbad, USA) with slight modifications to the manufacturer’s 

protocol [24]. Briefly, cells were lysed by adding 10 μl of 100 mg/mL lysozyme and 10 
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μl of 1 mg/mL achromopeptidase to the extraction buffer and incubated at 37 °C for 1 h. 

Both lysozyme and achromopeptidase break down the β-1,4-glycosidic bonds in the 

peptidoglycan of bacterial cell walls, thus enhancing cell lysis. After incubation, samples 

were further processed by mechanical lysis using bead-based vortexing. Samples were 

then pelleted at 9400 g for 1 min to remove biomass particles from the extracted DNA in 

solution. Supernatant was loaded onto spin filters by centrifugation at 9400 g for 1 min 

and washed with an ethanol-based solution. The DNA was then eluted from the spin 

filters with 40 μl of molecular-grade water. Illumina MiSeq amplicon sequencing was 

performed to provide information on the total microbial community. Details of the 

primers, PCR protocol, and quality control are presented in Appendix C. Purified 

amplicons were submitted to the KAUST Genomics Core lab for unidirectional 

sequencing on an Illumina MiSeq platform. Raw sequence reads were filtered to remove 

those determined to be chimeras and those with lengths of < 300 nt. Filtered sequence 

reads were analyzed using RDP classifier and an operational taxonomic unit (OTU)-

based protocol as described previously [22]. Relative abundances based on these 

sequence reads were adjusted by the RDP classifier for 16S rRNA gene copy numbers 

per cell based on data from genome sequences obtained from the Ribosomal RNA 

Database (rrnDB) [25]. Subsequently, relative abundance of each genus was estimated by 

normalizing the adjusted read numbers assigned to each genus against the total reads 

obtained for that sample. All high-throughput sequencing files were deposited in the 

European Nucleotide Archive (ENA) under study accession number PRJEB14612. 
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4.2.5. Species-targeted digital PCR (dPCR) 

dPCR was performed to determine the relative abundances of species associated with 

opportunistic pathogens in influent, effluent and sludge samples. dPCR was performed 

using primers targeting Acinetobacter baumannii [26] (ompA), Klebsiella pneumoniae 

[27] (phoE), and Pseudomonas aeruginosa [27] (regA). Relative gene abundances were 

normalized per liter of sample. rpoB gene copy numbers were also quantified to estimate 

total bacterial cell counts on the basis of single-copy gene homogeneity in all bacterial 

species [28]. dPCR was performed using the Clarity digital PCR System with a 32-tube 

reader (JN Medsys, Singapore) based on manufacturer’s instructions. A description of the 

primers, dPCR protocol, detection sensitivity, and thermal cycling programs used are 

presented in Appendix C. Primer sequences and their associated target species are shown 

in Table C1. 

4.2.6. Quantitative microbial risk assessment (QMRA) 

To further evaluate the potential microbial risks arising from reuse of the effluents of 

both the AeMBR and AnMBR, QMRA was performed for the three pathogenic species 

previously detected by dPCR. Additionally, the disposal of dewatered activated sludge 

was evaluated by QMRA for microbial risk of human exposure for A. baumannii and K. 

pneumoniae due to their detection in the AeMBR activated sludge. Bacterial cell counts 

for each pathogenic species were estimated based on ompA, phoE and regA all being 

single-copy genes [29-31]. Probability of transmission of the bacteria was calculated 

based on an assumed value of 2.0 x 10-6 [32]. QMRA was performed based on the main 

induction route for agricultural workers being dermal exposure to liquid particulates 

during irrigation events and induction to individuals land applying and/or land filling 
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dewatered activated sludge being through dermal contact with sludge and accidental 

ingestion of particulates. The individuals potentially exposed to the sludge include 

workers involved in land application/disposal and other persons possibly entering 

disposal sites [33]. Exposure risks associated with aerosol ingestion during irrigation 

were not incorporated into this assessment due to the minimum enteric cell concentration 

in solution required for aerosolized detection (> 106/L) being above those measured in 

both effluents and due to the high variability of the route’s associated exposure factors 

[34].  

 

Exposure assessment parameters were obtained from the USEPA exposure factors 

handbook [35]. The k constants used for opportunistic pathogens were 2.76 x 10-7 for A. 

baumannii [36], 1.05 x 10-4 for P. aeruginosa [37], and 1.62 x 10-6 for K. pneumoniae 

[38] as determined by their LD50 dose based on an exponential model.  

Point risk estimates were calculated using the following equation: 

Point risk  =  1 – e ( -k * exposed dose)  

Annual risk estimates were further calculated using the following: 

Annual risk  =  1 – (1 – point risk) number of exposure days per year  

Annual risk was evaluated based on an acceptable microbial risk of 1 x 10-4 [39]. QMRA 

description and calculations for exposure dosages, point risk and annual risk values are 

provided in detail as Appendix C.   
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4.3. Results 

4.3.1. AeMBR and AnMBR water quality measurements and performance 

COD removal for the AeMBR system was greater than 93% for all samples (Table C3). 

NH4
+-N was detected in influent at an average concentration of 12.0 ± 2.8 mg/L and was 

undetected in AeMBR effluent samples. Conversely, nitrate but not nitrite was detected 

consistently in effluent samples at an average concentration of 15.2 ± 2.7 mg/L NO3
—N, 

implying full nitrification by the system.  

 

The AnMBR showed COD removal rates of 95-98% throughout operation (Table C4). 

Ammonia was detected in influent wastewater at an average concentration of 252 ± 4 

mg/L NH4
+-N while neither nitrite nor nitrate were detected. AnMBR effluent contained 

an average concentration of 242 ± 5 mg/L NH4
+-N and no nitrate or nitrite, showing no 

nitrogen conversion by the AnMBR. The biogas produced by the AnMBR contained 72-

78% methane, resulting in an average methane production of 241 ± 12 mL CH4 / g COD.  

4.3.2. Estimation of total bacteria by rpoB gene quantification 

Copy numbers of the rpoB gene were quantified by dPCR to estimate total bacterial cell 

counts. Influent municipal wastewater contained an average total bacterial cell count of 

2.3 x 108 ± 1.2 x 108 cells/L (Figure 4.2A) while AeMBR and AnMBR effluent total 

bacteria were estimated at 1.9 x 104 ± 2.7 x 103 and 1.8 x 105 ± 8.2 x 104 cells/L, 

respectively. AeMBR activated sludge contained 2.6 x 1010 ± 3.5 x 109 cells/L, which 

corresponded with 1.6 x 109 ± 2.2 x 108 cells/g (Figure 4.2A). Based on these values, the 

AeMBR approximate LRV for total bacterial cells was 4.1 while for the AnMBR the 

LRV was 3.1. 
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Figure 4.2. Gene abundances associated with (A) total bacteria (rpoB), (B) Acinetobacter 
baumannii (ompA), (C) Pseudomonas aeruginosa (regA), and (D) Klebsiella pneumoniae 
(phoE) expressed per liter of sample for wastewater influent, AeMBR effluent, and 
AnMBR effluent. Gene abundances of activated sludge were expressed per g due to 
dewatered sludge disposal being the main source of microbial risk. Numbers of samples 
for which each gene was detected out of total samples are shown in parentheses below 
each column. Detection limits were 6 x 102, 1.5 x 101, 6 x 101, and copies per liter for 
influent, AeMBR effluent, and AnMBR effluent, respectively. The detection limit for 
AeMBR sludge was 1.6 x102 copies per g. Asterisks (*) indicate that sample groups are 
significantly different from all other groups of same gene type (unpaired t-test, P ≤ 0.05). 
 

4.3.3. Microbial communities of municipal wastewater influent  

Relative abundances of 16S rRNA-based microbial classifications and rpoB gene-based 

total bacterial quantifications were used to estimate the levels of pathogen-associated 

genera in the municipal wastewater influent. The results of this analysis showed that 13 

different pathogen-associated genera were identified in one or more of the wastewater 

influent samples. The most consistently detected genera in the influent of the MBRs 
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included Acinetobacter, Aeromonas, Arcobacter, Dialister, Escherichia, Pseudomonas, 

Stenotrophomonas, and Streptococcus with at least 7 of 9 samples showing positive 

detection (Table 4.1).  

Table 4.1. Estimated average number of cells/L of genera associated with opportunistic 
pathogens. These absolute values were calculated by multiplying the copy number-
adjusted 16S rRNA gene relative abundances by the total bacterial cell counts as 
determined by rpoB gene copy numbers, assuming one gene copy per bacterial cell. Log 
reduction values (LRV) are shown for both the full-scale AeMBR and the lab-scale 
AnMBR. The numbers of samples showing positive detection are shown in parenthesis. 
ND indicates that the genus was not detected in any samples, while ND^ indicates that 
the genus was detected in two or fewer samples of that type. (-) indicates total removal. 
(*) indicates the bacterial groups that were selected as targets for further investigation at 
the species level by digital PCR. 
 

 

4.3.4. Microbial communities of effluents of AeMBR and AnMBR systems 

Similarities of the microbial communities of influent samples and effluents from the full-

scale AeMBR and lab-scale AnMBR reactors were calculated using Bray-Curtis 

Genera 
 

Influent 
Avg. (n = 9)  

AeMBR Eff. 
Avg. (n = 8) 

AnMBR Eff. 
Avg. (n = 11) 

AeMBR 
LRV 

AnMBR 
LRV 

Mycobacterium ND^ 1.9 x 101 (5/8) ND 2.8 - 
Treponema 3.3 x 104 (5/9) ND^ ND - - 
Arcobacter 1.0 x 107 (9/9) 2.7 x 101 (7/8) 1.2 x 104 (11/11) 5.6 2.9 
Neisseria 3.4 x 104 (3/9) ND^ ND - - 
Acinetobacter * 1.4 x 107 (9/9) 1.1 x 102 (7/8) 4.7 x 104 (11/11) 5.1 2.5 
Pseudomonas * 2.4 x 105 (7/9) 7.7 x 101 (8/8) 8.1 x 102 (8/11) 3.5 2.5 
Legionella 1.0 x 104 (3/9) 2.0 x 101 (7/8) ND 2.7 - 
Unclassified 
Enterobacteriaceae *  1.3 x106 (9/9) 4.4 x 101 (6/8) 1.8 x 103 (7/11) 4.5 2.9 
Escherichia 9.8 x 104 (8/9) ND^ ND - - 
Stenotrophomonas 1.6 x 105 (8/9) 2.2 x 101 (6/8) 3.0 x 103 (10/11) 3.9 1.7 
Aeromonas 1.6 x 106 (9/9) 8.3 x 100 (5/8) 2.3 x 102 (4/11) 5.3 3.9 
Streptococcus 1.0 x 106 (9/9) 8.5 x 100 (4/8) ND 5.1 - 
Enterococcus ND^ ND^ ND - - 
Dialister 3.9 x 105 (9/9) ND^ ND - - 
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similarities and represented in an mMDS plot (Figure 4.3). Clustering of samples showed 

that effluents of both MBR systems were significantly different from the influent samples 

as well as from each other.  

 

Figure 4.3. Microbial community metric multidimensional scaling plot (mMDS) for the 
(A) influent wastewater used for both systems, (B) full-scale AeMBR effluent and (C) 
AnMBR Effluent. Black colored symbols represent the centroid of all samples of one 
type. 
  
All of the genera identified in the municipal wastewater were also detected in the effluent 

of the full-scale AeMBR at least once (Table 4.1). Estimated LRVs based on samples 

containing the associated genera varied from 2.7 to 5.6. Genera with the highest 

estimated removal rates were Acinetobacter, Arcobacter, Aeromonas, and Streptococcus, 

all of which showed LRVs of above 5. Conversely, Mycobacterium and Legionella 

showed the lowest reduction rates, with LRVs of below 3.  
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Of the 13 pathogen-associated groups detected in the influent, 5 genera were observed in 

the effluent of the lab-scale AnMBR system while 8 were undetected (Table 4.1). 4 of 

these 5 genera were seen consistently in the effluent with at least 8 of 11 samples 

showing positive detection. The detected genera included Acinetobacter, Aeromonas, 

Arcobacter, Pseudomonas and Stenotrophomonas. Estimated LRVs for these groups 

were 2.5, 3.9, 2.9, 2.5, and 1.7, respectively.  

4.3.5. Detection of pathogenic species in MBR systems using dPCR 

Given that the majority of the species associated with potentially pathogenic genera are 

likely non-pathogenic, further investigation of specific pathogenic species was 

conducted. Samples were quantified for Acinetobacter baumannii and Pseudomonas 

aeruginosa, both of which are pathogenic species in which their associated genera were 

found in both MBR effluents (Table 4.1). Due to consistent detection of unclassified 

Enterobacteriaceae in effluent samples, Klebsiella pneumoniae was also targeted as a 

representative pathogenic species within Enterobacteriaceae. These specific bacterial 

species were targeted by dPCR to determine their relative abundances per liter of the 

wastewater influent and full-scale AeMBR and lab-scale AnMBR effluents. The AeMBR 

sludge was also targeted due to the potential risk associated with disposal of the activated 

sludge (> 600 kg produced daily at the local wastewater treatment facility) while AnMBR 

sludge was not tested as anaerobic systems generally require little to no sludge wastage 

(SRT > 350 d). Pathogenic species abundances were expressed per g of activated sludge 

due to the microbial risks arising from sludge disposal occurring after dewatering. Based 

on the determined dPCR detection limit of 0.8 copies of gene target per µL of stock 

DNA, sample detection limits were 6 x 102, 1.5 x 101, and 6 x 101 copies per liter for 



   
 

 

137

influent, AeMBR effluent, and AnMBR effluent, respectively, after accounting for the 

extracted volumes of each sample type. The detection limit for AeMBR sludge was 1.6 

x102 copies per g.   

 

Primers targeting the ompA gene revealed that all wastewater influent (n = 8) and 

AeMBR activated sludge (n = 8) samples showed positive detection for A. baumannii at 

2.5 x 106 ± 1.9 x 106 copies/L and 3.6 x 105 ± 2.5 x 105 copies/g, respectively (Figure 

4.2B). The average for the AeMBR effluent samples that showed detection was 5.0 x 103 

± 1.2 x 103 copies/L (3 of 7). In the case of the AnMBR effluent, only 1 of 11 samples 

indicated the presence of A. baumannii at a concentration of 1.7 x 102 copies/L. For the 

effluent samples that showed positive detection of A. baumannii, estimated LRVs of 2.7 

and 4.2 were calculated for the AeMBR and AnMBR systems, respectively.  

 

Results revealed that P. aeruginosa was also present in all influent samples at 5.5 x 103 ± 

3.6 x 103 copies/L but was undetected in any AeMBR activated sludge samples (Figure 

4.2C). Despite not being present in the activated sludge, 4 of 7 AeMBR effluent samples 

indicated the presence of P. aeruginosa at an average regA gene concentration of 6.2 x 

102 ± 5.6 x 102 copies/L. 2 of the 11 AnMBR effluent samples also showed positive 

detection with an average concentration of 3.3 x 102. The LRV rates for the AeMBR and 

AnMBR effluent samples indicating P. aeruginosa presence were 1.0 and 1.2, 

respectively. 
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K. pneumoniae was similarly detected in all 8 influent samples at an average of 7.4 x 105 

± 4.7 x 105 copies/L (Figure 4.2D). This species was further identified in 5 of 8 AeMBR 

activated sludge samples at a phoE gene concentration of 9.7 x 104 ± 3.2 x 104 copies/g. 

Effluents of both the AeMBR and the AnMBR also showed positive detection for K. 

pneumoniae at 5.9 x 102 ± 6.4 x 100 (3 of 7) and 9.7 x 101 ± 2.0 x 101 (5 of 11), 

respectively. This resulted in LRVs of 3.1 and 3.9 for K. pneumoniae in the AeMBR and 

AnMBR systems, respectively.  

4.3.6. Quantitative microbial risk assessment (QMRA) 

QMRA was performed for A. baumannii, P. aeruginosa, and K. pneumoniae to determine 

exposure doses imposed by AeMBR and AnMBR effluents on agricultural workers 

during irrigation activities. Average exposure doses and annual risks were calculated 

based on 95% confidence intervals and are presented in Table 4.2. Full calculation results 

including point risk estimates and upper and lower interval bounds are provided in 

Appendix C. Exposure doses from irrigation with AeMBR effluent for A. baumannii, P. 

aeruginosa, and K. pneumoniae were determined to be 114, 18.8, and 13.5 cells/event, 

respectively. These point doses resulted in average annual risk estimates of 6.0 x 10-3, 1.9 

x 101, and 4.2 x 10-3, respectively (Table 4.2). In the case of the AnMBR effluent, event 

exposure doses were lower than that in AeMBR effluent and calculated to be 0.8, 3.2, and 

2.4 cells/event for A. baumannii, P. aeruginosa, and K. pneumoniae, respectively. This 

resulted in annual risk estimates of 4.3 x 10-5, 6.3 x 10-2, and 7.3 x 10-4, respectively.  
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Table 4.2. Average exposure dosage and annual risk of pathogenic species at a 95% 
confidence interval as determined by quantitative microbial risk assessment (QMRA) for 
irrigation exposure with influent and AeMBR and AnMBR effluents as well as AeMBR 
activated sludge dermal exposure and ingestion for land application/disposal activities.   

 

The potential risks associated with the disposal or land application of activated sludge 

produced by the AeMBR were also evaluated using QMRA for A. baumannii and K. 

pneumoniae based on their detection in activated sludge samples (Table 4.2). Exposure 

doses were calculated for both dermal exposure and accidental ingestion of sludge by 

workers or individuals present at disposal/land application sites and used to estimate the 

annual risks associated with each. Exposure doses from dermal contact during disposal of 

AeMBR dewatered activated sludge were calculated to be 377 and 63.2 cells/event for A. 

baumannii and K. pneumoniae, respectively. These exposure doses resulted in associated 

annual risk estimates of 5.0 x 10-3 and 4.9 x 10-3, respectively. Likewise, accidental 

ingestion doses of dewatered sludge during disposal were calculated for A. baumannii 

and K. pneumoniae as 1990 and 334 cells/event, respectively, resulting in respective 

annual risk estimates of 2.6 x 10-2 for both species.   

Exposure dose and 
annual risk of species 

Influent 
wastewater - 

exposure 

AeMBR 
effluent - 
exposure 

AnMBR 
effluent - 
exposure 

AeMBR 
sludge - 
exposure 

AeMBR 
sludge - 
ingestion 

A. baumannii exp. dose 1.3 x 105 1.1 x 102 8.1 x 10-1 3.8 x 102 2.0 x 103 
A. baumannii annual risk  1.0 x 100 6.0 x 10-3 4.3 x 10-5 5.0 x 10-3 2.6 x 10-2 
P. aeruginosa exp. dose 2.9 x 102 1.9 x 101 3.2 x 100 - - 
P. aeruginosa annual risk  1.0 x 100 3.2 x 10-1 6.3 x 10-2 - - 
K. pneumoniae exp. dose 3.9 x 104 1.4 x 101 2.4 x 100 6.3 x 101 3.3 x 102 
K. pneumoniae annu. risk  1.0 x 100 4.2 x 10-3 7.3 x 10-4 4.9 x 10-3 2.6 x 10-2 
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4.4. Discussion 

Both the full-scale AeMBR and lab-scale AnMBR exhibited stable performance 

throughout the duration of each system’s operation as well as differences in their 

respective nitrogen conversion rates. Overall microbial community structures of the 

effluents of each reactor were significantly different from influent wastewater microbial 

communities as well as from each other (Figure 4.3), implying that reactor type and water 

quality parameters can significantly affect effluent microbial community dynamics. The 

situational differences in the scale and operational conditions between the two systems 

could have also significantly affected their associated microbial communities. 

Nonetheless, a range of pathogen-associated bacterial genera were found in the effluents 

of both systems at varying removal rates based on average influent wastewater 

concentrations.  

 

These findings confirm those of previous studies which indicate that although MBRs 

provide higher microbial removal rates than conventional wastewater treatment systems, 

effluents still contain detectable levels of potentially harmful bacteria [4, 40, 41]. The 

presence of bacteria in MBR effluents is likely due to the fact that absolute pore sizes of 

membranes are larger than their nominal values, resulting in a lack of total removal based 

on size exclusion [42, 43]. Another factor affecting the passage of bacteria through MF 

membranes is their potential deformability under pressure filtration [44]. The 

transmission of these cells through the membranes used in the MBR process is 

problematic, especially because of the potential for regrowth in stored wastewater 

effluents [45]. The utilization of ultrafiltration (UF) or other higher rejection membranes 
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generally result in lower bacterial effluent concentrations, but the majority of MBR 

systems still employ MF type membranes due to their lower operational costs [46].  

 

Existing research on the bacterial removal capacities of MBRs using culture-based 

methods has indicated that overall LRVs of total coliforms, Escherichia coli, and 

Enterococcus are in the ranges of 5.5-6, 4.5-6, and 4.6-6.2, respectively [2, 3, 6, 47]. The 

AeMBR examined in this study showed removal rates that were in a similar range with a 

total bacterial LRV of 4.1 and at least six pathogen-associated genera with LRVs of ≥ 4.5 

(Table 4.1). Nonetheless, all 13 of the pathogen-associated genera present in the influent 

were also detected in the full-scale AeMBR effluent. LRVs ranged from as low as 2.7 

(Legionella) to as high as 5.6 (Arcobacter). System operating conditions and water 

quality parameters can potentially contribute to these differences. For example, the 

observed increase in nitrate concentration between influent to effluent samples could 

have favored denitrifying groups such as Pseudomonas [48] and contributed to their 

relatively lower LRVs (< 3.5).  

 

Pathogen-associated genera in post-AeMBR effluents are a source of risk that can be 

easily mitigated by subjecting the effluent to chlorine disinfection [49]. However, given 

the potential risks associated with disinfection byproducts, there has been recent interest 

in evaluating whether MBR effluents can be directly reused for irrigation and other 

applications [50]. As a result, the risks arising from pathogenic bacteria detected by 

dPCR to workers potentially irrigating with the full-scale AeMBR effluent were 

evaluated using QMRA. Results of this analysis showed that potential annual risks 
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associated with this activity were above 6.0 x 10-3 for A. baumannii, P. aeruginosa, and 

K. pneumoniae. These values were higher than the average acceptable annual risk of 

infection of 10-4 [39]. Similar to what has been previously determined for post-secondary 

treated effluent from a conventional wastewater treatment plant [51], the findings in this 

study suggest that despite passing through an MF membrane, post AeMBR effluent still 

requires disinfection prior to use for irrigation activities. An additional source of risk 

associated with irrigation use is that of ingestion of aerosolized pathogens. Although not 

quantified in this study’s assessment due to the high variability of factors affecting 

possibility of ingestion (i.e., irrigation system type, solar irradiation, wind speed and 

humidity) [52], this source of exposure could be significant for pathogens responsible for 

respiratory infections such as K. pneumoniae.   

 

Of the three specific pathogenic species targeted by dPCR, both A. baumannii and K. 

pneumoniae were found to be in relatively high abundance in the AeMBR activated 

sludge (Figures 4.2B and 4.2D). Conversely, P. aeruginosa, although present in both 

influent and effluent samples of the AeMBR, was not detected in the activated sludge. 

Previous studies have also found K. pneumoniae, but not P. aeruginosa, at high 

concentrations in activated sludge [53, 54]. These findings reiterate the need for an 

accurate evaluation of pathogen presence in activated sludge due to the environmental 

risks associated with sludge disposal and land application regulations [55, 56]. 

Furthermore, due to the wide range of sludge pretreatment practices employed worldwide 

[13], the risk of pathogen exposure during land application of untreated dewatered sludge 

remains of major concern. The present study evaluated the annual risk of infection by A. 
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baumannii and K. pneumoniae present in the full-scale AeMBR activated sludge in a 

dewatered state during sludge disposal/land application practices using QMRA. Results 

indicated that average annual risk by both dermal exposure and accidental ingestion were 

above 4 x 10-3 for both pathogenic species detected in the AeMBR sludge (Table 4.2), 

implying a significant potential health risk for workers and individuals exposed to 

dewatered sludge during disposal and land application activities. These results highlight 

the need for proper treatment of activated sludge prior to disposal (e.g. by anaerobic 

digestion) or by employing alternative technologies capable of sludge production 

minimization.     

 

One possible alternative approach is the use of AnMBRs for wastewater treatment due to 

their inherently low sludge production rates. A similar evaluation of LRVs to that which 

was conducted for the AeMBR was hence also performed for AnMBR effluent to 

determine if it would be suitable for direct reuse. A relatively smaller number of 

pathogen-associated genera were detected in the lab-scale AnMBR effluent compared to 

those in the wastewater influent (5 of 13). The LRVs of those genera, however, ranged 

from 1.7 (Stenotrophomonas) to 3.9 (Aeromonas), implying that the operating conditions 

and effluent parameters of the anaerobic system enrich for specific bacteria while 

removing others. Of the 5 pathogen-associated genera identified in the AnMBR effluent, 

those with the lowest LRVs (Acinetobacter, Pseudomonas, and Stenotrophomonas) have 

been previously determined to include high ammonia assimilating species [57, 58]. These 

groups were likely enriched for by the AnMBR’s limited nitrification capacity (Table 

C4). Furthermore, given that all of the genera found in the effluent except for 
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Acinetobacter are known to be either strictly or facultative anaerobic, the system’s anoxic 

conditions likely facilitated the survival of these bacteria. Acinetobacter, a strictly aerobic 

bacterium, has been known to exhibit rapid adaptability and survival in anaerobic 

conditions [59], which potentially allowed for its persistence through the AnMBR system 

while other aerobic genera were fully removed.  

 

Despite showing LRVs at the genus and family level in the range of 2.5-2.9 (Table 4.1), 

pathogenic species associated with Acinetobacter and Enterobacteriaceae (as detected by 

dPCR) showed higher removal in the AnMBR (LRVs of 4.2 and 3.9, respectively). These 

findings imply that although the effluent of the AnMBR likely enriched for several 

pathogen-associated genera, the abundances of their respective pathogenic species could 

be significantly lower. QMRA analysis of the AnMBR effluent for irrigation activities 

revealed that the annual risk of infection by A. baumannii was below the annual 

acceptable limit (4.3 x 10-5). Conversely, K. pneumoniae was slightly above that 

threshold (7.3 x 10-4), while the annual risk for infection by P. aeruginosa was 

determined to be more substantial (6.3 x 10-2). These results imply that, compared to 

AeMBR effluent, chlorination may be less crucial for the AnMBR effluent. This is useful 

for reducing the formation of disinfectant byproducts without significantly compromising 

associated microbial risks. However, for selected microbial groups (e.g. P. aeruginosa), 

additional process optimization measures or better management practices would be 

necessary to minimize occupational hazards and public health concerns.  
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One limitation of the present study, and DNA-based monitoring in general, is the 

potential for overestimation of bacterial abundance due to the presence of nonviable cells 

and/or extracellular DNA. There are steps, however, that can be taken to minimize the 

inclusion of DNA from these sources when preparing samples for extraction. For 

example, the material and pore size of the filters used in this study to retain bacterial cells 

for extraction have been previously shown to minimize the amount of extracellular DNA 

included [60]. Although the observed gene abundances of influent wastewater samples in 

the present study are similar to those observed in a previous study employing qPCR [61], 

there are other techniques that can be used to further improve the estimation of viable 

bacteria. For example, the coupling of propidium monoazide with qPCR has been used in 

various studies to determine the presence of presumably viable cells with intact 

membranes [62-64]. Nonetheless, when considering the use of molecular techniques for 

pathogen detection and risk estimation in lieu of culture-based methods, these 

inconsistencies and potential for overestimation of actual risks should be taken into 

account.  

 

Another important limitation is that this study cannot be considered a comparison of 

AeMBRs and AnMBRs for pathogen removal, but is rather a case study of two systems 

with vastly different operational parameters. Nonetheless, the conclusions drawn from 

this study regarding the lab-scale AnMBR and its removal capacity are relevant to 

evaluating it as an alternative municipal wastewater treatment system. The AnMBR was 

generally effective at removing the pathogenic species targeted by dPCR with only a 

small number of the total effluent samples showing positive detection and relatively 
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higher LRVs for those samples (Figure 4.2). Furthermore, the ability of anaerobic 

reactors to convert municipal waste to energy instead of sludge indicates that AnMBRs 

may be advantageous in addressing the microbial-based problems associated with 

wastewater treatment and sludge disposal. 

4.5. Conclusions 

Despite the inherent differences in scale and operational conditions between the two 

MBRs studied, specific removal rates of pathogens by MF-based MBRs can vary 

significantly between species regardless of the system employed. All of the pathogen-

associated genera detected in the influent were also identified in the full-scale AeMBR 

effluent with a wide range of LRVs. The AnMBR was generally effective at removing 

the pathogenic species targeted by dPCR with only a small number of effluent samples 

showing positive detection. Nonetheless, QMRA analysis showed that despite favorable 

removal rates, direct reuse of the MBR effluents could still pose a substantial risk to 

humans. Likewise, the activated sludge produced from the AeMBR plant introduces an 

additional risk arising from land application or disposal practices. These findings 

emphasize the necessity for a comprehensive understanding of pathogenic removal rates 

from influent, as well as pathogenic presence in sludge and effluents through molecular-

based approaches. 

  



   
 

 

147

 

4.6. Acknowledgements  

The research reported in this publication was supported by the KAUST Center 

Competitive Funding Program grant (FCC/1/1971-06-01) awarded to P-Y Hong. The 

authors would like to thank Mr. George Princeton Dunsford for access to the KAUST 

wastewater treatment plant and Dr. Muhammad Raihan Jumat for providing sampling 

assistance.  

 
 
 
  



   
 

 

148

4.7. References 

1. Li, D., Zeng, S., Gu, A.Z., He, M., Shi, H. 2013. Inactivation, reactivation and 
regrowth of indigenous bacteria in reclaimed water after chlorine disinfection of a 
municipal wastewater treatment plant. Journal of Environmental Sciences, 25(7), 
1319-1325. 

2. Zanetti, F., De Luca, G., Sacchetti, R. 2010. Performance of a full-scale 
membrane bioreactor system in treating municipal wastewater for reuse purposes. 
Bioresource technology, 101(10), 3768-3771. 

3. Ottoson, J., Hansen, A., Björlenius, B., Norder, H., Stenström, T. 2006. Removal 
of viruses, parasitic protozoa and microbial indicators in conventional and 
membrane processes in a wastewater pilot plant. Water Research, 40(7), 1449-
1457. 

4. Francy, D.S., Stelzer, E.A., Bushon, R.N., Brady, A.M., Williston, A.G., Riddell, 
K.R., Borchardt, M.A., Spencer, S.K., Gellner, T.M. 2012. Comparative 
effectiveness of membrane bioreactors, conventional secondary treatment, and 
chlorine and UV disinfection to remove microorganisms from municipal 
wastewaters. water research, 46(13), 4164-4178. 

5. Hai, F.I., Riley, T., Shawkat, S., Magram, S.F., Yamamoto, K. 2014. Removal of 
pathogens by membrane bioreactors: A review of the mechanisms, influencing 
factors and reduction in chemical disinfectant dosing. Water, 6(12), 3603-3630. 

6. van den Akker, B., Trinh, T., Coleman, H.M., Stuetz, R.M., Le-Clech, P., Khan, 
S.J. 2014. Validation of a full-scale membrane bioreactor and the impact of 
membrane cleaning on the removal of microbial indicators. Bioresource 
technology, 155, 432-437. 

7. Jong, J., Lee, J., Kim, J., Hyun, K., Hwang, T., Park, J., Choung, Y. 2010. The 
study of pathogenic microbial communities in graywater using membrane 
bioreactor. Desalination, 250(2), 568-572. 

8. Trinh, T., van den Akker, B., Coleman, H., Stuetz, R., Le-Clech, P., Khan, S. 
2012. Removal of endocrine disrupting chemicals and microbial indicators by a 
decentralised membrane bioreactor for water reuse. Journal of Water Reuse and 
Desalination, 2(2), 67-73. 

9. Richardson, S.D., Plewa, M.J., Wagner, E.D., Schoeny, R., DeMarini, D.M. 2007. 
Occurrence, genotoxicity, and carcinogenicity of regulated and emerging 
disinfection by-products in drinking water: a review and roadmap for research. 
Mutation Research/Reviews in Mutation Research, 636(1), 178-242. 

10. Krasner, S.W., Westerhoff, P., Chen, B., Rittmann, B.E., Amy, G. 2009. 
Occurrence of disinfection byproducts in United States wastewater treatment 
plant effluents. Environmental science & technology, 43(21), 8320-8325. 



   
 

 

149

11. Lewis, D.L., Gattie, D.K. 2002. Peer reviewed: Pathogen risks from applying 
sewage sludge to land. Environmental science & technology, 36(13), 286A-293A. 

12. Lowman, A., McDonald, M.A., Wing, S., Muhammad, N. 2013. Land application 
of treated sewage sludge: community health and environmental justice. 
Environmental Health Perspectives, 121(5), 537. 

13. Pérez-Elvira, S., Diez, P.N., Fdz-Polanco, F. 2006. Sludge minimisation 
technologies. Reviews in Environmental Science and Bio/Technology, 5(4), 375-
398. 

14. Jin, L., Zhang, G., Tian, H. 2014. Current state of sewage treatment in China. 
Water research, 66, 85-98. 

15. Smith, A.L., Stadler, L.B., Love, N.G., Skerlos, S.J., Raskin, L. 2012. 
Perspectives on anaerobic membrane bioreactor treatment of domestic 
wastewater: a critical review. Bioresource technology, 122, 149-159. 

16. Wong, K., Xagoraraki, I., Wallace, J., Bickert, W., Srinivasan, S., Rose, J.B. 
2009. Removal of viruses and indicators by anaerobic membrane bioreactor 
treating animal waste. Journal of environmental quality, 38(4), 1694-1699. 

17. Ellouze, M., Saddoud, A., Dhouib, A., Sayadi, S. 2009. Assessment of the impact 
of excessive chemical additions to municipal wastewaters and comparison of 
three technologies in the removal performance of pathogens and toxicity. 
Microbiological Research, 164(2), 138-148. 

18. Cai, L., Zhang, T. 2013. Detecting human bacterial pathogens in wastewater 
treatment plants by a high-throughput shotgun sequencing technique. 
Environmental science & technology, 47(10), 5433-5441. 

19. Cai, L., Ju, F., Zhang, T. 2014. Tracking human sewage microbiome in a 
municipal wastewater treatment plant. Applied microbiology and biotechnology, 
98(7), 3317-3326. 

20. Ye, L., Zhang, T. 2011. Pathogenic bacteria in sewage treatment plants as 
revealed by 454 pyrosequencing. Environmental science & technology, 45(17), 
7173-7179. 

21. Bian, X., Jing, F., Li, G., Fan, X., Jia, C., Zhou, H., Jin, Q., Zhao, J. 2015. A 
microfluidic droplet digital PCR for simultaneous detection of pathogenic 
Escherichia coli O157 and Listeria monocytogenes. Biosensors and 
Bioelectronics, 74, 770-777. 

22. Harb, M., Xiong, Y., Guest, J., Amy, G., Hong, P.-Y. 2015. Differences in 
microbial communities and performance between suspended and attached growth 
anaerobic membrane bioreactors treating synthetic municipal wastewater. 
Environmental Science: Water Research & Technology, 1(6), 800-813. 



   
 

 

150

23. Molbak, L., Sommer, H.M., Johnsen, K., Boye, M., Johansen, M., Moller, K., 
Leser, T. 2006. Freezing at-80^ oC Distorts the DNA Composition of Bacterial 
Communities in Intestinal Samples. Current issues in intestinal microbiology, 
7(1), 29. 

24. Hong, P.-Y., Wheeler, E., Cann, I.K., Mackie, R.I. 2011. Phylogenetic analysis of 
the fecal microbial community in herbivorous land and marine iguanas of the 
Galápagos Islands using 16S rRNA-based pyrosequencing. ISME J, 5(9), 1461-
1470. 

25. Stoddard, S.F., Smith, B.J., Hein, R., Roller, B.R., Schmidt, T.M. 2014. rrnDB: 
improved tools for interpreting rRNA gene abundance in bacteria and archaea and 
a new foundation for future development. Nucleic acids research, gku1201. 

26. McConnell, M.J., Pérez-Ordóñez, A., Pérez-Romero, P., Valencia, R., Lepe, J.A., 
Vázquez-Barba, I., Pachón, J. 2012. Quantitative real-time PCR for detection of 
Acinetobacter baumannii colonization in the hospital environment. Journal of 
clinical microbiology, 50(4), 1412-1414. 

27. Lee, D.-Y., Shannon, K., Beaudette, L.A. 2006. Detection of bacterial pathogens 
in municipal wastewater using an oligonucleotide microarray and real-time 
quantitative PCR. Journal of microbiological methods, 65(3), 453-467. 

28. Dahllöf, I., Baillie, H., Kjelleberg, S. 2000. rpoB-based microbial community 
analysis avoids limitations inherent in 16S rRNA gene intraspecies heterogeneity. 
Applied and environmental microbiology, 66(8), 3376-3380. 

29. Hedstrom, R., Funk, C., Kaper, J., Pavlovskis, O., Galloway, D. 1986. Cloning of 
a gene involved in regulation of exotoxin A expression in Pseudomonas 
aeruginosa. Infection and immunity, 51(1), 37-42. 

30. Fitch, W.M., Peterson, E.M., De la Maza, L. 1993. Phylogenetic analysis of the 
outer-membrane-protein genes of Chlamydiae, and its implication for vaccine 
development. Molecular biology and evolution, 10(4), 892-913. 

31. Martiny, A.C., Coleman, M.L., Chisholm, S.W. 2006. Phosphate acquisition 
genes in Prochlorococcus ecotypes: evidence for genome-wide adaptation. 
Proceedings of the National Academy of Sciences, 103(33), 12552-12557. 

32. Gerba, C.P., Choi, C.Y. 2006. Role of irrigation water in crop contamination by 
viruses. in: Viruses in foods, Springer, pp. 257-263. 

33. Harder, R., Heimersson, S., Svanström, M., Peters, G.M. 2014. Including 
pathogen risk in life cycle assessment of wastewater management. 1. Estimating 
the burden of disease associated with pathogens. Environmental science & 
technology, 48(16), 9438-9445. 



   
 

 

151

34. Blumenthal, U.J., Mara, D.D., Peasey, A., Ruiz-Palacios, G., Stott, R. 2000. 
Guidelines for the microbiological quality of treated wastewater used in 
agriculture: recommendations for revising WHO guidelines. Bulletin of the World 
Health Organization, 78(9), 1104-1116. 

35. USEPA. 2011. Exposure factors handbook. Office of Research and Development, 
Washington. 

36. López-Rojas, R., Domínguez-Herrera, J., McConnell, M.J., Docobo-Peréz, F., 
Smani, Y., Fernández-Reyes, M., Rivas, L., Pachón, J. 2011. Impaired virulence 
and in vivo fitness of colistin-resistant Acinetobacter baumannii. Journal of 
Infectious Diseases, 203(4), 545-548. 

37. Hazlett, L., Rosen, D., Berk, R. 1978. Age-related susceptibility to Pseudomonas 
aeruginosa ocular infections in mice. Infection and immunity, 20(1), 25-29. 

38. Domenico, P., Johanson, W., Straus, D. 1982. Lobar pneumonia in rats produced 
by clinical isolates of Klebsiella pneumoniae. Infection and immunity, 37(1), 327-
335. 

39. Smeets, P., Medema, G., Van Dijk, J. 2009. The Dutch secret: how to provide 
safe drinking water without chlorine in the Netherlands. Drinking Water 
Engineering and Science, 2(1), 1-14. 

40. Zhang, K., Farahbakhsh, K. 2007. Removal of native coliphages and coliform 
bacteria from municipal wastewater by various wastewater treatment processes: 
implications to water reuse. Water Research, 41(12), 2816-2824. 

41. Ghayeni, S.S., Beatson, P., Fane, A., Schneider, R. 1999. Bacterial passage 
through microfiltration membranes in wastewater applications. Journal of 
Membrane Science, 153(1), 71-82. 

42. Hirani, Z.M., DeCarolis, J.F., Adham, S.S., Jacangelo, J.G. 2010. Peak flux 
performance and microbial removal by selected membrane bioreactor systems. 
Water research, 44(8), 2431-2440. 

43. Arkhangelsky, E., Duek, A., Gitis, V. 2012. Maximal pore size in UF membranes. 
Journal of membrane science, 394, 89-97. 

44. Helling, A., Kubicka, A., Schaap, I.A., Polakovic, M., Hansmann, B., Thiess, H., 
Strube, J., Thom, V. 2017. Passage of soft pathogens through microfiltration 
membranes scales with transmembrane pressure. Journal of Membrane Science, 
522, 292-302. 

45. Giannakis, S., Darakas, E., Escalas-Canellas, A., Pulgarin, C. 2014. Elucidating 
bacterial regrowth: Effect of disinfection conditions in dark storage of solar 
treated secondary effluent. Journal of Photochemistry and Photobiology A: 
Chemistry, 290, 43-53. 



   
 

 

152

46. Arévalo, J., Ruiz, L., Parada-Albarracín, J., González-Pérez, D., Pérez, J., 
Moreno, B., Gómez, M. 2012. Wastewater reuse after treatment by MBR. 
Microfiltration or ultrafiltration? Desalination, 299, 22-27. 

47. Marti, E., Monclús, H., Jofre, J., Rodriguez-Roda, I., Comas, J., Balcázar, J.L. 
2011. Removal of microbial indicators from municipal wastewater by a 
membrane bioreactor (MBR). Bioresource technology, 102(8), 5004-5009. 

48. Carlson, C.A., Ingraham, J.L. 1983. Comparison of denitrification by 
Pseudomonas stutzeri, Pseudomonas aeruginosa, and Paracoccus denitrificans. 
Applied and Environmental Microbiology, 45(4), 1247-1253. 

49. Wisniewski, C. 2007. Membrane bioreactor for water reuse. Desalination, 203(1), 
15-19. 

50. Purnell, S., Ebdon, J., Buck, A., Tupper, M., Taylor, H. 2016. Removal of phages 
and viral pathogens in a full-scale MBR: Implications for wastewater reuse and 
potable water. Water research, 100, 20-27. 

51. Al-Jassim, N., Ansari, M.I., Harb, M., Hong, P.-Y. 2015. Removal of bacterial 
contaminants and antibiotic resistance genes by conventional wastewater 
treatment processes in Saudi Arabia: Is the treated wastewater safe to reuse for 
agricultural irrigation? Water research, 73, 277-290. 

52. Teltsch, B., Katzenelson, E. 1978. Airborne enteric bacteria and viruses from 
spray irrigation with wastewater. Applied and Environmental Microbiology, 
35(2), 290-296. 

53. Ju, F., Li, B., Ma, L., Wang, Y., Huang, D., Zhang, T. 2016. Antibiotic resistance 
genes and human bacterial pathogens: Co-occurrence, removal, and enrichment in 
municipal sewage sludge digesters. Water research, 91, 1-10. 

54. Dudley, D.J., Guentzel, M.N., Ibarra, M., Moore, B., Sagik, B. 1980. Enumeration 
of potentially pathogenic bacteria from sewage sludges. Applied and 
Environmental Microbiology, 39(1), 118-126. 

55. McCall, C.A., Jordan, K.S., Habash, M.B., Dunfield, K.E. 2015. Monitoring 
Bacteroides spp. markers, nutrients, metals and Escherichia coli in soil and 
leachate after land application of three types of municipal biosolids. Water 
research, 70, 255-265. 

56. Wéry, N., Lhoutellier, C., Ducray, F., Delgenès, J.-P., Godon, J.-J. 2008. 
Behaviour of pathogenic and indicator bacteria during urban wastewater treatment 
and sludge composting, as revealed by quantitative PCR. Water research, 42(1), 
53-62. 

57. Sasaki, H., Sasaki, T., Nakai, Y. 2005. Ammonia-Assimilating Microbes in the 
Animal Waste Treatment Systems. Journal of integrated field science, 2, 95-106. 



   
 

 

153

58. Sasaki, H., Yano, H., Sasaki, T., Nakai, Y. 2005. A survey of ammonia‐
assimilating micro‐organisms in cattle manure composting. Journal of applied 
microbiology, 99(6), 1356-1363. 

59. Zafiri, C., Kornaros, M., Lyberatos, G. 1999. Kinetic modelling of biological 
phosphorus removal with a pure culture of Acinetobacter sp. under aerobic, 
anaerobic and transient operating conditions. Water Research, 33(12), 2769-2788. 

60. Liang, Z., Keeley, A. 2013. Filtration recovery of extracellular DNA from 
environmental water samples. Environmental science & technology, 47(16), 
9324-9331. 

61. Shannon, K., Lee, D.-Y., Trevors, J., Beaudette, L. 2007. Application of real-time 
quantitative PCR for the detection of selected bacterial pathogens during 
municipal wastewater treatment. Science of the Total Environment, 382(1), 121-
129. 

62. van Frankenhuyzen, J.K., Trevors, J.T., Lee, H., Flemming, C.A., Habash, M.B. 
2011. Molecular pathogen detection in biosolids with a focus on quantitative PCR 
using propidium monoazide for viable cell enumeration. Journal of 
microbiological methods, 87(3), 263-272. 

63. Bae, S., Wuertz, S. 2009. Rapid decay of host-specific fecal Bacteroidales cells in 
seawater as measured by quantitative PCR with propidium monoazide. Water 
research, 43(19), 4850-4859. 

64. Taskin, B., Gozen, A.G., Duran, M. 2011. Selective quantification of viable 
Escherichia coli bacteria in biosolids by quantitative PCR with propidium 
monoazide modification. Applied and environmental microbiology, 77(13), 4329-
4335. 



 154

Chapter 5 

Conclusions 

  



   
 

 

155

5. Conclusions 

5.1. General Conclusions 

 
The introduction of membrane bioreactors (MBRs) for municipal wastewater treatment 

has served to mitigate issues faced by conventional wastewater treatment, such as sludge 

settleability and wastewater treatment plant footprint restrictions in urban areas. The 

future of wastewater treatment sustainability, however, hinges on two factors that the 

current state of aerobic MBR technology does not address, namely those of energy 

efficiency and effluent reusability. Recent research has shown that anaerobic MBRs 

(AnMBRs) could serve as a potentially effective means for addressing both of these 

sustainability-associated concerns [1]. This coupling of anaerobic processes with 

membrane-separation has allowed for the efficiency and water quality necessary for 

anaerobic digestion to become a viable mainline wastewater treatment option. As such, 

AnMBRs can reduce net energy consumption and increase energy recovery while also 

providing low particulate and nutrient rich effluents that are suitable for irrigation-based 

reuse. Nonetheless, several questions remain regarding how AnMBRs compare with 

other treatment technologies in terms of water quality and energy-associated operational 

parameters.  This dissertation was designed to address the aspects of those questions that 

are pertinent to the system’s microbial communities.  

 

Chapter 2 of this dissertation provided several definitive examples of the impact that 

reactor sludge variability can have on energy-associated performance of AnMBRs. The 

first example was the observation that reactor configuration and short-term operational 

conditions play an integral role in soluble microbial product (SMP) generation and 
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membrane fouling potential. Specifically, the role of proteinaceous SMP buildup on 

membrane surfaces and its correlation with fouling intensity implies that compounds of a 

size range much smaller than the pore sizes of MF membranes (~ 600 kDa) could play a 

key role in fouling. This observation reiterates the conclusions of previous studies which 

showed that reactor-produced SMPs play a direct role in trans-membrane pressure (TMP) 

increases in AnMBR systems [2, 3]. These findings underscore the importance of 

understanding SMP dynamics in reactor systems, as their effect on membrane fouling 

rates can be altered by system parameters such as reactor configuration, sludge stability 

and membrane type.  

 

The other aspect of energy-associated performance of AnMBRs addressed in Chapter 2 

was that of methane recovery. The results of this study showed that although effluent 

losses represented the largest fraction of unrecovered methane, the interactions of 

different keystone microbial groups also played a role in biogas composition and total 

methane yield. Furthermore, differences in the growth conditions of the attached- and 

suspended-biomass AnMBRs used in this study had a direct impact on the relative 

abundances of these microbial groups and their subsequent methane generation rate 

limitations. Generally, both of the aforementioned aspects of energy-associated 

performance were directly connected to the bacterial and archaeal dynamics of the 

anaerobic sludge of each system, implying that a more comprehensive understanding of 

microbial interactions in AnMBR systems would greatly benefit the optimization of their 

process efficiency.  
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The other focal point of this dissertation associated with wastewater treatment 

sustainability was that of effluent quality and reusability. Chapter 3 addresses this aspect 

by examining organic micro-pollutants (OMPs) in both aerobic and anaerobic MBR 

systems. Results of this study revealed that, although OMP removal rates varied between 

the two systems depending on the compound in question, the AnMBR showed a greater 

overall adaptability to biodegradation with time and with increasing OMP concentrations. 

This was exemplified by significant increases in the expression of biodegradation genes 

within the anaerobic system, especially those associated with the degradation of aromatic 

compounds. Examining antibiotic-type OMPs specifically, both trimethoprim and 

sulfamethoxazole exhibited superior removal within the AnMBR system. Likewise, their 

associated antibiotic resistance genes (ARGs) also showed significantly lower 

concentrations in the anaerobic reactor. These observations generally imply that AnMBR 

technology could potentially serve as a viable means for improving wastewater effluent 

reusability by reducing the risks associated with both OMP and ARG proliferation into 

the environment.   

 

Wastewater effluent reuse is also directly dependent on the risks associated with the 

presence of microbial pathogens. Although MBRs have been relatively well studied in 

terms of removal rates for indicator bacteria, data regarding the presence of specific 

unculturable bacterial pathogens in the effluents of these systems is essentially 

nonexistent. Chapter 4 of this dissertation was designed to provide a molecular-based 

assessment of how MBR technology affects the removal rates of specific pathogens by 

evaluating two different membrane-based wastewater treatment systems. The results of 
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this study revealed that pathogen-associated genera in both the full-scale aerobic MBR 

and the lab-scale anaerobic MBR exhibited high variability in their system removal rates. 

However, when specific bacterial species were assessed for their irrigation-associated 

microbial risks, the AnMBR system appeared to have an advantage in terms of overall 

risk reduction. The observed differences in this study may have been impacted by the 

nature of the anaerobic process through its effect on persistent microbial pathogens and 

the enrichment of certain bacterial populations due to its nutrient-rich effluent, leading to 

a selective exclusion of the monitored pathogens. These potential advantages in microbial 

risk reduction by AnMBRs are complimented by the fact that, unlike activated sludge-

based systems, AnMBRs generally require no sludge wasting, thus eliminating the 

necessity for sludge disposal practices and their associated human health risks.  

 

This dissertation was designed to advance the understanding of AnMBR technology and 

its applicability for sustainable wastewater treatment. The novelty of the approach 

utilized for this work was in its focus on the microbial communities of MBR systems and 

their dynamics. Overall, the results of the main chapters of this work showed several 

potential advantages to using membrane-coupled anaerobic digestion for the treatment of 

municipal wastewaters. These advantages serve as a promising basis for further pursuing 

the development of AnMBRs as a means for improving treatment process sustainability.  

5.2. Future Work 

Although the findings of this dissertation provide both useful and encouraging insight 

into the applicability of AnMBR systems for the sustainable treatment and reuse of 

municipal wastewater, a vast range of knowledge gaps still exist in essentially all aspects 
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of this emerging technology. These gaps include the understanding of membrane 

biofouling and pathways for its effective mitigation, practical methane recovery methods, 

and water quality and microbial safety of AnMBR effluents. In order for AnMBR 

technology to become a truly viable and implementable option for wastewater treatment, 

the aforementioned hurdles will need to be overcome. In the following, several of the key 

points of these knowledge limitations are addressed.  

 

Despite the merit of the SMP-associated observations of Chapter 2 and other related 

previous studies, existing literature has been generally inconsistent in terms of 

standardizing the protein- and carbohydrate-based detection of SMP and EPS in 

wastewater systems thus far [4, 5]. In order for membrane biofouling mitigation potential 

in AnMBRs to be fully realized in the future, a more comprehensive understanding of 

SMP dynamics and byproduct characterization will be necessary. Based on this 

understanding, a more specified approach to fouling control can be devised, specifically 

one that does not rely on energy-intensive gas sparging [6]. Notwithstanding, several 

recent studies have shown promise regarding the development of low-energy methods for 

fouling mitigation in AnMBRs. Those methods include approaches such as granular 

activated carbon (GAC)-based membrane scouring in fluidized bed AnMBRs [7], 

combination of the AnMBR with an anaerobic baffled reactor for non-turbulent fouling 

mitigation [8], and transverse membrane module vibration [9]. Nonetheless, additional 

research is still required before any of these methods can become a permanent model for 

long-term low-pressure membrane operation in AnMBRs, particularly considering the 
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results of Chapter 2 that demonstrated the effect that reactor configuration can have on 

microbial community dynamics.  

 

Biofouling, and biofilm formation in general, has traditionally been considered to be a 

primarily negative aspect of MBR operation [10, 11]. Despite this, the concept of a 

purely biofilm-based membrane-like filtration system has been around for at least the past 

15 years [12] and has since shown great promise as a low cost means of biomass 

separation. Additionally, recent research has shown that biofilm formation in MBRs can 

help to improve compound and colloid removal rates [13], suggesting a possible 

advantage to maintaining a biofilm presence on membranes. Furthermore, existing 

research, including this dissertation’s Chapter 2, has shown that these biofilms are 

capable of rejecting compounds several orders of magnitude smaller than their supporting 

membranes [14]. This increased rejection caused by membrane biofilms has also been 

shown to directly improve removal rates of emerging contaminants such as 

pharmaceutical compounds [15]. Notwithstanding the existing observations regarding 

biofilm-based rejection, there still remains legitimate uncertainty as to whether this 

phenomenon could become a realistic method for improving AnMBR effluent quality and 

reuse potential. Nonetheless, future investigations may yet reveal that a transformation in 

the approach to biofouling control practices could lead to biofilms playing a more 

positive role in membrane-based wastewater treatment.  

 

Recent literature has seen an increase in interest regarding the phenomena of effluent 

methane losses in AnMBR systems [16-18], as methane levels in effluent streams have 
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been observed to be up to four times the level of its saturation in water under certain 

conditions. The high density of anaerobic sludge in AnMBR systems likely contributes to 

these observed effluent concentrations by limiting the percentage of methane allowed to 

partition into the reactor headspace. Studies addressing this issue have also found that 

operational parameters such as organic loading rate (OLR) and hydraulic retention time 

(HRT) can affect the level of methane in AnMBR effluents, possibly due to system mass 

transfer limitations [16]. During the treatment of municipal wastewater, these parameters 

are governed by the low-strength nature of influent streams, leading to reduced OLRs and 

HRTs in wastewater treatment systems. Despite an emerging interest in research 

associated with effluent methane recovery [19], there still remains a strong need for the 

development and application of technologies (i.e. membrane contactors) that are capable 

of recovering this lost resource [20].  

 

Chapter 4 of this dissertation revealed that AnMBRs could potentially reduce the 

microbial risks associated with wastewater effluent reuse. The results of this study also 

showed that in order to achieve acceptable risk levels for the bacterial pathogens tested, a 

disinfection step would still be required. Despite the fact that chlorination is still a widely 

used method for wastewater treatment plant disinfection, the disinfection byproducts 

(DBPs) formed by this technique in wastewater effluents are still not fully understood 

[21]. One of the major classes of disinfection byproducts includes those that are formed 

by the interaction of chlorine with organic nitrogen (i.e., nitrogenous DBPs) [22]. This 

issue is amplified when considering disinfection options for AnMBR effluents, given 

their high ammonia and phosphate content. Although a wide range of alternative 
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disinfection options have been previously established (i.e. UV, ozone, tertiary filtration) 

[23, 24], there remains the potential to optimize AnMBR technology so as to reduce 

effluent microbial-associated risks without utilizing toxic disinfectants. In the future, 

combining the AnMBR with technologies such as microalgae-based photobioreactors or 

anammox processes prior to disinfection could also be a viable solution for polishing 

effluents to meet surface water discharge standards [25-27].  

 

Beyond the aforementioned potential areas of future work, there is an additional 

overarching capacity of AnMBR research that is also lacking in depth. Specifically, 

significant knowledge gaps still exist in the understanding of the microbial communities 

of AnMBR systems, despite their essential role in the anaerobic digestion process. At the 

time of the writing of this dissertation, there have been only a handful of studies 

addressing the microbial community dynamics of AnMBRs. In order for an anaerobic 

membrane-based technology to be successfully applied at full-scale for municipal 

wastewater, a more in-depth and comprehensive understanding of the microbial 

interactions in this type of system is needed. Although this dissertation has made 

significant contributions to the advancement of the required understanding, more research 

is still necessary to address both existing and emerging knowledge gaps.   
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Table A1. Composition of synthetic wastewater feed in mg/L. 
 
 
 
 
 
 
 
 
 
 
  
 

 
Table A2. Characteristics of MF membranes used in AnMBR biofouling experiments. 
 

 
 
 
 
 
 
 
 
 
 
 

Carbon source Nutrients and Iron Trace Metals 

Starch 238.1 Urea 179.0 Cr(NO3)3
.9H2O 1.50 

Milk Power  226.7 NH4Cl 24.88 CuCl2
.2H2O 1.05 

Yeast 101.9 MgHPO4
.3H2O 56.62 MnSO4

.H2O 0.21 

Peptone 33.97 KH2PO4 45.66 NiSO4
.6H2O 0.66 

Na-acetate.3H2O 256.9 FeSO4
.7H2O 11.32 PbCl2 0.20 

    ZnCl2 0.41 

 PVDF MF PES MF 
Rejection size (μm) 0.3 0.2 
Material (polymer) Polyvinylidene 

fluoride 
Polyethersulfone 

Surface roughness value (rms) 
- 3 x 3 μm Area  
- 30 x 30 μm Area  

 
94.5 
0.423 

 
38.1 
0.348 

Contact Angle  77° 32° 
Zeta Potential (mV) -18 +19 
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Figure A0. Schematic layout of the system setup used for both the upflow attached-
growth (UA) and continuously stirred tank (CSTR) reactors.  
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Figure A1. COD concentrations in AnMBR influent and effluents and removal 
efficiencies for (A) UA Run 1, (B) UA Run 2, (C) CSTR Run 1, and (D) CSTR Run 2.
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Figure A2. Transmembrane Flux and Transmembrane Pressure (TMP) across AnMBR 
PVDF and PES MF membranes for (A) UA Run 1, (B) UA Run 2, (C) CSTR Run 1, and 
(D) CSTR Run 2. 



   
 

 

172

 
Figure A3. Biogas volume and composition in AnMBRs for (A) UA Run 1, (B) UA Run 
2, (C) CSTR Run 1, and (D) CSTR Run 2.  
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Biogas Composition Calculations 
 
Assuming:  
Peptone = 100% Protein 
Starch = 100% Carbohydrate 
Milk Powder = 41.7% Carbohydrate, 29.7% Lipids, 28.6% Protein 
Yeast Extract = 46.1% Carbohydrate, 9.0% Lipids, 44.9% Protein 
 
Considering typical chemical formulas (Rittmann and McCarty, 2012) 
 
Carbohydrates:   C6H10O5      fs = 0.28  fe=0.72 
Proteins:   C16H24O5      fs = 0.08 fe=0.92 
Lipids:   C16H32O2      fs = 0.06 fe=0.94 
Acetate:   C2H4O2      fs = 0.11 fe=0.89 
 
and using: 
 
CwHxOyNz  +  aO2      bCO2  +  cH2O 
 
The overall synthetic wastewater composition (800 mg/L as COD) is calculated:  
 
50% Carbohydrate, 19% Protein, 10% Lipids, and 21% Acetate 
 
Based on the generalized stoichiometric equation and assuming fs + fe = 1 (Rittmann and 
McCarty, 2012, eqn. 13.5): 
 
CwHxOyNz  +  aH2O        bCH4  +  cCO2  +  dC5H7O2N  + eNH4  +  gHCO3

- 

 
For each M compound: 
     M CH4  M CO2 

Carbohydrates:      2.16   2.50    
Proteins:       7.60   3.35 
Lipids:       9.20   1.52 
Acetate:       0.89   0.93 
 
Therefore 0.815 M of CO2 will be produced for each 1 M of CH4 for this synthetic 
wastewater.  
 
Average biogas production from reactors (measured): 
 
    UA (mL/d)     CSTR (mL/d)   
Captured CH4    224    257 
Effluent CH4   59  (0.325 mL / 10 mL) 56 (0.311 mL / 10 mL) 
Captured CO2   25    7 
Effluent CO2   207   (1.15 mL / 10 mL) 202   (1.12 mL / 10 mL) 
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Based on the ideal gas law, total produced CH4 and CO2 could be determined: 
 
    UA     CSTR 
CH4    12.6 mM/d   14.0   mM/d 
CO2     10.3 mM/d    9.5   mM/d 
CO2/CH4   0.817     0.679  
CH4      0.202 g / d    0.224 g / d 
 
Theoretical methane production 
 
Maximum theoretical methane production was calculated based on: 
 
CH4  +  2O2      CO2  +  2H2O 
(16g) + (64g)   (44g) + (36g) 
 
0.25 g CH4 = 1 g COD 
Therefore ideally at STP, 1 g COD = 350 mL CH4.  
 
COD Converted to biomass 
 
Biomass wasted = 0.0235 g total per day (4 g/L average and SRT of 325-355 d)  
 
Average microorganism decay rate ba = 0.03 (Rittmann and McCarty, 2012) 
 
COD conv. to biomass = 1.42 g COD / g MLSS (Rittmann and McCarty, 2012) 
 
Generated biomass = 0.0235 g + 0.03 x 4 g/L x 2 L (reactor volume) = 0.264 g / d  
 
COD converted to biomass = COD biomass = 0.375 g COD / d  
 
Total COD Mass Balance 
 
COD influent = COD effluent + COD biomass + COD methane 

 
COD influent = 1.44 g COD / d 
 
UA COD effluent = 0.115 g COD / d  (92% average removal)  
CSTR COD effluent  = 0.086 g COD / d (94% average removal) 
 
UA COD methane = 1.44 - 0.115 - 0.375 = 0.950 g COD / d (theoretical) 
 
CSTR COD methane = 1.44 - 0.086 - 0.375 = 0.979 g COD / d (theoretical) 
 
UA COD methane  = 0.806 g COD (measured)   
CSTR COD methane  = 0.896 g COD / d (measured)  
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Table B1. Composition of synthetic wastewater in mg/L (800 mg/L COD, pH 7). 
 
 
 
 
 
 
 
 
 
 

  
Table B2. OMP compounds used in this study and their chemical properties. 

Carbon source Nutrients and Iron Trace Metals 
Starch 238.1 Urea 179.0 Cr(NO3)3

.9H2O 1.50 
Milk Power  226.7 NH4Cl 24.88 CuCl2

.2H2O 1.05 

Yeast 101.9 MgHPO4
.3H2O 56.62 MnSO4

.H2O 0.21 
Peptone 33.97 KH2PO4 45.66 NiSO4

.6H2O 0.66 
Na-acetate.3H2O 256.9 FeSO4

.7H2O 11.32 PbCl2 0.20 
    ZnCl2 0.41 

Compound  Classification  Formula  log 
Kow 

pKa MW  
(g/mol) 

Acetaminophen Analgesic C8H9NO2 0.46 9.38 151.16
Amitriptyline  Antidepressant C20H23N  4.92 9.40 277.41
Atenolol  Beta-blocker  C14H22N2O3  0.16 9.60 266.34
Atrazine  Pesticide  C8H14ClN5  2.61 1.70 215.68
Bezafibrate Fibrate C19H20ClNO4 4.25 3.61 361.83
Bisphenol A  EDS  (CH3)2C(C6H4OH)2  3.32 10.10 228.29
Caffeine  Stimulant  C8H10N4O2  -0.07 10.40 194.19
Carbamazepine  Anticonvulsant  C15H12N2O  2.45 14.00 236.28
Clofibric Acid Fibrate ClC6H4OC(CH3)2CO2H 2.57 3.18 214.65
DEET  Insect Repellent  CH3C6H4CON(C2H5)2  2.18 2.00 191.28
Diclofenac  Anti-inflammatory C14H11Cl2NO2  4.51 4.15 296.16
Dilantin  Anticonvulsants  C15H12N2O2  2.47 8.33 252.28
Diphenhydramine  Antihistamine  C17H21NO  3.27 8.98 255.36
Fluoxetine Antidepressant C17H18F3NO 4.05 10.05 309.33
Gemfibrozil Fibrate C15 H22 O3 4.77 4.70 250.34
Ibuprofen  Anti-inflammatory C13H18O2  3.97 4.91 206.29
Iopromide Contrast Medium C18H24I3N3O8 -2.05 10.2 791.12
Methylparaben Paraben C8H8O3 2.00 -- 152.15
Naproxen Anti-inflammatory C14H14O3 3.20 4.15 230.27
Oxybenzone Sunscreen C14H12O3 3.79 -- 228.25
Primidone  Anticonvulsant  C12H14N2O2  0.91 11.50 218.26
Propylparaben Paraben  C10H12O3 3.04 7.91 180.21
Sucralose Sweetener C12H19Cl3O8 -1.00 -- 397.64
Sulfamethoxazole  Antibiotic  C10H11N3O3S  0.89 5.60 253.28
TCEP Flame Retardant C6H12Cl3O4P 1.44 -- 285.49
TDCPP  Flame Retardant  C9H15Cl6O4P  3.65 -- 430.91
Trimethoprim  Antibiotic  C14H18N4O3  0.91 7.12 290.32



   
 

 

177

 
 
Figure B1. Schematic diagram of the aerobic reactor system used in Phase 1 (SBR) and 
Phase 2 (SBR-NF).  
 
 
 

 
 
Figure B2. Schematic diagram of the anaerobic reactor system used in Phase 1 (MBR) 
and Phase 2 (MBR-NF).  
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Figure B3. Chemical skeletal formulas for OMP compounds used in this study. 
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Figure B3. (continued) Chemical skeletal formulas for OMP compounds used in this 
study. 
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Figure B4. Relative abundances of syntrophic bacteria in anaerobic reactor system.  
 

 
Figure B5. Sulfamethoxazole and sul1 gene concentrations during Phase 1 of operation 
of Aerobic system. 
 

 
Figure B6. intl1 gene concentrations normalized against 16S rRNA gene in aerobic (left) 
and anaerobic (right) systems. 
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Figure B7. dfrA5 gene concentrations normalized against 16S rRNA gene in aerobic 
(left) and anaerobic (right) systems. 
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Determination of gene copy numbers by quantitative PCR (qPCR)  

DNA extracted from aerobic and anaerobic MBR sludge samples was quantified for copy 

number of various sulfamethoxazole and trimethoprim resistance genes, class 1 integrase 

genes and 16S rRNA genes. The copy numbers were determined by qPCR using primers 

designed in past studies. Primer sequences, amplification efficiencies, annealing 

temperatures and referenced studies are shown in Table B3. qPCR standards for the 

respective genes (i.e., sul1, sul2, dfrA5, dfrA14, intl1 and 16S rRNA genes) were 

prepared by cloning target gene amplicons into pGEM®-T easy vectors (Promega, 

Madison, WI, USA). Plasmids carrying the gene inserts were harvested from transformed 

cells using PureYieldTM Plasmid Miniprep System (Promega, Madison, WI, USA). The 

extracted plasmids were sequenced to verify the gene insertions (Table B4). Plasmid 

concentrations were quantified with Qubit dsDNA Broad Range assay (Invitrogen, 

Carlsbad, CA, USA), and measured for their copy numbers. Plasmid copy numbers per 

μL were calculated based on the concentration of extracted plasmid DNA and the known 

sizes of vector and insert. Plasmids were then individually diluted in series within the 

range of 1010 to 102 copies/µL to produce a 5-point qPCR standard curve for each of the 

tested genes. qPCR, following the relative standard curve method, was performed using 

Applied Biosystems® 7900HT Fast Real-Time PCR system with 96-well block modules 

(Thermo Fisher Scientific, Carlsbad, CA, USA) per manufacturer’s instructions. In brief, 

amplifications to obtain standard curves were performed in triplicate, while samples and 

no template controls (NTCs) were run in duplicate. All standard dilution series and NTCs 

were run alongside the samples in 96-well plates. Each reaction volume of 20 μL 

contained 10 µL of Applied Biosystems® Power SYBR® Green master mix (Thermo 
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Fisher Scientific, Carlsbad, CA, USA), 0.4 µL of each primer (10 µM), 1 µL of DNA 

template from each sample and 8.2 µL H2O. The reactions for amplification were carried 

out using the standard curve (AQ) assay and standard mode on Applied Biosystems ® 

SDS version 2.3 software (Thermo Fisher Scientific, Carlsbad, CA, USA). The thermal 

cycling protocol in the standard mode comprised of 1 cycle of 50 oC for 2 min, 1 cycle of 

95 oC for 10 min, 40 cycles of 95 oC for 15 min and 1 min at an annealing temperature of 

60 oC. Melting curve analysis was performed with a dissociation cycle that included an 

increment of temperature from 60 oC to 95 oC, at an interval of 0.5 oC for 5s. The 

quantification cycle (Cq) and dissociation curve were analyzed by the SDS version 2.3 

software. The Cq value was automatically defined by the software as the cycle number at 

which fluorescence passes the detection threshold.  Standard curve for each tested gene 

was obtained by plotting the Cq value for each dilution point against the log-transformed 

concentration of each dilution. The amplification efficiencies of the standards for 16S 

rRNA gene, sul1, sul2, dfrA5, dfrA14 and intl1 were 97.4%, 100.7%, 76.1%, 94.9%, 

87.6% and 96.8%, respectively. The R-squared values of the standards for 16S rRNA 

gene, sul1, sul2, dfrA5, dfrA14 and intl1 ranged from 0.97 to 0.99. Thereafter, the copy 

numbers of each tested gene in the samples were determined by fitting into the standard 

curve. All NTCs of sul1, sul2, dfrA5, dfrA14 and intl1 were negative with non-

determinable Cq values. Samples were deemed to be absent of sul1, sul2, dfrA5, dfrA14 

or intl1 genes if the Cq for the lowest detectable concentration of target genes in a sample 

was 35. All NTCs of reference 16S rRNA genes were negative with Cq values > 32. 

Therefore, samples were deemed to have non-detectable abundance of 16S rRNA genes 

and ignored if the Cq in a sample was > 29.  
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Table B3. Sequences of oligonucleotide primers used in this study. 

 
  

Primer 
Target 
Gene 

Sequence 

Standard curve 
equation 

Amplification 
efficiency, % 

Annealing 
Temp. (°C) 

Amplico
n Size 
(bp) 

Reference 

27-F 
16S rRNA 

AGAGTTTGATCCTGGCTCAG y = -3.38x + 40.1 
R2  = 0.99 

97.4% 
60 348 

[1] 

 
338-R GCTGCCTCCCGTAGGAGT [2] 

 
sulI-F 

sul1 
GACGAGATTGTGCGGTTCTT y = -3.30x + 39.5 

R2  = 0.99 
100.7% 

60 185 

[3] 

 
sulI-R GAGACCAATAGCGGAAGCC 

 
sulII-F 

sul2 
GACAGTTATCAACCCGCGAC 

y = -4.07x + 49.5 
R2  = 0.98 

76.1% 
60 147 

[3] 

sulII-R GTCTTGCACCGAATGCATAA 

 
dfrA5-F 

dfrA5 

AGCTACTCTTTAAAGCCTTGACG
TA 

y = -3.45x + 36.8 
R2  = 0.98 

94.9% 
60 341 

[4] 

 
dfrA5-R GTGTTGCTCAAAAACAACTTCG 

 
dfrA14-F 

dfrA14 
CTGCGAAAGCGAAAAACGGCG y = -3.66x + 40.1 

R2  = 0.97 
87.6% 

60 376 

[5] 

  dfrA14-R GGAATACTCGGGAAGAAAACA 

 intl1-F 
Intl1 

GCCTTGATGTTACCCGAGAG y = -3.40x + 43.0 
R2  = 0.975 

96.8% 
60 196 

[6] 

 Intl1-R GATCGGTCGAATGCGTGT 
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Table B4. Sequences of qPCR standards. Sequence region that is perfectly matched to the forward primer sequence is denoted in red. 
Sequence region that is perfectly matched to the reverse-complemented reverse primer sequence is denoted in blue.  
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

 
 
 
 

qPCR 
standard  

Sequence 

pGEM-sul1 GAGACCAATAGCGGAAGCCCCAACGCCGACTTCAGCTTTTGAAGGTTCGACAGCACGTGCAGCGAT
GTTTCCGGTGCGGGGCTCAAGAAAAATCCCATCCCCGGATCGAGGATGAGCCGGTCGGCAGCGACC
CCGCTCCGTCGCAAGGCGGAAACCCGCGCCTCGAAGAACCGCACAATCTCGTC 

pGEM-sul2 GACAGTTATCAACCCGCGACGCAAGCCTATGCCTTGTCGCGTGGTGTGGCCTATCTCAATGATATTCG
CGGTTTTCCAGACGCTGCGTTCTATCCGCAATTGGCGAAATCATCTGCCAAACTCGTCGTTATGCATT
CGGTGCAAGAC 

pGEM-dfrA5 CTACTCTTTAAAGCCTTGACGTACAATCAGTGGCTTCTGGTGGGTCGCAAGACGTTTGATCTATGGGC
GCACTCCCCAATAGGAAATACGCGGTCGTTACCCGCTCAGGTTGGACATCAAATGATGACAATGTAG
TTGTATTTCAGTCAATCGAAGAGGCCATGGACAGGCTAGCTGAATTCACCGGTCACGTTATAGTGTC
TGGTGGCGGAGAAATTTACCGAGAAACATTACCCATGGCCTCTACGCTCCACTTATCGACGATCGAC
ATCGAGCCAGAGGGGGATGTTTTCTTCCCGAGTATTCCAAATACCTTCGAAGTTGTTTTTGAGCAACA 

pGEM-dfrA14 CTGCGAAAGCGAAAAACGGCGTGATTGGTTGCGGTCCAGACATACCCTGGTCCGCGAAAGGGGAGC
AGCTACTTTTTAAAGCATTGACCTACAATCAGTGGCTTCTGGTGGGTCGCAAGACGTTTGAATCTATG
GGCGCACTCCCCAATAGGAAATACGCGGTCGTTACCCGCTCAGGTTGGACATCAAATGATGACAATG
TAGTTGTATTTCAGTCAATCGAAGAGGCCATGGACAGGCTAGCTGAATTCACCGGTCACGTTATAGT
GTCTGGTGGCGGAGAAATTTACCGAGAAACATTACCCATGGCCTCTACGCTCCACTTATCGACGATC
GACATCGAGCCAGAGGGGGATGTTTTCTTCCGAGTAT 

pGEM-16S AGAGTTTGATCCTGGCTCAGATTGAACGCTGGCGGCAGGCCTAACACATGCAAGTCGAACGGTAACA
GGAAGAAGCTTGCTTCTTTGCTGACGAGTGGCGGACGGGTGAGTAATGTCTGGGAAACTGCCTGATG
GAGGGGGATAACTACTGGAAACGGTAGCTAATACCGCATAACGTCGCAAGACCAAAGAGGGGGACC
TTCGGGCCTCTTGCCATCGGATGTGCCCAGATGGGATTAGCTAGTAGGTGGGGTAACGGCTCACCTA
GGCGACGATCCCTAGCTGGTCTGAGAGGATGACCAGCCACACTGGAACTGAGACACGGTCCAGACT
CCTACGGGAGGCAGC 
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Full-scale AeMBR WWTP operational conditions  

Total wastewater treated per day is 6700 m3. The anoxic tank is approximately 350 m3 in 

volume and the activated sludge constitutes a total volume of 1600 m3. Mixed liquor 

suspended solids (MLSS) concentration of the activated sludge is maintained at 

approximately 16 g/L. The membrane tank system is comprised of 4 equal volume 

membrane tanks, each of which has a total membrane surface area of 4000 m2. The 

treatment system’s overall HRT and sludge retention time (SRT) are 7 h and 40 d, 

respectively. Flat-sheet membrane cartridges by Kubota Membrane (Kubota Corporation, 

Osaka, Japan) are used in this MBR system. The cartridges contain microfiltration 

membranes with a nominal pore size of 0.4 μm and 0.8 m2 of effective surface area per 

cartridge. Membranes are operated at a flux of approximately 15.5 L/m2/h and a trans-

membrane pressure of below 20 kPa. The membranes have been in service for 6 years 

and are cleaned monthly using 5% ClO- solution. Samples were collected approximately 

once a month over a 10-month period at a minimum of one week after any membrane 

cleaning event. Influent samples were collected after the primary clarifier, effluent was 

collected at the membrane permeate discharge point, and activated sludge was collected 

from the aerobic tank.  

 

Lab-scale AnMBR operational conditions and sampling 

The lab-scale AnMBR used in this study was filled with cylindrical ceramic packing 

media (1.5 cm diameter and length). The system was maintained at a temperature of 35 

°C (mesophilic conditions). An external cross-flow flat sheet membrane module was used 

with a polyvinylidene difluoride (PVDF) microfiltration (MF) membrane. The PVDF 
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membrane used was a JX model MF PVDF (GE Osmonics, Minnetonka, MN, USA). 

Average pore size was 0.3 μm as determined by the manufacturer. The membrane module 

had an effective membrane surface area of 50 cm2 and was operated with a recirculation 

to permeate ratio of 600:1. Trans-membrane flux was maintained between 6 and 7 L/m2/h 

with an average hydraulic retention time (HRT) of 48 h. The membrane was not cleaned 

or replaced during operation and trans-membrane pressure (TMP) was below 50 kPa 

throughout. Biogas was used to scour the membrane surfaces continuously at a biogas to 

suspended sludge volume ratio of 1:4. Sludge was not wasted except as needed for 

sampling resulting in a sludge retention time (SRT) of 355 d. MLSS was not quantified 

for the suspended sludge of the AnMBR, as it was an attached-growth system and the 

majority of the anaerobic sludge was attached to the ceramic packing media and not in 

suspension. The AnMBR was fed with the same municipal wastewater reaching the full-

scale MBR (130-190 mg/L COD). The wastewater supplemented with synthetic organic 

media used previously [1] in order to maintain robust anaerobic MBR operational 

conditions. This resulted in a final influent COD of 1700-1850 mg/L COD and an organic 

loading rate of 0.75-0.85 g/L/d. The NH3 concentration was maintained at approximately 

304 mg/L (±250 mg/L NH3-N) so as to be proportionally representative of the final 

influent wastewater COD. Feed wastewater was stored at 4 °C and changed every 16 h to 

maintain microbial stability. The AnMBR was acclimated and run for several months 

prior to the commencement of sampling.  
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16S rRNA gene-based next generation sequencing 

515F (5’- Illumina overhang- GTG YCA GCM GCC GCG GTA A- 3’) and 907R (5’- 

Illumina overhang- CCC CGY CAA TTC MTT TRA GT- 3’) primers were modified to 

encode the overhang adaptor sequences, and used to amplify for the 16S rRNA genes. 

The thermal cycling program included an initial denaturation stage at 95 °C for 3 min, 25 

cycles of denaturation (95 °C for 30 s), annealing (55 °C for 30 s) and extension (72 °C 

for 30 s), and then a final extension stage at 72 °C for 5 min. PCR amplicons were 

purified by AMPure XP beads (Beckman Coulter, CA). Nextera XT Index (Illumina, San 

Diego, CA) was incorporated into each of the individual samples during PCR. The 

indexing thermal cycling program included an initial denaturation stage at 95 °C for 3 

min, 8 cycles of denaturation (95 °C for 30 s), annealing (55 °C for 30 s) and extension 

(72 °C for 30 s), and then a final extension stage at 72 °C for 5 min. The final indexed 

PCR amplicons were again purified by AMPure XP beads and quantified for the 

concentrations using an Invitrogen Qubit® 2.0 fluorometer. Controls for all PCR 

reactions were negative for amplification.  

 

Determination of bacterial species abundance by digital PCR (dPCR)  

The ClarityTM digital PCR system works with a fluorescently tagged probe as the basis 

for template quantification. Each PCR reaction mix volume is partitioned into 10000 sub-

reactions on a high-density chip using the ClarityTM Auto-Loader and the ClarityTM 

Sealing Enhancer. Each partitioned reaction is then subjected to thermal cycling, after 

which the fluorescence from each partition is detected by the ClarityTM Reader. Based on 

the appropriate dilution of DNA template samples, each partition should contain a 
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maximum of one DNA molecule. Partitions with the target template DNA would be 

amplified, yielding a positive fluorescence signal that would differentiate against 

partitions without the target template DNA. By counting the number of positive 

fluorescence signals, the concentration of the target template DNA can be calculated. To 

account for the possibility of multiple DNA molecules being present in one partition, 

values were adjusted based on a Poisson distribution equation previously described [2].  

 

All samples and no template controls (NTCs) were run in duplicate. All NTCs were run 

alongside the samples in each PCR and reading sequence. Each reaction volume of 15 μL 

contained 7.5 µL of Biotium® EvaGreen® Master Mix (Biotium Inc., Hayward, CA, 

USA), 0.75 μL of JN Solution (JN Medsys), 0.1 µL of each primer (10 µM), 3 µL of 

DNA template from each sample and 3.55 µL H2O. The thermal cycling protocol in the 

standard mode comprised of 1 cycle of 96 oC for 5 min, 40 cycles of 96 oC for 50 sec and 

59 oC for 1 min 30 sec, and post-PCR hold temperature of 28 oC. Positive reads were 

determined as a fraction of the total loaded partitions and used to calculate the DNA copy 

concentration per volume of PCR mix. Relative gene abundances were then normalized 

per liter of sample based on the original extracted volume of each sample and the volume 

eluted during DNA extraction. All NTCs of targeted ompA, phoE, regA, and rpoB genes 

were negative with less than two positive reads (<0.80 copies per µL) partition chip.  

 

To determine the sensitivity of the platform, standard dilutions of known concentrations 

of each gene target were also run using PCR standards created by cloning the target gene 

into pCR®2.1-TOPO vectors (Invitrogen, Inc., Carlsbad, CA, USA) using protocols 
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described previously [3]. Standards were created at dilutions of 104, 103, 102, and 101 for 

each gene target. Standard dilutions were reproducibly distinguishable against 

background noise and false positives for all genes at levels as low as 2 copies per µL of 

stock DNA. Standard curves based on the above serial dilution factors and the calculated 

known DNA concentrations as measured by a Qubit 2.0 fluorometer (Thermo Fisher 

Scientific, Carlsbad, CA) were used to compare the expected copies per µL against the 

detected copies per µL for target genes (R2 > 0.99). The detected copies and actual copies 

spiked in each standard were plotted (Figure C3) and used to determine separation along 

the x-axis. Therefore, x-intercepts represent the difference between the known DNA 

concentrations of each gene and the readings obtained by dPCR for each primer. 

Adjustments based on each gene’s intercept separation values were therefore made by 

multiplying the readings obtained by dPCR by their respective x-intercepts so as to obtain 

the actual concentrations of each gene (Figure C3).  

 

Quantitative microbial risk assessment (QMRA): Explanation of the QMRA 

calculations conducted for Acinetobacter baumannii, Pseudomonas aeruginosa, and 

Klebsiella pneumoniae are based on typical irrigation practices, sludge production and 

disposal values for the local MBR wastewater treatment plant, and the USEPA exposure 

factors handbook [4]. For irrigation-based exposure to the MBR effluents, 33% of the 

total 15310 cm2 body surface area was assumed to be exposed. 0.146 mL/cm2 aqueous 

particles were assumed to adhere to the exposed body surface. An irrigation frequency of 

4 days per week with 20-minute irrigation per event and 180 mL per m2 of land were also 

assumed. In the case of land application of dewatered activated sludge, a sludge disposal 
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mass of 4200 kg per event, 0.1 mg of adhered sludge per kg disposed, and land 

application activity duration of 2 h per week were assumed. Dose exposures of hands, 

face, arms and feet were calculated based on surface area and dermal adherence USEPA 

values. Ingestion values were based on a hand to eye/lip/nostril contact frequency value 

of 15.7.  An assumed 2.0 x 10-6 probability of transmission of bacteria to host was used 

[5] for all three pathogenic species assessed.  

  



   

 

194

 

Parameters for irrigation Annotation Assumed value Ref. 
Area of land occupied by 
farmer during irrigation (m2) 

A 10  

Water usage (ml/min/m2) B 180 
Irrigation frequency (days per 
week) 

C 4 

Duration of irrigation 
(min/event) 

D 20 

Fraction of total body surface 
area exposed  

E 0.33 [4] 

Total body surface area (cm2) F 15310 
Liquid volume adhered onto 
exposed skin (ml/cm2) 

G 0.14635 

Transmission probability of 
bacterium to host 

H 2.00 x 10-6 [5] 

 

Parameters for sludge 
exposure 

Annotation Assumed value Ref. 

Sludge disposal mass 
(kg/week) 

I 4200  

Sludge contacted per disposal 
by worker (mg/kg) 

J 0.1 

Exposure activity (h/week) K 2 
Skin exposure – Hands (mg/h) L 208.9 [4] 
Skin exposure – Arms (mg/h) M 151.2 
Skin exposure – Face (mg/h) N 36.9 
Skin exposure – Feet (mg/h) O 224.3 
Hand – eye/lip/nostril contact 
(times/h) 

P 15.7 

Transmission probability of 
bacterium to host 

Q 2.00 x 10-6 [5] 
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P. aeruginosa 
Parameters 

Annotation Type of wastewater Ref. 
AeMBR 
Effluent 

AnMBR 
Effluent 

Activated 
Sludge 

Average cell numbers 
of P. aeruginosa per 
mL (or mg)  

R 0.617 0.334 -  

Occurrence rate 
fraction of P. 
aeruginosa in all 
samples 

S 0.57 0.19 - 

Exposure dose (cells/event), X  
= A * B * D * E* F * G * H * R * S 

18.8 3.23 - 

LD50 (CFU) 6.61 x 103 [7] 
k (exponential model) 1.05 x 10-4 
Point estimate of risk =  
1 – exp (-k * exposed dose)  

1.97 x 10-3 3.39 x 10-4 -  

Annual risk =  
1- (1-point estimate)^(C * number 
of weeks * number of months) 

3.15 x 10-1 6.30 x 10-2 - 

 

 

A. baumannii Parameters Annotation Type of wastewater Ref. 
AeMBR 
Effluent 

AnMBR 
Effluent 

Activated 
Sludge 

Average cell numbers of A. 
baumannii per mL (or mg)  

R 4.99 0.167 361  

Occurrence rate fraction of 
A. baumannii in all samples 

S 0.43 0.09 1 

Irrigation exposure dose (cells/event), X  
= A * B * C * D * E* F * G * H * R * S  

114 0.808 - 

Sludge exposure dose (cells/event), X  
=  I * J * K * (L + M + N + O) * Q * R * S 

- - 376 

Sludge ingestion dose (cells/event), X  
=  I * J * K * L * P * Q * R * S 

- - 1989 

LD50 (CFU) 2.51 x 106 [6] 
k (exponential model) 2.76 x 10-7 
Point estimate of risk = 1 – exp (-k *exp. dose) 3.14 x 10-5 2.23 x 10-7 1.04 x 10-4  

 Point estimate of risk = 1 – exp (-k *inj. dose)  5.49 x 10-4 
Annual risk exposure =  
1- (1-point estimate)^(C * number of weeks * 
number of months) 

6.02 x 10-3 4.29 x 10-5 4.98 x 10-3 

2.60 x 10-2 
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K. pneumoniae Parameters Annotation Type of wastewater Ref. 
AeMBR 
Effluent 

AnMBR 
Effluent 

Activated 
Sludge 

Average cell numbers of K. 
pneumoniae per mL (or g)  

R 0.591 0.0970 96.9  

Occurrence rate fraction of 
K. pneumoniae in all 
samples 

S 0.43 0.45 0.63 

Irrigation exposure dose (cells/event), X  
= A * B * C * D * E* F * G * H * R * S  

13.5 2.35 - 

Sludge exposure dose (cells/event), X  
=  I * J * K * (L + M + N + O) * Q * R * S 

- - 63.2 

Sludge ingestion dose (cells/event), X  
=  I * J * K * L * P * Q * R * S 

- - 334 

LD50 (CFU) 4.29 x 105 [8] 
k (exponential model) 1.62 x 10-6 
Point estimate of risk = 1 – exp (-k *exp. dose) 2.18 x 10-5 3.79 x 10-6 1.02 x 10-4  

 Point estimate of risk = 1 – exp (-k *inj. dose)  5.39 x 10-4  
Annual risk exposure =  
1- (1-point estimate)^(C * number of weeks * 
number of months) 

4.17 x 10-3 7.28 x 10-4 4.89 x 10-3 

2.55 x 10-2 

Irrigation risk bounds 
Median, upper and lower 

AeMBR Effluent - exposure AnMBR Effluent - exposure 
Med. Upper Lower Med. Upper Lower 

A. baumannii exp. dose 1.14 x 102 1.71 x 102 7.59 x 101 8.08 x 10-1 1.21 x 100 5.40 x 10-1

A. baumannii point risk  3.14 x 10-5 9.43 x 10-5 1.05 x 10-5 2.23 x 10-7 6.70 x 10-7 7.44 x 10-8

A. baumannii annual risk  6.02 x 10-3 1.79 x 10-2 2.01 x 10-3 4.29 x 10-5 1.29 x 10-4 1.43 x 10-5

P. aeruginosa exp. dose 1.88 x 101 2.82 x 101 1.25 x 101 3.23 x 100 4.85 x 100 2.16 x 100 
P. aeruginosa point risk  1.97 x 10-3 5.89 x 10-3 6.56 x 10-4 3.39 x 10-4 1.02 x 10-3 1.13 x 10-4

P. aeruginosa annual risk  3.15 x 10-1 6.78 x 10-1 1.18 x 10-1 6.30 x 10-2 1.77 x 10-1 2.15 x 10-2

K. pneumoniae exp. dose 1.35 x 101 2.02 x 101 8.99 x 100 2.35 x 100 3.52 x 100 1.56 x 100 
K. pneumoniae point risk  2.18 x 10-5 6.54 x 10-5 7.26 x 10-6 3.79 x 10-6 1.14 x 10-5 1.26 x 10-6

K. pneumoniae annu. risk  4.17 x 10-3 1.25 x 10-2 1.39 x 10-3 7.28 x 10-4 2.18 x 10-3 2.43 x 10-4
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Sludge risk bounds 
Median, upper and lower 

AeMBR sludge risk - exposure AeMBR sludge risk - ingestion 
Med. Upper Lower Med. Upper Lower 

A. baumannii exp. dose 3.77 x 102 5.65 x 102 2.51 x 102 1.99 x 103 2.98 x 103 1.33 x 103 
A. baumannii point risk  1.04 x 10-4 3.12 x 10-4 3.47 x 10-5 5.49 x 10-4 1.64 x 10-3 1.83 x 10-4

A. baumannii annual risk  4.98 x 10-3 1.48 x 10-2 1.66 x 10-3 2.60 x 10-2 7.60 x 10-2 8.75 x 10-3

K. pneumoniae exp. dose 6.32 x 101 9.48 x 101 4.21 x 101 3.34 x 102 5.01 x 102 2.23 x 102 
K. pneumoniae point risk  1.02 x 10-4 3.06 x 10-4 3.40 x 10-5 5.39 x 10-4 1.61 x 10-3 1.79 x 10-4

K. pneumoniae annu. risk  4.89 x 10-3 1.46 x 10-2 1.63 x 10-3 2.55 x 10-2 7.47 x 10-2 8.59 x 10-3



   

 

198

 

References 
 
 
1. Harb, M., Xiong, Y., Guest, J., Amy, G., Hong, P.-Y. 2015. Differences in 

microbial communities and performance between suspended and attached growth 
anaerobic membrane bioreactors treating synthetic municipal wastewater. 
Environmental Science: Water Research & Technology, 1(6), 800-813. 

2. Pinheiro, L.B., Coleman, V.A., Hindson, C.M., Herrmann, J., Hindson, B.J., Bhat, 
S., Emslie, K.R. 2011. Evaluation of a droplet digital polymerase chain reaction 
format for DNA copy number quantification. Analytical chemistry, 84(2), 1003-
1011. 

3. Ansari, M.I., Harb, M., Jones, B., Hong, P.-Y. 2015. Molecular-based approaches 
to characterize coastal microbial community and their potential relation to the 
trophic state of Red Sea. Scientific reports, 5. 

4. USEPA. 2011. Exposure Factors Handbook 2011 (Ed.) USEPA. Washington, DC. 

5. Gerba, C.P., Choi, C.Y. 2006. Role of irrigation water in crop contamination by 
viruses. in: Viruses in Foods, (Ed.) S.M. Goyal, Springer, pp. 345. 

6. López-Rojas, R., Domínguez-Herrera, J., McConnell, M.J., Docobo-Peréz, F., 
Smani, Y., Fernández-Reyes, M., Rivas, L., Pachón, J. 2011. Impaired virulence 
and in vivo fitness of colistin-resistant Acinetobacter baumannii. Journal of 
Infectious Diseases, 203(4), 545-548. 

7. Hazlett, L.D., Rosen, D.D., Berk, R.S. 1978. Age-Related Susceptibility to 
Pseudomonas-Aeruginosa Ocular Infections in Mice. Infection and Immunity, 
20(1), 25-29. 

8. Domenico, P., Johanson, W., Straus, D. 1982. Lobar pneumonia in rats produced 
by clinical isolates of Klebsiella pneumoniae. Infection and immunity, 37(1), 327-
335. 

 



   

 

199

Table C1. Sequences of oligonucleotide primers used in this study.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

 
References 
 
1. McConnell, M.J., Pérez-Ordóñez, A., Pérez-Romero, P., Valencia, R., Lepe, J.A., Vázquez-Barba, I., Pachón, J. 2012. 

Quantitative real-time PCR for detection of Acinetobacter baumannii colonization in the hospital environment. Journal of 
clinical microbiology, 50(4), 1412-1414. 

2. Lee, D.-Y., Shannon, K., Beaudette, L.A. 2006. Detection of bacterial pathogens in municipal wastewater using an 
oligonucleotide microarray and real-time quantitative PCR. Journal of microbiological methods, 65(3), 453-467. 

3. Dahllöf, I., Baillie, H., Kjelleberg, S. 2000. rpoB-based microbial community analysis avoids limitations inherent in 16S rRNA 
gene intraspecies heterogeneity. Applied and environmental microbiology, 66(8), 3376-3380. 

Primer 
Target 
Gene 

Sequence (5’ – 3’) 
Targeted 
Bacterial 
Species 

Targeted 
Gene 

Function 

Reference 

 
OmpA-F 

ompA 
TCTTGGTGGTCACTTGAAGC 

Acinetobacter 
baumannii 

Outer 
membrane 
protein A 

[1] 

 
OmpA-R ACTCTTGTGGTTGTGGAGCA 

 
Kpneu-F 

phoE 
CCTGGATCTGACCCTGCAGTA 

Klebsiella 
pneumoniae 

Outer 
membrane 
phosphate 

porin 

[2] 

 
Kpneu-R GAAACAGAACGGCGACGG 

 
Paer-F 

regA 
TGCTGGTGGCACAGGACAT 

Pseudomonas 
aeruginosa 

Toxin A 
synthesis 

[2] 

 
Paer-R TTGTTGGTGCAGTTCCTCATTG 

 rpoB-F 
rpoB 

AACATCGGTTTGATCAAC 
All Bacteria 

RNA 
polymerase 
beta subunit 

[3] 

 rpoB-R CGTTGCATGTTGGTACCCAT 
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Table C2. Composition of synthetic wastewater added to influent in mg/L (1600 mg/L 
COD, pH 7). 

 
Table C3. Influent and effluent water quality parameters of full-scale AeMBR samples. 
 

 
 
Table C4. Influent and effluent water quality parameters and biogas production of 
AnMBR. 

Carbon source Nutrients and Iron Trace Metals 
Starch 476.2 Urea 358.0 Cr(NO3)3

.9H2O 3.0 
Milk Power  453.4 NH4Cl 49.76 CuCl2

.2H2O 2.10 

Yeast 203.8 MgHPO4
.3H2O 113.24 MnSO4

.H2O 0.42 
Peptone 67.94 KH2PO4 91.32 NiSO4

.6H2O 1.33 
Na-acetate.3H2O 513.8 FeSO4

.7H2O 22.64 PbCl2 0.40 
    ZnCl2 0.82 

 Inf. COD 
(mg/L) 

Eff. COD 
(mg/L) 

Inf. 
NH4-N 
(mg/L) 

Eff. 
NH4-N
(mg/L)

Inf. 
NO2-N
(mg/L)

Eff. 
NO2-N 
(mg/L) 

Inf. 
NO3-N 
(mg/L) 

Eff. 
NO3-N 
(mg/L) 

8-Aug-15 172 <10 9 0 4.7 0 1.55 17.4 

22-Oct-15 161 <10 12.8 0.1 0.09 0 0 16.7 

23-Nov-15 129 <10 9.4 0 2.5 0 0.71 10.9 

27-Dec-15 145 <10 15.6 0 0.35 0 0 14.4 

26-Jan-16 202 <10 13 0 0 0 0 16.8 

Average 162±27.7 <10 12.0±2.8
0.02± 
0.04 

1.5± 
2.1 0 

0.45± 
0.69 15.2±2.7

 Inf. 
COD 
(mg/L) 

Eff. 
COD 
(mg/L) 

Inf. 
NH4-N 
(mg/L) 

Eff. 
NH4-N 
(mg/L) 

CH4 in 
biogas 
(%) 

CH4 total 
(mL CH4 
/ g COD) 

14-Jul-15 1851 28 255 240 72.5 253 
1-Oct-15 1798 89 248 238 75 248 

5-Nov-15 1739 46 254 247 78 231 
10-Dec-15 1768 77 250 241 71.4 232 
Average 1789±48 60±28 252±3.3 242±3.9 74.2±2.9 241±12 
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Figure C1. Calculation of detected copy numbers per µL versus expected for known 
dilutions of ompA, regA, and phoE genes. 
 
 


